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ABSTRACT: In this paper, we used Green-Ampt and Parlange models to simulate infil-
tration responses for five different typical European top soils. Different rainfall distribu-
tion types and surface storage capacity, with the same cumulative rainfall amount and 
rainfall interval were used to design four scenarios for simulating heavy rainfall condition 
in case 1. While nine scenarios were designed by different ponding depths and different 
functions of ponding depth with time, to simulate ponding condition in case 2. Numeri-
cal experiments showed that the sequence of soil infiltration capacity is coarse > fine > 
very fine > medium > medium fine, consistent to the sequence of soil saturated hydraulic 
conductivity Ks. Other variables, such as cumulative infiltration, runoff and the time when 
runoff occurs are also affected by Ks, soil water retention curve, and surface storage 
capacity. The parameters of soil water retention curve are the next most important fac-
tor. And more, hs is also important for Green-Ampt model. Surface storage capacity can 
not only reduce the runoff but also lag the time of runoff occurrence. Reponses under 
different rainfall conditions vary largely, so exterior conditions should be paid more at-
tentions when using Green-Ampt model. However, responses under different ponding 
distribution vary less. Thus, if ponding depth distribution is complex, constant ponding 
distribution type can be assumed for simplifying when Parlange model is used.

INTRODUCTION

MANY infiltration models have been proposed and 
developed through the past century, and these 

models can be categorized as empirical and theoret-
ical-based models [1]. The empirical models usually 
have a simple form, and their parameters are derived 
by curve fitting of the equation to measurements of cu-
mulative infiltration [1]. There are some widely-used 
empirical models, such as Kostiakov model [2], Kos-
tiakov-Lewis model [3], and Horton model [4]. Com-
pared with the numerical calculation of Richards equa-
tion, theoretical-based models are more convenient to 
be used [5]. Parameters of theoretical-based models 
can be obtained from soil properties, such as soil hy-
draulic conductivity, soil diffusivity, soil porosity, soil 
water pressure head and soil water content [1]. Thus, 
scientists have paid more attention to introducing and 
developing theoretical-based models.

Philip model [6] is based on a semi-analytical so-
lution of Richards equation. The research [7] showed 
that this model was available for constant ponding 
head conditions. Mollerup and Hansen [8] introduced a 

power series solution to apply for falling ponding head 
infiltration with evaporation, and more generally, for 
variable ponding head infiltration [9]. The cumulative 
infiltration model, proposed by Parlange et al. [10] can 
be used as an infiltration model with variable ponding 
head conditions. 

Another widely-used theoretical-based model is 
Green-Ampt model [11,12]. Many research of this 
model have been conducted for application in uniform 
[13,14,15] and layered soils [16,17], under unsteady 
rainfall conditions [18], and in irrigated systems [17]. 
Based on the Green-Ampt model, an algorithm was de-
veloped for determining the ponding condition, simu-
lating infiltration into layered soil profile of arbitrary 
initial soil water distribution under unsteady rainfall, 
and partitioning the rainfall into infiltration, surface 
runoff and surface storage [19]. The Green-Ampt 
model was also used as a module in a GIS-based urban 
flood inundation model (GUFIM) [20], WEPP [21], 
ANSWERS [22] and SWAT [23].

Although many applications and parameter sensi-
tivity analysis were conducted for infiltration models, 
exterior condition, which is of great importance for 
model input, has not been considered and studied. Dif-
ferent rainfall distribution with time can cause differ-
ent infiltration input of prescribed time interval. Many *Author to whom correspondence should be addressed.  
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models, such as WEPP, ANSWERS and SWAT, usu-
ally consider a constant rainfall distribution type with 
long time interval. For small rainfall intensity, it is 
reasonable, while for heavy rainfall intensity, it is not. 
Ponding depth distribution with time is very important 
for the input of infiltration models as well. Infiltration 
responses for different soils under different ponding 
depth distribution with time are still unknown, which 
is an obstacle for their usage as a module in the agro-
hydrological models.

As discussed above, the algorithm of Green-Ampt 
model by Chu and Mariño [19] could simulate infiltra-
tion into layered soil profile of arbitrary initial soil wa-
ter distribution under unsteady rainfall. As for the in-
filtration modeling under ponding conditions, Parlange 
model is easier to be used, thanks for the MATLAB 
solver [9]. And more, simulation results by Parlange 
model are more approaching to those by FEM and 
Philip’s model [9]. Thus, these two models are poten-
tial module choices for the development of the agro-
hydrological models. 

In this paper, we explore different aspects of infil-
tration response based on the two infiltration models 
under different exterior conditions by numerical simu-
lation. Here, we select five top soils for the numerical 
experiments [24] from Database of HYdraulic PRoper-
ties of European Soils, and four scenarios under vary-
ing rainfall and nine scenarios under ponding condi-
tions are designed for the five typical European top 
soils. The objectives of this study are: (1) to simulate 
infiltration responses to different soil types using two 
infiltration models; (2) to compare different responses 
under different exterior conditions; and (3) to investi-
gate the effect of different soil hydraulic parameters on 
infiltration responses.

MATERIALS AND METHODS

The Green-Ampt Model by Chu and Mariño [19]

The soil profile is divided into Nc soil layers, with 
saturated hydraulic conductivity Ki and pressure head 
hsi at the i-th layer. When the wetting front reaches the 
layer n at location z (zn – 1 < z ≤ zn), the infiltration rate 
iz, cumulative infiltration Iz and travel time tz can be 
expressed as following:
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where iz (cm/h) is the infiltration rate; z (cm), hsn (cm) 
and Kn (cm/h) are the depth of wetting front, the pres-
sure head, and the saturated hydraulic conductivity of 
layer n, respectively; Iz (cm) is the cumulative infiltra-
tion; θsn, θ0n and θfn (cm3/cm3) are the saturated soil 
water content, initial soil water content and the differ-
ence between θsn and θ0n of layer n, respectively; tz (h) 
is the travel time of wetting front. 

Parlange Model

The infiltration model under ponding conditions 
[10] is written as following:
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where I (cm) is cumulative infiltration; i (cm/h) is in-
filtration rate; H (cm) is ponding depth. We applied the 
MATLAB solver ode15i to solve Equation (4) [9]. 

S0, δ and μ are calculated as following:
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eter related to conductivity, ranged from 0 to 1; μ is 
soil parameter related to ponding condition; D(θ) 
(cm2/h) is diffusivity at soil water content θ; θs and θi 
(cm3/cm3) are the saturated and initial soil water con-
tent, respectively; Ks, Ki and K(θ) (cm/h) are the satu-
rated hydraulic conductivity, initial hydraulic conduc-
tivity and hydraulic conductivity at soil water content 
θ; H0 (cm) is the initial ponding depth.

Materials and Numerical Experiment

The hydraulic parameters [25], the initial soil water 
content and physical definitions of five soils are listed 
in Table 1.

The cumulative rainfall amount is 100 mm during 2 
hours for Case 1. Figure 1(a) shows two rainfall distri-
bution types. Rainfall distribution 1 refers the constant 
rainfall type, which is assumed as a usual rainfall type 
in agro-hydrological model. Rainfall distribution 2 in-
creases linearly from 0 to a peak value, double aver-
age rainfall intensity from t = 0 to 1.4h, and decreases 
linearly to 0 at the end. Rainfall distribution 2 is usu-
ally used for storm profile when Rational Method is 
adapted to determine runoff in small catchment [27]. 
Four scenarios are designed for case 1 as following: C1 
(rainfall distribution 1) and C2 (rainfall distribution 2) 

for storage storage = 0 cm, and C3 (rainfall distribution 
1) and C4 (rainfall distribution 2) for storage storage = 
1 cm. Figure 1(b) shows nine ponding depth distribu-
tions with time in Case 2 (P1~P9).

RESULTS AND DISCUSSION

Case 1

Figure 2 shows responses of infiltration and runoff 
rate with time for coarse soil under four scenarios. Un-
der the same scenario, different soils have the similar 
trend of infiltration rate and runoff rate, indicating that 
they have the similar responses under the same scenario.

Under C1, the infiltration capacity is larger than 
rainfall rate, and the actual infiltration rate is equal to 
rainfall rate 5.0 cm/h, from beginning to 0.667 h. After 
0.667 h, the actual infiltration rate begins to decrease, 
thus, runoff occurs due to no surface storage capacity. 
The actual infiltration rate decreases from 5.0 cm/h to 
3.469 cm/h, while runoff rate increases from 0 to 1.531 
cm/h at the end of the simulation.

The rainfall distribution of C2 causes a response 
quite different from that of C1. The actual infiltration 
rate increases to 5.907 cm/h linearly, and equals to rain-
fall rate before 0.827 h. At t = 0.827 h, the runoff oc-

Table 1. Initial Soil Water Content, Hydraulic Parameters and Physical Definitions of Five Soils [24,26].

Soil Type
θ0

(cm3/cm3)
θs

(cm3/cm3)
θr

(cm3/cm3)
α

(cm–1) n m
Ks

(cm/d) l
hs

(cm) Physical Definitions

Coarse 0.1 0.403 0.025 0.0383 1.3774 0.2740 60.0 1.25 11.01 clay < 18%, sand > 65%
Medium 0.1 0.439 0.01 0.0314 1.1804 0.1528 12.061 –2.3421 16.68 18% < clay < 35%,15% < sand or  

clay < 18%,15% < sand < 65%
Medium Fine 0.1 0.430 0.01 0.0083 1.2539 0.2025 2.272 –0.5884 27.30 clay < 35%, sand < 15%
Fine 0.1 0.520 0.01 0.0367 1.1012 0.0919 24.8 –1.9772 8.89 clay < 35%, sand < 15%
Very Fine 0.1 0.614 0.01 0.0265 1.1033 0.0936 15.0 2.5000 16.68 60% < clay

Figure 1. (a) Different rainfall distributions for Case 1; and (b) Different ponding depth distributions for Case 2.
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curs. Then, the actual infiltration rate decreases to 3.75 
cm/h during 0.827 h to 1.775 h, and again, equals to 
the rainfall rate after 1.775 h, when the runoff ceases. 
We note there are two periods during which the actual 
infiltration equals to the rainfall rate. The runoff rate 
increases to 5.884 cm/h at t = 1.4 h, when the rainfall 
rate peak occurs, and decreases to 0 cm/h at t = 1.775h. 
The runoff rate distribution curve is analogous to the 
rainfall distribution curve.

Under C3, the rainfall distribution is as same as that 
under C1, which makes the actual infiltration rate dis-
tribution curve the same as that under C1. However, 
there is 1cm surface storage capacity, which allows 
ponding to occur from 0.668 h to 1.737 h. At t = 1.737 
h, the ponding process ceases, indicating the surface 

storage is full and runoff occurs. The runoff rate in-
creases to 1.531cm/h at the end, same as that of C1.

Under C4, surface storage capacity allows ponding 
to occur from 0.827 h to 1.238 h, and runoff occurs 
from 1.238 h to 1.775 h. After 1.775 h, water stored in 
the surface, together with the rainfall, infiltrates into 
the soil profile. The final actual infiltration rate is 3.618 
cm/h, different from 0 cm/h under C2.

For five soils under C4, the actual infiltration rate at 
the end is not zero when the rain ceases. This is due to 
the water stored in the surface transferring into infiltra-
tion. However, the actual infiltration rate at the end for 
five soils under C3 is as same as that under C1, when 
the rainfall is larger than the infiltration capacity, and 
surface storage is full or zero. For five soils under C1, 

Figure 2. Responses of infiltration and runoff rate for coarse soil under four scenarios (C1~C4 means scenario 1~4).
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the actual infiltration rate at the end is larger than Ks for 
each soil, and less than the rainfall rate 5 cm/h. If the 
rainfall continues, the infiltration rate will decrease to 
the value of Ks.

Figure 3 shows the responses of cumulative infiltra-
tion and runoff with time for coarse soil under four sce-
narios. Different rainfall distribution and surface stor-
age capacity produce different infiltration responses. 
See C1-Cumulative Infiltration and C2-Cumulative-In-
filtration for instance, the variety for these two curves 
is mainly due to different rainfall distribution. As for 
C1-Cumulative Runoff and C2-Cumulative-Runoff, 
the surface storage capacity is the main reason for the 
difference of cumulative runoff amount. 

As for responses for five soils under the same sce-
nario, it is the soil hydraulic parameters (θs, Ks and hs), 
which cause the responses different. Table 2 shows 
the cumulative infiltration, runoff, surface storage, the 
ratio between cumulative infiltration and rainfall, and 
cumulative runoff and rainfall at the end. For differ-
ent soils, the responses for cumulative infiltration vary 
largely, from 1.83 cm to 8.60 cm, depending on the 
soil properties. As for different soils under C4, the cu-
mulative surface storage for coarse is only 0.59 cm, 
while the cumulative surface storage is all above 0.89 
cm for the other four soils. It is mainly because the Ks 
of coarse soil is much larger than other soils.

We can see the range of the ratio between cumula-

Figure 3. Responses of cumulative infiltration and runoff amount for coarse soil under four scenarios (C1~C4 means scenario 1~4).
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tive runoff and rainfall varies largely as well. The se-
quence of soil infiltration capacity corresponds to the 
sequence of soil Ks. The ratio of fine soil and very fine 
soil is very near, 0.493 and 0.498, respectively. The Ks 
of fine soil is 1.0333 cm/h, larger than that of very fine 
soil, which will lead to more cumulative infiltration for 
fine soil, while the hs plays an opposite effect.

Case 2

Figure 4 shows the responses of infiltration rate for 
coarse soil under nine ponding scenarios. All infiltra-
tion rate curves can be divided into two stages: fast-
falling rate stage and steady-falling rate stage.

Although three scenarios of each group have the 
same average ponding depth, the infiltration rate curve 
is different. The final infiltration rate for P1, P2, and P3 
is 2.71 cm/h, 2.86 cm/h, and 2.52 cm/h, respectively. 
For different average ponding depth of the same distri-
bution type with time, the final infiltration rate varies. 
The rate for P1, P4 and P7 is 2.71 cm/h, 2.93 cm/h, and 

3.38 cm/h, with the infiltration rate at the end increas-
ing with the average ponding depth.

From Table 3, we can see the final infiltration rate 
for five soils at the end under different scenarios. Un-
der the same scenario, the final rate increased as the 
Ks increased. Under P1 for example, the final rate for 
coarse is the maximum, while the medium fine is the 
minimum. For the same soil under the same group, the 
infiltration rate under P3 is larger than that under P1 
and P2 in the fast-falling stage, while the rate under P1 
is larger than that under P2 and P3 in the steady-falling 
stage. Infiltration rate curve under P2 is between the 
curve under P1 and P3.

Figure 5 shows the cumulative infiltration with time 
for coarse soil under nine ponding scenes. Cumulative 
infiltration for each soil increases with time. During the 
fast-falling stage, the cumulative infiltration increases 
faster, when the infiltration rate is larger in this stage.

From Table 3, it is shown that, except for coarse 
sand, the cumulative infiltration amount of the other 
four sands under C1~C4 is all larger than that under 

Table 2. Cumulative Infiltration, Runoff, Surface Storage, the Ratio between Cumulative Infiltration and Rainfall,  
and Cumulative Runoff and Rainfall at the End.

Soil Type

Cumulative 
Infiltration 

(cm)

Cumulative 
Runoff 
(cm)

Cumulative Surface 
Storage 

(cm) Infiltration/Rainfall Runoff/Rainfall

Coarse

C1 8.61 1.39 – 0.86 0.14
C2 7.05 2.95 – 0.71 0.29
C3 8.61 0.39 1.00 0.86 0.04
C4 7.46 1.95 0.59 0.75 0.19

Average 7.95 – – 0.795 0.165

Medium

C1 4.00 6.00 – 0.40 0.60
C2 3.56 6.44 – 0.36 0.64
C3 4.00 5.00 1.00 0.40 0.50
C4 3.61 5.44 0.95 0.36 0.54

Average 3.80 – – 0.38 0.57

Medium Fine

C1 1.97 8.03 – 0.20 0.80
C2 1.83 8.17 – 0.18 0.82
C3 1.97 7.03 1.00 0.20 0.70
C4 1.84 7.17 0.99 0.18 0.72

Average 1.90 – – 0.19 0.76

Fine

C1 5.25 4.75 – 0.53 0.47
C2 4.54 5.46 – 0.45 0.55
C3 5.25 3.75 1.00 0.53 0.37
C4 4.65 4.46 0.89 0.46 0.45

Average 4.93 – – 0.493 0.46

Very Fine

C1 5.31 4.69 – 0.53 0.47
C2 4.63 5.37 – 0.46 0.54
C3 5.31 3.69 1.00 0.53 0.37
C4 4.73 4.37 0.90 0.47 0.44

Average 4.98 – – 0.498 0.455
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Figure 4. Responses of infiltration rate with time for coarse soil under nine ponding scenarios (P1~-P9 means scenario 1~9).

Table 3. The Final Infiltration Rate and Cumulative Infiltration Amount at the End for  
Five Soils Under Different Scenarios.

Soil Type P1 P2 P3 P4 P5 P6 P7 P8 P9 C1 C2 C3 C4

The final infiltration rate (cm/h)

Coarse 2.71 2.86 2.52 2.93 3.31 2.49 3.38 4.23 2.75 3.47 0 3.47 3.62
Medium 0.69 0.79 0.54 0.81 1.05 0.53 1.06 1.55 0.53 1.21 0 1.21 1.29
Medium Fine 0.37 0.39 0.34 0.39 0.46 0.32 0.47 0.64 0.28 0.53 0 0.53 0.56
Fine 1.21 1.38 1.03 1.42 1.79 1.05 1.8 2.59 1.14 1.77 0 1.77 1.86
Very Fine 0.81 0.99 0.64 1 1.36 0.64 1.35 2.06 0.65 1.64 0 1.64 1.76

The final cumulation infiltration amount(cm)

Coarse 6.91 6.77 7.01 7.84 7.55 8.04 9.74 9.24 10.1 8.61 7.05 8.61 7.46
Medium 2.04 2.01 2.07 2.52 2.45 2.57 3.47 3.36 3.56 4 3.56 4 3.61
Medium Fine 1.36 1.36 1.36 1.47 1.46 1.46 1.74 1.73 1.74 1.97 1.83 1.97 1.84
Fine 3.16 3.01 3.25 4.01 3.78 4.15 5.6 5.31 5.81 5.25 4.54 5.25 4.65
Very Fine 2.34 2.26 2.4 3.07 2.94 3.16 4.44 4.26 4.55 5.31 4.63 5.31 4.73
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P1~P9. Cumulative infiltration amount under heavy 
intensity rainfall simulated by Green-Ampt model is 
larger than that under ponding conditions simulated 
by Parlange model for these four soils. The infiltration 
rate under C1, C2 and C4 is almost larger than that 
under P1~P7 and P9. This may be due to different pa-
rameters used in different models and different exterior 
conditions. Thus, usage of different models should be 
careful in choosing exterior conditions and parameters 
of models.

CONCLUSIONS

In this paper, we used two different infiltration mod-
els to simulate infiltration and runoff responses of five 
different typical European top soils. Hydraulic con-
ductivity Ks, is the most influential parameter for both 
Green-Ampt model and Parlange model, as the larger 
the Ks is, the more water infiltrates. The parameters of 
soil water retention curve are the next most important 
factor. And more, hs is also important for Green-Ampt 

model. Surface storage capacity can not only reduce 
the runoff but also lag the time of runoff occurrence. 

Exterior conditions influence the responses differ-
ently. Reponses under different rainfall distributions 
with the same cumulative rainfall amount vary largely, 
especially for high Ks (such as coarse soil). But this is 
not considered in many models, which could results in 
error. However, responses of the same average ponding 
depth under different ponding depth distribution does 
not vary largely. If the ponding depth distribution is 
complex when using Parlange model, constant pond-
ing distribution can be assumed for simplifying, with 
little error, especially for soil with low Ks.

Soil infiltration capacity is also found consistent 
by these two numerical experiments. The sequence is 
coarse > fine > very fine > medium > medium fine, 
whatever rainfall distribution and ponding depth dis-
tribution type is. Usage of different models should be 
careful in choosing exterior condition and parameters 
such as Ks, surface storage capacity and hs of different 
models.

Figure 5. Responses of cumulative infiltration with time for coarse soil under nine ponding scenarios (P1~-P9 means scenario 1~9).
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ABSTRACT: This study analyzed the bonding strength of each kind of heavy metals by 
simulating the influence of pressure and acid rain when recycling incineration bottom 
ash from real factory as road building materials. Experimental results indicated that total 
leach quantity of heavy metals gradually reduced over time. After contrasting results of 
sequential extraction, it can be found that bonding forms of most heavy metals are or-
ganic matter state and residue state which are difficult to be leached, while the first three 
states are easy to be leached. The quantity of leach increased at the beginning due to 
the metal bonding of the first three states. In addition, compared with heavy metals in 
high pH value (2.88), leach quantity of all heavy metals is the largest in low pH value 
(1.1). However, different operating pressures have little effect on the leach of heavy 
metals. But if the aggregate size of bottom ash changes, it can be found that the large 
specific surface area of bottom ash with fine aggregate size is beneficial for the bottom 
ash to contact with filter liquor. Hence, leach concentration of heavy metals is higher 
than the bottom ash with coarse aggregate.

INTRODUCTION

DUE to increasing environmental awareness in re-
cent years, recycling and reuse of incinerated ash 

has become an important trend. Nevertheless, most of 
the heavy metals mixed in waste were retained in bot-
tom ash after the incineration. When the bottom ash is 
reused as an engineering material, some heavy metals 
may be released to the surrounding environment. There 
is scanty research on the relationship between pollu-
tion and environmental factors. Moreover, the total 
quantity and release velocity of heavy metals and pol-
lutants in incinerated ash leached is closely related to 
environmental factors, such as pressure and pH value 
[1]. Leached heavy metals pose a serious threat to the 
environment and human health. Therefore, understand-
ing the leaching process of heavy metals from bottom 
ash in different conditions is an important topic.

Sequential extraction procedure is a chemical analy-
sis technology that selects proper acids to extract in se-
quence based on the mineral properties of the samples. 
It was first proposed by Tessier et al. [2]. In this method, 
heavy metals are often divided into five types includ-

ing Exchangeable, Carbonate, Iron and Manganese 
oxides, Organic and Residual, of which Exchangeable, 
Carbonate and Iron and Manganese oxides are easy to 
be leached, while Organic and Residual are difficult to 
be leached. The sequential extraction method has been 
widely used in soil, bottom ash, flying ash and sludge 
[3–4].

To understand the impact of environmental factors 
on heavy metals leaching in reusing bottom ash as base 
material of road pavement or fill material, this study 
conducted an experiment in the self-made transpar-
ent high-pressure resistant test flume using the bottom 
ash. This study also discussed the effect of pH value, 
aggregate size and pressure on heavy metal leaching. 
Further, this study used sequential extraction method 
to discuss the bonding strength of each heavy metal in 
bottom ash when leached under different environmen-
tal conditions. The leaching sequence of each heavy 
metal was obtained for further analysis. Results of two 
experiments were compared to examine the possibil-
ity and safety of recycling of bottom ash in practical 
condition.

METHODS

To simulate the status of bottom ash in practical *Author to whom correspondence should be addressed.  
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reuse, bottom ash from a reusable materials supplier 
(Ying Cheng Enterprise Co., Ltd.) was obtained. The 
bottom ash with an aggregate size below 75 mm is 
washed and screened with water. After water separa-
tion, magnetic separation, eddy current separation, 
winnowing, and vibration separation, the bottom ash 
with an aggregate size below 19 mm is chosen for fur-
ther analysis.

Testing Heavy Metals Leached from Bottom Ash

The bottom ash was placed into a sieve shaker to 
separate bottom ash of different aggregate sizes after 
being fully screened. Specimens of different aggregate 
sizes were prepared for the experiment, as shown in 
Table 1. A transparent high-pressure resistant tube was 
designed to analyze the leaching of heavy metals from 
bottom ash (Figure 1). Specimens in various aggregate 
sizes were employed, and bottom ash aggregates with 
two aggregate-size distributions among a specific set 
of sieves were used in the experiments. The specimens 
were added to the tube at a fixed height to control the 
relative density of the aggregates. After the specimen 
models were completed, a test was conducted using 

solutions with different pH values to investigate the 
leaching behavior of bottom ash. Under the same pH 
values, two tube pressures and two aggregate sizes 
were examined. The filtrates were collected and sepa-
rated at the tube outlet according to the aforementioned 
method to analyze the types and measure the total 
amounts of heavy metals leached from the filtrates. 
Eight tests were conducted. The parameters for each 
test are presented in Table 2.

Sequential Extraction Procedure

The sequential extraction method adopted in this 
study was modified from the method proposed by Tes-
sier et al. [2]. The analytical method and parameters 
of this research were referred to a previous study [5]. 
First, 2.5 g of bottom ash was used for extraction ac-
cording to the sequential extraction method. The so-
lutions after extraction were treated with solid-liquid 
separation in high speed centrifugation (3000 rpm, 15 
min). Supernatant was filtered and inductively-coupled 
plasma spectrograph (ICP) was used for concentration 
analysis of heavy metals.

Table 1. Aggregate-Size Distribution of the 
Specimens.

Aggregate Size 
(sieve number)

Percentage of the Aggregates Passing 
Through the Sieve (wt%)

Fine Aggregate Coarse Aggregate

37.5 mm (1-1/2″) 87–100 90–100
19.0 mm (3/4″) 45–90 50–85
4.75 mm (No. 4) 20–50 30–45
0.60 mm (No. 30) 6–29 10–25
0.075 mm (No. 200) 0–12 2–9

Figure 1. High-pressure resistant tube.

Table 2. Experimental Parameters.

Test No.
pH Value of 
the Solution

Pressure 
(kg/cm2)

Aggregate 
Size

1 2.88 1.0 Fine
2 2.88 1.0 Coarse
3 2.88 0.5 Fine
4 2.88 0.5 Coarse
5 1.10 1.0 Fine
6 1.10 1.0 Coarse
7 1.10 0.5 Fine
8 1.10 0.5 Coarse
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RESULTS AND DISCUSSION

Influence of pH Value, Pressure and Aggregate Size 
on Heavy Metals Leached

Under different pH conditions, such as Runs 1 and 
5 (Figure 2), the leaching amount of heavy metals in 
Run 5 [Figures 2(b)] was greater than those of the met-
als leached in Run 1 [Figure 2(a)]. The difference was 
significant for Cu and Pb, of which the leached amount 
was lower than the lower limit measured by ICP in Run 
1. The leached amount, however, was very high in Run 
5. Comparing the heavy metals leaching trend between 
the two groups, a declining trend over time was ob-
served. This is possibly because the bottom ash leached 
in a large amount in the initial stage, but reduced over 
time. For Run 2 and Run 4, with the same aggregate 
size and pH condition, the pressure controlled by 
Run 2 was higher than that of Run 4. Comparing the 
leaching amount in these two runs, it was found that 

the amount of barium and copper leached from Run 2 
(Figure 3(a)) was more than that from Run 4 (Figure 3 
(b)). By comparing the leaching trend of heavy metals 
for these two runs, it was found that the leach amount 
gradually reduced over time. It can be concluded that 
different operating pressures had only a slight effect on 
the leaching of heavy metals.

Run 7 and Run 8 were operated with the same pH 
value and pressure but different aggregate sizes. Re-
sults reveal the total leach quantity of chromium, se-
lenium, copper, and barium with fine aggregate size in 
Run 7 [Figure 4(a)] is more than those with coarse ag-
gregate size in Run 8 [Figure 4(b)]. Leach quantity of 
lead and copper is far more than the other four types of 
metals. Herck et al. [6] and Kirk et al. [7] found that if 
physicochemical properties of ash are different, such 
as different aggregate sizes and different ingredients, 
the result of sequential extraction method could be eas-
ily influenced. Therefore, for two kinds of bottom ash 
with different aggregate sizes, specific surface area of 

Figure 2. Heavy metals leaching at different pH values: (a) pH = 2.88; and (b) pH = 1.10.

Figure 3. Heavy metals leaching at different pressures: (a) p = 1.0 kg/cm2;  (b) p = 0.5 kg/cm2.
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bottom ash with fine aggregate size in Run 7 is larger 
than that of Run 8 so that filter liquor can effective-
ly contact with bottom ash to increase heavy metals 
leaching. Thus, total quantity of heavy metals leached 
from bottom ash with fine aggregate size in Run 7 is 
more than of Run 8 with course aggregate size.

Experimental Result of Sequential Extraction

After summarizing leach condition of six kinds of 
heavy metals, it can be found that for Cr, Se, Cu, Ba 
and Pb; most leached heavy metals are in the form of 
Fe-Mn oxide, organics and residue, while the latter two 

Figure 5. Sequential extraction results: (a) Cr; (b) Cd; and (c) Ratios of various metals leached from in the first three phases to those in the 
final two phases.

Figure 4. Heavy metals leaching at different aggregate sizes: (a) Fine size; and (b) Course size.
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are the most common. For example, Figure 5(a) shows 
the result of heavy metal Cr as a representative. It can 
be estimated that it rarely moves in natural environ-
ment so that it is less harmful to nature. Among differ-
ent forms of heavy metals, the proportion of the first 
three states of Cr, Se, Cu, Ba and Pb is not high. This 
might be due to the fact that the pre-processing pro-
cedure washed bottom ash before transporting bottom 
ash to the recycling plant. Washed bottom ash is much 
easier to leach heavy metals in the first three states. 
For Cd [Figure 5(b)], most leaching appeared in the 
exchangeable state and carbonized state and leach con-
centrates on the first three states. This indicates that Cd 
is more harmful to nature for its frequent moves in the 
natural environment. Compared with above mentioned 
heavy metals, the leach quantity of Cd is lower. This is 
probably because that Cd is of low boiling point (BP: 
765°C) so that its volatility is high. In incineration pro-
cesses, most Cd was volatilized and emitted into flue 
gases. Therefore, most Cd is in fly ash while Cd con-
tained in bottom ash is less than other heavy metals 
with a higher boiling point.

Comparing bonding capability and leach sequence 
of heavy metals from the proportion of total leach 
amount of the first three states (exchangeable state, 
carbonized state, iron and manganese oxides states), it 
is found that dissociation capability of solution used 
in the first three states’ representative test is weak and 
moderate (slightly alkaline). The dissociation capabil-
ity of solution used in the latter two states’ represen-
tative test is strong (slightly acid), which can easily 
break bonding within heavy metals. Comparing results 
from different aggregate sizes [Figure 5(c)], it can be 
found that the leach proportion of most heavy metals 
in the first three states leached from bottom ash with 
fine aggregate size is higher than that of bottom ash 
with coarse aggregate size. This indicates that a larger 
specific surface area of bottom ash with fine aggregate 
size increased the leach of heavy metal in bottom ash. 
As mentioned above, leach trend of heavy metals sug-
gested that leach quantity gradually reduced over time. 
Comparing results of sequential extraction, it can be 
concluded that bonding forms of most heavy metals are 
in organic matter state and residue state which are diffi-
cult to be leached, while the first three states are easier 
to be leached. Therefore, the reason that leaches’ quan-
tity increased at the beginning is the metal bonding in 
the first three states, and then leach quantity gradually 

reduced after a period of time because only organic 
matter state and residue state are retained after leach-
ing in the first three states.

CONCLUSIONS

The experimental results indicated that total leach 
quantity of heavy metals gradually reduced over time. 
Comparing results of sequential extraction, it can be 
found that bonding forms of most heavy metals are in 
organic matter state and residue state which are diffi-
cult to be leached while the first three states are easier 
to be leached. Therefore, the reason why leach quantity 
increased at the beginning is due to the metal bonding 
of the first three states, and then leach quantity gradu-
ally reduced over time because only organic matter 
state and residue state are retained after leaching the 
first three states. In addition, compared with heavy 
metals in high pH value (2.88), leach quantity of all 
heavy metals is higher in low pH value (1.1). However, 
different operating pressures have little effect on the 
leach of heavy metals. But if the aggregate size of bot-
tom ash changes, it can be found that a larger specific 
surface area of bottom ash with fine aggregate size is 
beneficial for the contact between ash and filter liquor. 
Leach concentration of heavy metals, hence, is higher 
than bottom ash with coarse aggregate size.
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ABSTRACT: The study focuses on the effect of phosphate and sulfate on As(V) desorp-
tion from nano-TiO2. The results indicate that phosphate exhibits a strong influence on 
As(V) mobility. The desorption rate of As(V) increases according to the order: pH 9 > pH 
8 > pH 7 > pH 6. The desorption rate of As(V) reaches the maximum value of 85% at 
pH 9, and the minimum value of 19% at pH 6. In addition, the desorption rate of As(V) 
increases according to the order: pH 7 > pH 8 > pH 9 > pH 6 in the presence of sulfate.

INTRODUCTION

ARSENIC (As) is a toxic and metalloid element. As 
contamination has become a serious threat to pub-

lic health in the whole world. Inorganic forms of As, 
arsenite (As(III)) and arsenate (As(V)), are found in 
water and soil widely [1,2]. The toxicity of As(III) 
is 50 times more than As(V). Nevertheless, As(III) 
is easy to transform to As(V) in oxidizing conditions 
[2].

Recently, metal oxide nanomaterials have been de-
veloped as one of the most promising As removal tech-
nologies. The nanomaterials include nano-TiO2 [3–6], 
zerovalent iron [7], and iron/manganese oxy-hydrox-
ides [8–11]. It has been reported that nano-TiO2 can 
be applied successfully in As adsorption from indus-
trial wastewater and groundwater [3,12]. After these 
As-laden nanomaterials enter the natural environment, 
they may have the potential to release As to surface 
and groundwater under the influence of environmental 
factors.

Arsenic mobility is mainly controlled by micro-
organisms, adsorption/desorption, and coprecipita-
tion reactions on a variety of engineered and natural 
nano-materials in the natural environment [13]. The 
adsorption/desorption reactions between As and nano-
adsorbents are affected by a number of factors, such 
as ionic strength, pH, competing ions and the change 
of structure for solid phases. Competitive ions includ-
ing sulfate, silicate, phosphate, and bicarbonate may 
influence the release of As from metal oxides, which 

commonly occurs in surface and groundwater [14–19]. 
Many studies have focused on the influence of sulfate 
and phosphate on As adsorption and desorption on met-
al oxides [16,17,20]. Previous studies have suggested 
that phosphate inhibits As adsorption due to compet-
ing for adsorption sites on metal oxides surfaces. Since 
As(V) and phosphate are both tetrahedral anions form-
ing oxy anions in water, they have similar geochemical 
behaviors in the environment [21,22]. Hongshao and 
Stanforth [14] found that after phosphate addition, the 
initially adsorbed As(V) would desorb from FeOOH 
at pH 5, and the amount of desorbed As(V) was  
6 µmol/g. Moreover, the competing role of sulfate has 
been investigated and found to be much less effective 
in causing As to desorb from metal oxides [20,23,24]. 
For example, Jain and Loeppert [16] observed that sul-
fate had no significant effect on As(V) adsorption on 
ferrihydrite at various pH values (from 3 to 10). Nev-
ertheless, a few other studies reported that with the in-
creasing sulfate concentration, the decrease of As(V) 
adsorption on iron oxide was observed [25]. 

Although many studies have been conducted on the 
competing role of phosphate and sulfate on As adsorp-
tion or desorption from metal oxides, only a few stud-
ies have explored the effect of sulfate and phosphate on 
As desorption from nanomaterials [26]. Tuutijärvi et 
al. [26] reported that phosphate had an significant im-
pact on As(V) adsorption on nano-maghemite at pH 7. 
In addition, previous studies were primarily conducted 
with similar methods in which the competing anions 
and As were added to the adsorption system simultane-
ously (including metal oxide adsorbents). In this study, 
we aim to investigate how environmental competing 
anions affect the mobility of adsorbed As(V) on nano-
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TiO2 in natural environment. Therefore, we performed 
the experiment with phosphate and sulfate anions add-
ed after As(V) adsorbed on nano-TiO2 and equilibrated 
for 24 h. 

The purpose of our study is to elucidate the effect of 
phosphate and sulfate on As(V) desorption from nano-
TiO2 after its adsorption reaches equilibrium. The ex-
periment conditions were chosen to be at pH range of 
6 to 9 and a series of competing anion concentrations. 

MATERIAL AND METHODS

Nano-TiO2 and Competing Anions Solution 
Preparation

Nano-TiO2 used in this study was prepared with ti-
tanium sulfate. The basic properties of synthetic nano-
TiO2 can be found in previous work [3]. 

The salts (Na2HAsO4, Na2SO4, Na2HPO4·2H2O, 
NaCl) used in experiments were guaranteed reagents. 
Stock solutions of phosphate (HPO4

2–, 1000 uM), sul-
fate (SO4

2–, 5 g/L), As(V) (HAsO4
2–, 50 mg/L), and 

chloride (Cl–, 0.1 M) were prepared with the respec-
tive chemicals in deionized (DI) water. Stock solutions 
were diluted to working solutions for experiments.

Batch Experiment

Preadsorption experiment. Suspensions containing 
50 mL As(V) (50 mg/L) and 1 g/L nano TiO2 were 
prepared in a series of 50 mL centrifuge tubes. The 
background ion was 0.01 M NaCl. The pH of the batch 
experiment was adjusted to 6.0±0.1, 7.0±0.1, 8.0±0.1, 
and 9.0±0.1 using NaOH and H2SO4 solutions, re-
spectively. pH values were chosen based on the pH of 
natural groundwater [2,27]. Suspensions were mixed 
on a rotator for 24 h, and then suspensions were cen-
trifuged. The As-laden nano-TiO2 loading As solid was 
thus obtained. The filtrate was filtered by a 0.22-μm 
membrane filter for soluble As(V) analysis. The final 
adsorption capacity of As(V) on nano-TiO2 at different 
pH value was approximately 14.6 mg/g (pH 6), 11.1 
mg/g (pH 7), 5.6 mg/g (pH 8), and 2.7 mg/g (pH 9) by 
mass balance calculation through soluble As(V) con-
centration. 

Desorption experiment. After the As-laden nano-
TiO2 solids were obtained, one of the solids (As ad-
sorption capacity 14.6 mg/g at pH 6) was transferred to 
a 50 mL centrifuge tube before 50 mL phosphate solu-
tion was added. The suspension was then rotated on a 
rotator for 24 h. The experiment solution was adjusted 

to pH 6.0±0.1 with NaOH and H2SO4. Subsequently, 
the suspension was filtered by a 0.22-μm membrane 
filter for soluble As(V) and phosphate analysis. The 
initially-added phosphate concentrations were 10, 20, 
40, 80, 120, and 240 μM. For other As-laden nano-TiO2 
solids obtained at different pH (7, 8, 9), the desorption 
experiment procedure was the same as that of pH 6. 
For sulfate, the experiment procedure was the same as 
phosphate. The added sulfate concentrations were 50, 
100, 250, 500, and 1000 mg/L. Background ion was 
0.01 M NaCl in all batch experiments. The choice of 
phosphate and sulfate concentration in the study was 
based on typical levels of phosphate and sulfate in nat-
ural groundwater contaminated with As in Shanxi and 
Inner Mongolia, China [27,28].

Analysis

The concentration of dissolved As(V) in all samples 
was measured by an atomic absorption spectrometer 
(TAS-990, Puxi, China). The desorption rate was cal-
culated according to the amount of As(V) adsorbed on 
nano-TiO2 in the pre-adsorption experiment, and the 
amount of released As(V) from nano-TiO2 in the de-
sorption experiment. Phosphate and sulfate concentra-
tions were measured using colorimetric methods [29].

RESULTS AND DISCUSSION

Effect of Phosphate Concentration and  
Solution pH on As(V) Desorption

Figure 1 and Figure 2 present the results of batch ex-
periments of As(V) desorption with various phosphate 
concentrations from nano TiO2 after 24 h equilibration. 
The results indicate that phosphate has a significant 
influence on the desorption of As(V) from nano-TiO2. 
As shown in Figure 1(a), the concentration of desorbed 
As(V) increases from 0.8 to 7.8 mg/L with phosphate 
concentration increasing from 10 to 240 μM. The high-
est As(V) concentration is 7.8 mg/L, which is observed 
at phosphate concentration 240 μM and pH 6. The 
desorption rates of As(V) under different phosphate 
concentrations are shown in Figure 2A, which also in-
creases with the increasing phosphate concentration. 
The lowest and highest desorption rate of As(V) are 
19% and 85% at phosphate concentration 10 μM and 
240 μM, respectively. 

The results shown in Figure 2 and Figure 3 indicate 
that As(V) release from nano-TiO2 is also influenced 
by pH in the presence of phosphate. The desorption 
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rate of As(V) increases with the increasing pH values 
(from 6 to 9). As(V) desorption rate reaches the high-
est value 85% at pH 9, and the lowest value 19% at 
pH 6 [Figure 2(a)]. In consistent with our results, the 
previous study reported that phosphate has an greater 
influence on As(V) adsorption at higher pH than at 
lower pH, and As(V) retention was greater at lower pH 
[16]. The As(V) desorption concentration also depends 
on pH values [Figure 3(a)]. The decrease of As(V) de-
sorption concentration with the increasing pH values 
is observed, which is mainly due to the different initial 
adsorption capacities of As(V) on nano-TiO2 at differ-
ent pH values. According to previous studies, the ad-
sorption behavior of As(V) on nano-TiO2 depends on 
pH strongly [6]. The affinity of As(V) on metal oxide 
at lower pH is greater than that at higher pH, which is 
related to the surface charge of As(V) and metal oxide 

[6]. In this study, the lower desorption rate of As(V) at 
pH 6 instead of that at pH 9 [Figure 2(a)], which can 
thus be understood.

During the release of As(V) from nano-TiO2 after 
addition of phosphate, the adsorption of phosphate 
onto nano-TiO2 occurs (Figure 4). The adsorption rate 
of phosphate on nano-TiO2 is shown in Figure 4, which 
is significantly affected by pH values. The maximum 
values of phosphate adsorption rate are 48% at pH 6, 
41% at pH 7, 35% at pH 8, and 27% at pH 9, respec-
tively. Although the phosphate concentration has no 
obvious influence on adsorption rate of phosphate, the 
amount of phosphate adsorbed on nano-TiO2 increases 
with the increasing phosphate concentration (Table 1). 
The adsorption of phosphate on iron oxide with As(V) 
was also investigated in previous studies [20]. Jeong 
et al. [20] reported that the residue concentration of 

Figure 1. Desorption of As(V) from nano-TiO2 in the presence of: (a) phosphate; and (b) sulfate. Initial As adsorption capacity on nano-TiO2 was 
14.6 mg/g (pH 6), 11.1 mg/g (pH 7), 5.6 mg/g (pH 8), and 2.7 mg/g (pH 9). Background ion was 0.01 M NaCl.

Figure 2. Desorption rate of As(V) from nano-TiO2 in the presence of: (a) phosphate; and (b) sulfate.
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phosphate decreased significantly after adsorption by 
iron oxide. At initial concentration of 500 μg/L phos-
phate, Fe2O3 and Al2O3 adsorbed 78% and 25% of the 
phosphate anion respectively.

The results of desorption experiments can be ex-
plained considering the competing effect of dissolved 
phosphate with As(V), which means the capability of 
phosphate to displace As(V) previously adsorbed on 
the surface of nano-TiO2 [24]. Based on the EXAFS 
analyses, As(V) adsorbed on nano-TiO2 forms inner-
sphere binuclear surface complexation [6]. The capa-
bility of phosphate to compete with As(V) for nano-
TiO2 surface sites can be expected given the structural 
resemblances between phosphate and As(V) [30–32]. 
Therefore, the adsorbed phosphate will presumably 
form an inner-sphere complex on nano-TiO2 to com-
pete with As(V) in this study. 

Effect of Sulfate Concentration and Solution pH 
on As(V) Desorption

Sulfate concentration also has an influence on the 
release of As(V). The concentration of desorbed As(V) 
increases with the increasing sulfate concentration 
[Figure 1(b)]. The concentration of desorbed As(V) 
from nano-TiO2 (Figure 1 and Figure 2) ranges be-
tween 0.7~7.7 mg/L with sulfate concentration chang-
ing from 50 to 1000 mg/L.

The result is coincident with previous studies. Wilk-
ie and Hering [25] investigated the effect of sulfate on 
As(V) adsorption using iron oxide at different sulfate 
concentrations. They observed a considerable decrease 
in As(V) adsorption with sulfate, and the decreased 
amount became bigger with increasing sulfate concen-

tration from 2.6 to 10 mmol/L. Nevertheless, in con-
trast to the result obtained in this study, Meng et al. 
[17] suggested that different sulfate concentrations (up 
to 300 mg/L) had no apparent influence on the removal 
of As(V) from ferric chloride.

In addition, As(V) release is affected by pH value in 
the presence of sulfate (Figures 2 and 3). The desorp-
tion rate of As(V) in the presence of sulfate [Figure 
2(b)] increases according to the order: pH 7 > pH 8 
> pH 9 > pH 6, which is different from the trend ob-
served in the presence of phosphate [Figure 2(a)]. The 
highest concentration of desorbed As(V) is 7.7 mg/L 
at sulfate concentration 1000 mg/L and pH 7 [Figure 
3(b)]. As mentioned before, As(V) adsorption/desorp-
tion depends on pH strongly, with higher desorption 
rate of As(V) occurring at higher pH. However, the de-
sorption rate of As(V) reaches the maximum value of 
69% at pH 7 instead of pH 9 in the presence of sulfate. 
A similar phenomenon is observed in a previous study 
which reported that an increased adsorption of As(V) 
was observed when pH > 7 at As(V)/SO4 molar ratio of 
1:50 [16]. The reason could possibly be the change of 
As(V) adsorption structure on nano-TiO2 after sulfate 
addition. 

As shown in Figure 4, the adsorption rate of sulfate 
is between 20%~45%. Meanwhile, the amount of sul-
fate adsorbed on nano-TiO2 is calculated and shown in 
Table 2. The quantity of sulfate adsorbed on nano-TiO2 
increases with the increasing sulfate concentration ex-
cept 1000 μM. The result is supported by other studies. 
Wijnja and Schulthess [33] observed that sulfate could 
adsorb on the surface of goethite and aluminum hy-
droxide. They found that both outer- and inner-sphere 
surface complexation of sulfate ions occurred on goe-

Figure 3. Desorption of As(V) from nano TiO2 in the presence of: (a) phosphate; and (b) sulfate as an function of pH.
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thite and aluminum hydroxide surfaces through ATR-
FTIR (attenuated total reflectance-Fourier transformed 
infrared) and Raman study. 

Recently, many other researchers have studied the 

adsorption mechanism of sulfate. The results have sug-
gested that sulfate can be adsorbed as outer-sphere [34] 
or inner-sphere complexation [35]. The type of bond 
formed may rely on experimental conditions including 
sulfate concentration and the order of anion addition 
[25,36,37]. Sulfate is adsorbed as outer-sphere com-
plexation with sulfate concentration ≤ 0.05 M, while 

Figure 4. Adsorption rate of (a) phosphate; and (b) sulfate on nano TiO2. Background ion was 0.01 M NaCl.

Table 2. The Amount of As(V) Release and  
Sulfate Adsorption on Nano TiO2 

in the Presence of Sulfate.

Soil Type

Initial 
Sulfate 

Concentration 
(μM)

As(V) 
Release 
(mg/g)

Sulfate 
Adsorption 

Amount 
(mg/g)

Desorption 
Rate (%) 

pH = 6

  50 3.46 4.91 24
100 5.02 4.93 33
250 5.46 12.44 39
500 6.27 12.38 41

 1000 7.64 5.66 52

pH = 7

  50 4.10 4.56 38
100 5.59 4.24 50
250 5.80 10.70 59
500 7.24 10.87 60

 1000 7.82 4.92 70

pH = 8

  50 1.69 4.16 29
100 2.26 3.55 34
250 2.72 8.80 38
500 3.50 8.84 56

 1000 3.55 3.92 69

pH = 9

  50 0.86 0.20 37
100 1.47 2.64 40
250 1.22 6.61 43

500 1.78 7.21 46
 1000 1.27 2.94 56

Table 1. The Amount of As(V) Release and  
Phosphate Adsorption on Nano-TiO2 

in the Presence of Phosphate.

Soil Type

Initial 
Phosphate 

Concentration 
(μM)

As(V) 
Release 
(mg/g)

Phosphate 
Adsorption 

Amount 
(mg/g)

Desorption 
Rate (%) 

pH = 6

10 2.78 0.61 19
20 3.81 1.16 27
40 4.97 2.26 34
80 5.46 4.86 38

 120 6.30 7.21 43
 240 7.72  15.67 52

pH = 7

10 3.16 0.55 29
20 4.21 0.94 40
40 5.57 1.79 48
80 6.01 4.08 56

 120 6.56 6.11 60
 240 7.72  13.17 72

pH = 8

10 1.17 0.46 23
20 1.81 0.78 34
40 2.28 1.60 38
80 2.57 3.30 62

 120 3.51 5.02 64
 240 3.85  11.29 81

pH = 9

10 0.77 0.27 37
20 1.11 0.61 47
40 1.23 1.30 68
80 1.77 2.20 70

 120 1.58 3.45 72
 240 2.20 8.78 80
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inner-sphere adsorption is the prevalent mechanism at 
higher sulfate concentrations [38]. In this study, the de-
sorption rate of As(V) is between 23%~38% with low 
sulfate concentration (50 mg/L) at various pH values, 
and between 51%~69% with higher sulfate concentra-
tion of 1000 mg/L [Figure 2(b)].

The results indicate that sulfate adsorbed on nano-
TiO2 via inner-sphere complexation is possible with 
low sulfate concentrations. Therefore, the results of 
As(V) desorption from nano-TiO2 induced by sulfate 
may be understood as sulfate forming both outer-
sphere and inner-sphere complex on nano-TiO2 surface 
at both low and high sulfate concentration. The results 
in this study are different from previous studies, which 
could be due to the different order of anion addition 
and the unique characteristics of nano-TiO2. Violante 
et al. [36] and Ji [37] found that the order of addition 
affected the performance of competing ions. Oxalate 
was less capable to replace phosphate on goethite when 
the phosphate was added before oxalate, as opposed to 
when the two ions were added simultaneously or when 
oxalate was added first [36]. 

CONCLUSIONS

This study investigated the process of As(V) de-
sorption from nano-TiO2 in the presence of various 
phosphate and sulfate concentrations at different pH 
values. The phosphate exhibits a strong influence on 
As(V) mobility at pH 9. The highest value of As(V) 
desorption rate is 85% at pH 9, and the lowest value 
is 19% at pH 6 in the presence of phosphate. Mean-
while, phosphate adsorption on nano-TiO2 occurs and 
the adsorption rate of phosphate is between 27%~48%. 
Sulfate also has an influence on As(V) desorption from 
nano-TiO2. The desorption rate of As(V) reaches the 
maximum value of 69% at pH 7. The adsorption rate of 
sulfate on nano-TiO2 is between 20%~45%.

More recently, the amount of used nano-materials 
has increased with the increasing application of nano-
materials in the removal of As from contaminated wa-
ters. However, the effect of environmental competing 
anions including phosphate and sulfate on the mobility 
of adsorbed As on nano-materials is underestimated. 
Compared to previous studies that sulfate has no obvi-
ous effect on As mobility with low sulfate concentra-
tion, our results suggest that sulfate has a significant in-
fluence on As(V) desorption from nano-TiO2. It sheds 
light on an important concern regarding the potential 
competing capability of sulfate, which deserves future 
study for deeper understanding.
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ABSTRACT: The dissolved oxygen concentration (DOC) in water is an important indica-
tor of self-purification capacity of water in wastewater treatment system. In this study, 
the operating processes of wastewater treatment systems are modeled based on the 
mechanism model. Meanwhile, different factors that influence the DOC are analyzed. 
The adaptive dynamic model of DOC is established in the Matlab environment consider-
ing white noise in the model input. The effect of the input variables (e.g., aeration tank) 
and load variables (e.g., oxygen consumption) on the DOC is analyzed in detail when 
white noise is considered in the model input. The transform transient characteristics of 
DOC are obtained after leaving out outliers of the input variables. As an on-line outlier’s 
detection method, abnormal value detection is used to remove the inferior quality data 
in order to ensure the reliability of the efficiency of the developed model. Results dem-
onstrate that the adaptive dynamic simulation model can be used to improve both the 
accuracy of modeling and the ability of modeling system dynamics.

INTRODUCTION

WASTEWATER treatment system is a nonlinear 
system with time-varying, strong-coupling char-

acteristics. Its performance could be affected by many 
factors, e.g., water flow, the sludge load and uncertain 
mixed composition in sewage inflow. Also, the dis-
solved oxygen concentration (DOC) in the wastewater 
treatment system has nonlinear, time-varying, serious 
interference characteristics [1–2]. There are strong 
coupling relationships among the concentration of 
dissolved oxygen, water components and biochemi-
cal pool components. The DOC is one of the most 
significant control variables in treatment processes for 
activated sludge. Some efficient operation and control 
technologies have been widely investigated in order to 
obtain optimal DOC under the premise that qualified 
effluent quality could be achieved. By doing this, one 
can minimize operating costs [3].

For the control strategies for DOC in the wastewater 
treatment processes, many studies have been done in 
the literature. Holmberg et al. have studied a dynam-
ics model, which can be used to estimate biochemical 
oxygen demand (BOD) of the inflow and BOD of the 

effluent [4]. A recursion method is used to estimate the 
oxygen transfer coefficients and oxygen uptake rate 
(OUR). Estimation of oxygen transfer coefficient and 
OUR according to oxygen transfer model is proposed 
by Olsson and Andrews, et al. [5–8]. The Kalman fil-
tering technique was used in the work by Olsson; An-
drews et al. took into account the dissolved oxygen for 
the constant manipulation. Its differential coefficient 
was found close to zero; thus transient characteristics 
of transmission model can be ignored. The least square 
method is used to estimate these parameters when the 
system is at steady-state. Marsili-libelli et al. [9] have 
used the least squares technique to estimate oxygen 
transfer coefficient and OUR in real time according 
to the dynamic characteristics of the air flow and dis-
solved oxygen. Controlling DOC in the processes of 
wastewater treatment is, however, still an operational 
challenge [10]. A key question for this is what the pri-
mary factors that influence the DOC are.

According to the characteristics of biochemical sew-
age treatment processes, an adaptive dynamic model is 
built by using the module of SIMULINK in Matlab to 
simulate DOC, based on a previous study [11]. Com-
bined with the self-tuning control theory, such simula-
tion model can be used to simulate the effect of the 
input variables (aeration tank to provide oxygen ca-
pacity) and the load variable (necessary oxygen con-*Author to whom correspondence should be addressed.  
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sumption) on the DOC; even white noise exists in the 
input variables. Meanwhile, a detection method is used 
to detect outliers of the input variables; the transient 
change characteristics of DOC are also examined.

WASTEWATER TREATMENT PROCESSES 
DESCRIPTION

DOC plays an important role in biological waste-
water treatment process. The aeration tank of oxygen 
deficiency or excess will lead to the deterioration of 
activated sludge’s living environment. If the oxygen is 
insufficient, filamentous bacteria can breed, leading to 
the final sludge expansion in the aeration tank. On the 
other hand, effluent water quality could be affected due 
to the decreased growth rate of other bacteria. When 
oxygen is excessive, it will cause sedimentation varia-
tion of suspended solids due to the destruction of the 
flocculant. At the same time, the cost of wastewater 
treatment could be increased by high energy consump-
tion.

A biochemical pool generally is also named as an 
aeration tank, where aerobic biological oxidation oc-
curs. Activated sludge process is a complex system 
occurring in an aeration tank. But if only consider-
ing the DOC, the processes in the aeration tank are 
comprised of two components, namely water and dis-
solved oxygen. Dissolved oxygen can be provided to 
the system either through water containing dissolved 
oxygen or through oxygen mass transfer occurring 
in the interface of gas and liquid. Generally, oxygen 
should be transferred from gas phase to the surface 
of the water, and then dissolved in water before it is 
transferred to the main body of liquid phase from the 
water surface. 

In order to improve the applicability of the simu-
lation results, the BSM1 model that is internation-

ally recognized by the international water association 
(IAWQ) was selected to simulate the biological pro-
cesses. Wastewater treatment processes are composed 
of one biological reaction tank and two sedimentation 
tanks, as shown in Figure 1. The biological reaction 
tank is composed of five units and a stirring device 
where the denitrification reaction occurred, followed 
by the aeration pool. The oxygen charging device is at 
the bottom of the three units, where the oxidation reac-
tion of carbon and nitrogen nitrification occurred. The 
analysis presented in this study is mainly for reactions 
occurring in the three units.

MATHEMATICAL MODEL OF DOC

Dynamics of DOC 

The BSM1 contains 13 kinds of components, 8 reac-
tion processes and 19 parameters. It could be affected 
by many factors, such as the complex structure of the 
model itself, model parameters, various processes in 
sewage treatment plants and the capabilities of instru-
ments measuring water quality parameters. In practice, 
justified assumptions are often needed to establish a 
simplified BSM1 model.

Due to the strong turbulence associated with waste-
water flow in the treatment of plants, it is reasonable 
to assume that the oxygen is saturated in both the gas 
phase and liquid phase. Therefore, the dynamics of 
DOC can be represented in Equation (1):

V dC
dt

Q C Q C V K a C C OURIN IN OUT L SAT= − + ⋅ − −( )

where V is volume of aeration tank in m3; QIN is wa-
ter flow in m3/h; QOUT is effluent flow in m3/h; C is 

Figure 1. BSM1 benchmark layout.

(1)
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DOC in mg/L; CIN is the DOC in the water in the unit 
of mg/L; COUT is saturated DOC in mg/L; KLa is dis-
solved oxygen mass transfer coefficient in the unit of 
h–1; and OUR is oxygen absorption rate associated with 
the substrate in the water.

Assuming the pool is thoroughly mixed and its ca-
pacity is constant, Equation (1) can be simplified to 
Equation (2):

dC
dt

Q
V

C C V K Q C CIN
IN a a SAT= − + ⋅ −( ) ( )

Where Ka is a constant in the unit of m–3; Qa is air 
flow in the unit of m3/h.

Simulation results of the input—output response of 
the aeration tank from this model is shown in Figure 
2. It can be seen that DOC at the outlet of the aeration 
tank was slowly increasing and reached steady state 
gradually [11], when air flow fed to the aeration tank 
was increased by a step change. The product of the air 
flow and the DOC is not linear with air flow, where a 
nonlinear relationship was observed.

Dynamic Model Construction

In wastewater aeration tank, the amount of transient 
oxygen is obtained through ordinary differential equa-
tions (ODE). The oxygen concentration is varied with 
time, but not with position. For reason of a simpler pre-
sentation, the transfer process of oxygen is simplified 
to a transient process. For simulating the transient pro-
cess, which is chosen as input process of the aeration 
tank, the Laplace transformations to differential equa-
tions are applied to generate operator equations and the 
corresponding transfer functions.

The dynamic model depends on the sensitivity and 
inertia index. In this paper, the mathematical model 
is studied by a graphic simulation model. The steady 
state equation of dissolved oxygen and the transfer 
function were used in mathematical modeling. The 
Simulink module in the Matlab software is used to 
model the transient processes, using empirical analysis 
of sensitivity of sewage aeration tank and inertia index 
variables.

DOC of the steady-state equation can be further 
simplified in Equation (3):

C C L k h
R k T hox

s

g
= −

⋅
⋅
1 1

2

( , , )
( , )
λ δ

Using the formulations from reference [12], the 
calculation results about the DOC linear model were 
derived. k1 and k2 are correction coefficients, and the 
values are 1.12, and 1.53; respectively; Cox is oxygen 
solubility, the value is 13.0 g/m3; Ka0 is transfer coef-
ficients, its value is 0.18 (g/m3)/(m3/min), and Kq0 is 
–0.012 (g/m3)/(m3/min).

The interpretation and description about all the pa-
rameters associated with the DOC model are shown in 
Table 1.

In general, the dynamic process occurs in the aera-
tion tank, since the Ka (Rg, L), Kq (Rg) and the process 
inertia constants change with the transition of oxygen, 
and these parameters are time-varying. The inertia time 
constants and the transfer coefficients separately are 
defined as inertia indexes and sensitivity indexes.

Figure 2. Aeration tank air flow changes and dissolved oxygen re-
sponse curves.

(2)

(3)

Table 1. Parameters, Symbols and Meanings.

Parameters, 
Symbols Meanings Unit

Cox oxygen solubility g/m3

T wastewater temperature °C
h submerging depth of air diffusors m
L = Q(Ra – Rt) oxygen consumption in wastewater treat-

ment as a required load
g/min

Q wastewater afflux m3/min
Ra total pollution control of the oxygen demand g/m3

Rt oxygen demand in effluent wastewater g/m3

Rg the amount of air provided to the aeration 
tank

m3/min

K1(h, λd, δs) aeration unit estimating coefficient of oxy-
gen concentration

/

λd with a disk export airflow intensity m3/h
δs disk density of the floor area of aeration 

tank
/

K2(T, h) oxygen transfer coefficient of activated 
sludge

/
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In the transient process, the sensitivity and inertia 
indexes are mathematically defined as follows:

K R L L k h
R k T ha g

d s

g
( , ) ( , , )

( , )
=

⋅
⋅
1

2
2 0

λ δ

and

K R k h
R k T hq g

d s

g
( ) ( , , )

( , )
= −

⋅
1

2 0

λ δ

T R V k h
R k T ha g

d s

g
( ) ( , , )

( , )
=

⋅
⋅
1

2 0

λ δ

and

T L C V C k T h
L k hq

d s
( , ) . ( , )

( , , )
=

⋅
⋅

2 0

1 λ δ

Coefficient k1 (h, λ1, δs) is a function of the vari-
able λd. Though k1 changes only 3% of k10, it can be 
assumed that k1 and k10 are of the same value, 1.12. 
Water temperature, T, is 10°C; submerging depth of air 
diffusers, h, is 4 m; disk density of the floor area of 
aeration tank δs is 0.063; with a disk export airflow in-
tensity, λd, is 1.5 m3/h; and wastewater volume in aera-
tion tank, V, is 1200 m3.

The mathematical model of the oxygen concentra-
tion C(t) in the process of the transient could be ob-
tained by Laplace transform, as shown in Equation (6). 
[13]:

C s Y s R s Y s L s Ca g q( ) ( ) ( ) ( ) ( )= ⋅ + ⋅ +∆ ∆ 0

Y s
K R L
T R s

Y s
K L

T L C sa
a g

a g
q

q g

q
( )

( , )
( )

, ( )
( )

( , )
=

⋅ +
=

⋅ +1 1
  

where C(s) is the result of the oxygen concentration 
processed by Laplace transform in the dynamic model; 
Ya (s) is the transfer functions of an input impact chan-
nel, and Yq (s) is taken as the transfer functions of a 
load impact channel.

As the oxygen transient process of transfer function 
is steady, the equations can’t be directly solved. Nu-
merical results, however, can be obtained using Mat-
lab.

Abnormal Value Detection Method

Due to the characteristics of strong nonlinear, time-
varying parameters in the sewage treatment process, 
the process operated in a dynamic complex disturbance 

environment, uncertain disturbance will make the data 
inferior. At the same time, the incorrect operation or 
measurement instrument failure, abnormal measure-
ment could be recorded. The presence of such outli-
ers can often affect the prediction performance of the 
model. Therefore, an on-line outliers detection method 
was developed. The 3δ rule is the simplest method for 
outlier detection. However, as the mean and standard 
deviation could be easily affected by outliers, practical 
application of the 3δ rule is limited. Hampel used the 
median absolute deviation (MAD) and median (Med) 
instead of the standard deviation and mean and devel-
oped a more robust detection method [14]. Given a set 
of measuring sequence x :{ x (t), t = 1, 2,…, L}, if

| ( ) ( ) | ( )x t Med x MAD x− > ×3

Among them

MAD x Med x Med x( ) . ( ( ))= × −1 4826

Based on the definition of Hampel method, x(t) are 
marked as outliers [15].

In this study, the measurement data is defined as a 
moderate outlier if it meets Equation (8) and does not 
meet Equation (10). A measurement data is defined as a 
severe abnormal value if it meets Equation (10).

| ( ) ( ) | ( )x t Med x MAD x− > ×6

The rest of the measurement data is defined as nor-
mal data.

Through detecting the input variables and excluding 
the abnormal value, the correctness of input data qual-
ity can be ensured. This will relieve the high interfer-
ence problem in the wastewater treatment process.

SIMULATION RESULTS

The initial value of transfer coefficient for the dy-
namic model, Ka0, is 0.18(g/m3)/(m3/min), and Kq0 
is –0.012(g/m3)/(m3/min) [16–18]. At the same time 
white noise was added to the model input. Simulation 
results are shown in Figure 3.

Initial values for the following were set to model 
sensitivity and inertia index. Sewage aeration capacity 
Lg0 is 60 m3/min; Oxygen consumption load q0 is 900 
g/m3; Oxygen concentration C0 is 2 g/m3. At the same 
time white noise was added to the model input. The 
sensitivity and inertia index of the dynamic model are 
shown in Figure 4.

(4)

(5)

(6)

(7)

(8)

(9)

(10)
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The constant setting load, L, is 600 g/min, while air 
supply to the sewage aeration tank reduced from its 
maximum (80 m3/min) to its minimum (40 m3/min). 
The sensitive index Ka changed from its minimum 
(0.07(g/m3)/(m3/min)) to its maximum (0.31(g/m3)/
(m3/min)). As can be seen from Figure 8, the dynamic 

model of the DOC (Cn) remained at around 2 g/m3, 
which is more accurate and stable than the DOC under 
steady state model (Cs).

At the time of the peak load (L), oxygen capacity of 
the aeration tank (Rg) reached its maximum value to 
maintain a certain DOC. When the load was low, the 

Figure 3. The variation profile of the relevant parameters: (a) The sensitivity index profile under aeration variation; (b) The sensitivity index 
profile under load variation; (c) Oxygen expenditure as a load; and (d) Aeration rate.

Figure 4. The performance comparison of the steady and dynamic models: (a) Characteristics of sensitivity and inertia indexes for steady and 
dynamic models; and (b) Oxygen concentration for steady and dynamic models.
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aeration capacity decreased. The increase and decrease 
of the oxygen aeration capacity and load can lead to 
the variations of the DOC. Sensitive index (Ka) around 
the average initial value is 0.18 (g/m3)/(m3/min), the 
change range of which is plus or minus 50%. There-
fore, the dynamic model can adapt to changes in index 
variables. As sewage aeration tank sensitivity and iner-
tia index change significantly, the dynamic model can 
ensure the accuracy of the simulated DOC.

CONCLUSIONS

Based on the analyses of the dynamic model of the 
DOC in sewage treatment, an outlier detection method 
and Laplace transform are used to solve the steady-
state equation of DOC. The adaptive dynamic model of 
DOC was established in the Matlab environment con-
sidering white noise in the model input. The primary 
impact factors on the DOC are analyzed, where both 
the load and oxygen capacity of the aeration pool have 
an effect on the DOC. At the same time, results dem-
onstrate that the adaptive dynamic model can improve 
modeling accuracy of DOC. An extension of this study 
could focus on optimal control strategies for DOC in 
wastewater treatment processes.
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ABSTRACT: In this paper, a new consolidation technology is proposed for solidifying 
the fly ash from municipal solid waste; moreover, the safety of the solidified fly ash for 
practical applications is investigated. This approach aims to address the high levels of 
heavy metals, such as Pb and Zn, in the fly ash from municipal solid waste, which ex-
ceed the national emission standards for solid waste and water discharge in China. This 
consolidation method was found to increase the compressive strength (after 28 days) of 
fly ash concrete from municipal solid waste to values greater than 40 MPa. Furthermore, 
the asphalt mixture prepared with the fly ash concrete offered some excellent advan-
tages, such as better residual Marshall Values and rutting resistance, which are benefi-
cial when laying roads. Additionally, the leaching toxicity of the asphalt mixture was well 
within the limits prescribed by the national emission standards, which implies that the 
heavy metal ions were effectively bound in the asphalt mixture and the aggregate was 
stably solidified.

INTRODUCTION

THE rapid increase in the rate of municipal solid 
waste (MSW) production, which is typically be-

tween 10–12% a year in countries like China, has ne-
cessitated the development of effective technologies 
for its disposal. At present, methods such as landfill-
ing, incineration, composting and recycling are still the 
chief ways of treating and disposing of MSW. How-
ever, it has been seen over the past few decades that 
these waste disposal practices can be inefficient and 
cause pollution. Furthermore, each processing technol-
ogy has its limitations, which cannot be ignored. For 
example: gases and leachates are generated by land-
filling; incineration produces dioxins and furan and 
attracts mosquitoes; and the quality of the obtained 
compost is affected by the presence of glass and other 
impurities [1–2]. 

In order to make effective use of the existing treat-
ment facilities and address the challenge of efficiently 
treating MSW, a novel technology, which combines 
incineration and double consolidation with inorganic 
gelling materials and asphalt, is proposed in this paper. 

Using this technology, the toxic hazardous substances 
in MSW, such as fly ash, and in particular the heavy 
metal ions, are effectively bound and stably solidi-
fied so that the resulting sludge is unpolluted by these 
substances. It is noteworthy that an asphalt mixture 
prepared by concentrating MSW fly ash offers excel-
lent advantages, such as better mechanical properties 
than those of common asphalt mixtures and improved 
performance when used for laying roads. The stability 
imparted by the presence of heavy metal ions in the 
asphalt mixture, which was prepared by concentrating 
MSW fly ash, was evaluated using the toxicity charac-
teristic leaching procedure (TCLP) and multilevel ex-
traction technology to check whether it complies with 
the Chinese national emission standards, GB5086.2-
1997 [3], and the United States (U.S.) Environmental 
Protection Agency (EPA) standards, SW-846.

EXPERIMENTAL METHODS

Raw Materials

The following raw materials were used in the ex-
periments.

 • Slag: The ground slag for the experiments was pro-*Author to whom correspondence should be addressed.  
E-mail: jakys@163.com; Tel: 13454710396
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cured from New Building Materials Co. Ltd. Shang-
hai Baotian. The slag had a specific data of 460 m2/kg
and its chemical composition is shown in Table 1.

 • Steel slag: The ground steel slag for the experiments 
was procured from Shanghai BaoSteel Metallurgy 
Construction Company. The slag had a specific data 
of 500 m2/kg and its chemical composition is shown 
in Table 1.

 • Curing agent: The curing agent used in the experi-
ments was prepared in-house.

 • MSW fly ash: The MSW fly ash produced by the 
solid waste incineration plant in Ningbo, China, was 
used in the experiments.

 • Asphalt: Sinopec Asphalt70# was used in the ex-
periments. The overall performance of the asphalt is 
shown in Table 2.

The results of the experimental AC-16I gradation of 
the asphalt mixture are shown in Table 3. The asphalt 
aggregate ratio was 4.8%.

Method

After drying, the MSW fly ash was mixed with the 
curing agent in ratios of 1:2, 1:2.5, and 1:3. The size of 
each sample was 40 mm × 40 mm × 160 mm, and sam-
ples were kept in a standard curing room before their 
bending and compressive strengths were measured 
according to the GB/T50081-2002 standards. Subse-
quently, the samples were divided into 120 categories, 
and then the asphalt mixture was prepared by powder 
concretion with the MSW fly ash, or with limestone 
dust.

The mechanical properties of the asphalt mixtures 
obtained were evaluated using the Marshall test ac-
cording to the JTJ052-2000 (T0709) standards; more-
over, the results obtained for an asphalt mixture with 
MSW fly ash were compared with those obtained for 
the mixture with limestone dust. The influence of the 
different proportions of the MSW fly ash on the wa-
ter solubility of the asphalt mixture was evaluated by 
performing a freeze-thaw splitting test according to the 
JTJ052-2000 (T0729) standards.

Additionally, the influence of the different propor-
tions of MSW fly ash on the high-temperature stability 
of the asphalt mixture was evaluated by performing a 
wheel rutting resistance test according to the JTJ052-
2000 (T0719) standards. 

The toxicity level, i.e., the heavy metal content, in 
the asphalt mixture prepared with the MSW fly ash was 
tested according to the GB5086.2-1997 national stan-
dards. Furthermore, the maximum leaching toxicity of 
heavy metals using the TCLP was also tested accord-
ing to the US EPA standards, SW-846 [4].

RESULTS AND DISCUSSION

The Leaching Toxicity of MSW Fly Ash Concrete

In order to understand the influence of the double 
consolidation technology on the safety of the asphalt 
mixture prepared with MSW fly ash concrete, the 
leaching toxicity of the mixture was measured. The ex-
perimental results are shown in Figure 1.

The leaching toxicity of the heavy metal ions in 
the asphalt mixture with the MSW fly ash, which was 
prepared using the double consolidation method, was 
tested using the fly ash level oscillation method. The 
leaching toxicity was found to be lower than the na-
tional emission standards for solid waste and water dis-
charge. Furthermore, the maximum leaching toxicity 
of the heavy metal ions, as determined using the TCLP, 
was also lower than these national emission standards. 

Table 1. Chemical Composition of Slag and Steel 
Slag Powder (wt%) Used in the Experiments.

Sample SiO2 Al2O3 Fe2O3 CaO MgO SO3

Loss on 
Combustion

Slag 32.3 14.3 0.2 39.0 7.7 1.0 1.89
Steel slag 14.7 3.4 21.0 45.0 9.0 0.4 1.65

Table 2. The Performance of the Asphalt70#.

Test Asphalt70# Test Asphalt70#

Penetration/0.1 mm
15°C 23.0

Thin Film Oven Test (TFOT)
Penetration (25°C)/0.1 mm 41.5

25°C 71.3 Ductility (10°C)/cm 18.0
30°C 138 Softening point/°C 51.4

Ductility/cm
5°C not measured Penetration ratio (10°C)/% 58.2
7°C not measured Mass loss/% 0.71

10°C 58 T800/°C 45.0058

Softening point/°C 47.4 T1.2/°C –9.8272
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However, the leaching toxicity of the heavy metal ions 
in the MSW fly ash, when tested alone, was higher than 
these emission standards. The fractions of metal ions 
from the MSW fly ash remaining in the asphalt mix-
ture were 98%, 99%, 97%, 99%, 98%, and 100% for 
Pb, Zn, Cd, Cr, Cu, and Ni, respectively. Therefore, the 
heavy metal ions present in the MSW fly ash were ef-
fectively stabilized in the asphalt mixture by the double 
consolidation method.

The Mechanisms for the Stabilization of Heavy 
Metal Ions in the Asphalt Mixture Prepared by the 
Concretion of MSW Fly Ash 

The heavy metal ions of Pb, Zn, Cr, and Cd that 
were present in the asphalt mixture, which contained 

the MSW fly ash prepared using the double consoli-
dation method, could be analyzed using a multistage 
extraction process. This experiment was carried out to 
confirm the long-term stability of the asphalt mixture 
prepared using the double consolidation method; the 
results are shown in Figure 2.

In the multistage extraction process, 10% of the Pb, 
as a representative heavy metal, was acid soluble and 
found in the form of heavy metal carbonates and hy-
droxides. The heavy metal ions of all types in this form 
leached readily; however the percentages remaining 
in the aqueous solution were less than 10%, which is 
below the national discharge standards prescribed. In 
addition, the amount of Pb present in the amorphous 
ferric oxide was 15%, and was mainly in the form of 
heavy metal sulfates and elemental heavy metals. The 

Figure 1. The results of the toxicity testing to determine the heavy metal content in the asphalt mixture prepared with MSW fly ash.

Table 3. Experimental AC-16I Gradation of the Asphalt Mixture.

Gradation

Percentage (%) Gradation for the Following Sieve Sizes (mm)

0.075 0.15 0.3 0.6 1.18 2.36 4.75 9.5 13.2 16.0

Upper limit 8 15 21 28 37 50 63 78 90 100
Lower limit 4 7 11 16 22 32 42 58 75 95
Experimental gradation 3 11 16 22 29.5 41 52.5 68 82.5 97.5
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heavy metal ions found in heavy metal sulfates, oxides, 
and chromates were hardly leached under these condi-
tions, and the amount of Pb found in the crystalline fer-
ric oxide was 52%. The remaining 18% of the Pb was 
retained as residuals owing to the minimal leaching of 
heavy metal ions in the silicate or aluminum silicate 
families, or in elemental or oxide forms. More than 
88% of the Zn, Cd, and Cr in the asphalt mixture was 
in the form of bound organics, amorphous ferric ox-
ides, crystalline ferric oxides, or residuals. This shows 
that the physical and chemical reactions triggered in 
the asphalt mixture during concretion produced stable 
mineral phases, such as heavy metal sulfates, elemen-
tal heavy metals, oxide or chromate salts, silicates, and 
aluminum silicates.

These heavy metal ions were hardly leached under 
the conditions prescribed by the national testing stan-
dards. Therefore, the double consolidation of the as-
phalt mixture prepared with MSW fly ash can be ap-
plied safely for practical purposes.

The Replacement of the Limestone Dust in a 
Common Asphalt Mixture Containing MSW Fly 
Ash Concrete and a Comparison of the Stability

The compositional analysis of the different asphalt 
mixtures indicated that the CaO content in the MSW 
fly ash concrete was much higher than that in the lime-
stone dust mixture. Thus, the limestone dust was re-
placed with MSW fly ash concrete to improve the al-
kalinity and adhesion of the aggregate and the asphalt.

The MSW fly ash concrete produced for the experi-
ments was fully ground to pass through a 0.0075 mm 
standard test sieve. The grade of the asphalt mixture 
was at the medium level, according AC-16I. In the 
common asphalt mixture, the ratio of limestone dust 
is 6%, and in the experiments in this paper 25%, 50%, 
75%, or 100% of this limestone dust was replaced by 
MSW fly ash concrete. The performance index of the 
asphalt mixture after the replacement was determined 
by the Marshall Stability test. The results of this sta-

Figure 2. The results of the multilevel extraction.
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bility test for the MSW fly ash concrete mixture are 
shown in Figure 3.

These results show that replacing the limestone dust 
with MSW fly ash concrete can improve the stability 
of the aggregate and the asphalt. As the amount of the 
MSW fly ash concrete increased, the stability and its 
residual stability gradually increased, with the stability 
being maximized when 75% of the limestone dust was 
replaced with the MSW fly ash. However, when the 
amount of fly ash was increased further, the stability 
decreased marginally. 

According to the chemical reaction theory, the alka-
linity of the MSW fly ash concrete is higher than that 
of the limestone dust. Therefore, the acidic materials in 
the asphalt reacted completely with the alkaline MSW 
fly ash concrete, which could improve the adhesion 
between the asphalt and the aggregate. The maximum 
stability obtained when 75% of the limestone dust was 
replaced with MSW fly ash may be attributed to the 
complete reaction of the asphalt mixture (of defined 
contents) with the alkaline materials in the MSW fly 
ash concrete, much like the reaction with CaO. When 
the amount of fly ash was increased further, it is pos-
sible that the reaction was incomplete, which explains 
why the Marshall stability did not increase further. 
However, further experimental evidence, specifically 

with regard to the exact compositions of the asphalt 
and MSW fly ash concrete, as well as their acidity and 
alkalinity, are required to unambiguously confirm this 
reasoning.

The Water Stability of the Asphalt Mixture 
Containing MSW Fly Ash Concrete Prepared by 
Double Consolidation [5]

Fresh water, seawater, and sulfate liquor with 5% 
of Na2SO4 were employed in the freeze-thaw splitting 
tests, with the test results displayed in Figures 4(a) and 
4(b).

The test results show that the addition of MSW fly 
ash concrete improved the water stability of the asphalt 
mixture; this was due to the alkaline nature of the fly 
ash. The asphalt, which contained carboxylic acid and 
sulfoxides, acted as a weak acid. Therefore, when the 
MSW fly ash concrete was evenly distributed in the 
asphalt mixture, the compounds reacted to form neutral 
and stable products. These products adhered to the sur-
face of the aggregate and were difficult to remove, thus 
improving the water stability of the asphalt mixture. 

Furthermore, the test results also show that the wa-
ter stability of the asphalt mixture prepared with MSW 
fly ash concrete significantly differed depending on the 

Figure 3. The results of the Marshall stability test of the MSW fly ash concrete mixture.
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test medium employed. The stability of the asphalt mix-
ture was more pronounced in fresh water, for which the 
test results (TSR) exceeded 75%. The TSR in seawater 
was also high, while the minimum TSR was observed 
in sulfate liquor.

The High-temperature Stability of Asphalt 
Mixture Containing MSW Fly Ash Concrete 
Prepared by Double Consolidation 

The results of the wheel rutting test of the asphalt 
mixture are shown in Figure 5, where it can be seen 
that the dynamic stability of the asphalt mixture in-
creased significantly by increasing the MSW fly ash 
content. However, the increase in the dynamic stability 
of the asphalt mixture was not very significant when 
more than 75% of the limestone dust was replaced with 
the MSW fly ash concrete. 

CONCLUSIONS 

The following conclusions can be drawn from this 
study.

 • The heavy ions present in MSW fly ash concrete 
were stabilized in the asphalt mixture during the 
double consolidation, which included the addition 
of the curing agent and asphalt. The leaching toxic-
ity of heavy metal ions, as tested using the flat oscil-
lation method or the TCLP, in the asphalt mixture 
prepared with the MSW fly ash concrete was far less 
than the limits prescribed by the national solid waste 
emission standards. Furthermore, because the bind-
ing between the heavy metals and the MSW fly ash 
concrete was significantly strengthened, the leach-
ing toxicity of the heavy metals decreased.

 • The multilevel extraction experiments demonstrated 

Figure 4. (a) The water stability of the asphalt mixture; and (b) The water stability of the asphalt mixture.
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Figure 5. The results of the wheel rutting test carried out with the asphalt mixture.

that the heavy metal ions in the MSW fly ash con-
crete were stable in the asphalt mixture. The stabili-
zation of the heavy metal ions during the preparation 
of the asphalt mixture is attributed to a combination 
of chemical bonding and physical encapsulation.

 • The results of the freeze-thaw splitting tests and 
wheel rutting tests of the asphalt mixtures, which 
were produced using the double consolidation tech-
nology, showed that the water stability and rutting 
resistance of the MSW fly ash concrete were better 
than those of common asphalt mixtures. Thus, the 
MSW fly ash subjected to the double consolidation 
method could be used to prepare asphalt mixtures 
that can be used safely for practical purposes.
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ABSTRACT: Sole use of polymeric aluminum ferric chloride (PAFC) and its combina-
tion with composite polymeric aluminum ferric chloride/poly-dimethyl-diallyl- ammonium 
chloride coagulant (PAFC-PDMDAAC), chlorine dioxide (ClO2) and composite potas-
sium permanganate (PPC) were tested for treating retrieved water from the Yellow river 
during the period of low temperature and low turbidity. Such tests were carried out un-
der full load operation in a water plant with conventional process. Results showed that 
the combined use of PPC and PAFC-PDMDAAC was more effective in treating influent 
with low temperature and low turbidity than the other coagulants. The turbidity, oxygen 
consumption, total trihalomethanes (THM) and absorbable organic halogens (AOX) in 
the effluent were compared with effluent under the sole treatment of PAFC, reduced by 
76.8%, 14.2%, 60.8% and 19.4%, respectively. The operation cost, however, was only 
increased by 0.024 yuan/m3, denoting that it is a cost-effective method.

INTRODUCTION

FOR many years, the Yellow River of China has al-
leviated the pressure of local urban water demand 

for cities along its main stream and ensured local 
economic and social development. In order to ensure 
water availability, most of the downstream towns of 
the Yellow River have built Yinhuang reservoirs. The 
turbidity of the Yellow River water was reduced after 
pre-sedimentation. Low turbidity, high nitrogen and 
phosphorus content and high residence time of water 
in the Yinhuang reservoir water lead to low turbidity 
and high algae. 

At present, most of the water supply treatment 
plants using Yinhuang reservoirs as water sources have 
adopted conventional treatment process. The treatment 
is often ineffective and effluents from treatment plants 
fail to meet the water quality standard during the period 
of winter and spring when water is at low temperature 
and of low turbidity. The study has shown that conven-
tional technology can remove more than 60% of the 
oxygen consumption in the raw water, so it is a promis-
ing method for water treatment [1]. The conventional 
technology is mainly to improve and optimize the con-
ventional processes or to add new treatment process-
es to remove turbidity, viruses, microorganisms and 

organic pollutants to meet the new quality standards 
of drinking water. It mainly includes chemical oxida-
tion, enhanced coagulation and improved filtering, etc. 
Among them the optimization of coagulants and pre-
oxidation, etc. is usually given high priorities. Such 
operation improvement is simple and economic. The 
effectiveness of enhancing treatment of water with low 
turbidity through permanganate oxidation, polyacryl-
amide (PAM) aided coagulation and sludge recycling 
was investigated through continuous bench studies [2]. 
Compared with ferric chloride coagulation, sole use of 
recycling sedimentation sludge was ineffective in treat-
ing water with low turbidity. PAM with recycled sludge 
showed improved effects, and additional permanganate 
dosing could lead to much lower effluent turbidity and 
oxygen consumption (CODMn). Studies showed that 
the addition of aluminium sulphate and polyaluminium 
chloride (PAC) coagulants could remove turbidity of 
water in the typical upstream of the Yellow River in 
the winter with low temperature and low turbidity. But 
such processes could lead to excess aluminium. The 
combined use of PAC and FeCl3 could also increase 
the iron residue [3]. The combined use of polymeric 
ferric chloride (PFC) and a small dose of dimethyl di-
ene propyl chloride homopolymer (PDMDAAC) has 
a better flocculation effect on surface drinking wa-
ter than that by sole use of PFC or PDMDAAC [4]. 
A chlorine dioxide (ClO2) preoxidation process could 
enhance the coagulation effect of the conventional pro-
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cess and increase the removal rate of chromaticity and 
turbidity. It also improves the removal rate of algae and 
its intracellular pollutants and effectively inhibits the 
formation of disinfection by-products [5]. Compara-
tive pilot tests were conducted to investigate the co-
agulation-aiding effects of combined preoxidation by 
potassium permanganate composites with chlorine and 
preozonation [6]. Results showed that it could further 
improve the quality of treated water by the synergistic 
effect of the intermediate such as hydrous manganese 
dioxide, which was generated by potassium permanga-
nate. The addition of composite potassium permanga-
nate could significantly increase the size and density 
of the flocculation mass, improve the effect of static 
precipitation and enhance the removal rate of turbidity 
[7]. The addition of potassium permanganate coagulant 
aids could also help PFC-PDMDAAC composite floc-
culants increase the removal rate of permanganate in-
dex [4]. Sun Yunkai et al. [8] focused on treating water 
from the Danjiangkou reservoir by optimizing the dos-
age and precipitation time of three kinds of commonly 
used coagulants, namely FeCl3, PAC and aluminum 
sulfate (AS). The adaptability test with the optimal co-
agulant was carried out in a pilot study. Results from 
Sun et al. revealed that the coagulant had a good adapt-
ability. The strengthening of the conventional process 
with carefully selected chemicals has drawn increasing 
attention in the research community. Very few studies 
focused on the production test of actual operation of a 
water treatment plant. In this paper, a production test 
for strengthening the conventional process with added 
chemicals was conducted for Yinhuang water plant. 

EXPERIMENTAL PROCEDURE AND  
MATERIALS

Quality of Raw Water

The main water quality indexes of the raw water are 
listed in Table 1.

Experimental Materials

Polymeric aluminum ferric chloride (PAFC) pro-
duced by Shandong Zibo Water Purifier Plant is used in 

this study. Its main parameters are listed as following. 
Its relative density is 1.24 (20°C); alumina content is 
10.5–11.26; iron oxide content is 2–4% and its basicity 
is 70–92%. The unit price is 800 yuan per ton.

Composite polymeric aluminum ferric chloride/ 
poly-dimethyl-diallyl-ammonium chloride coagulant 
(PAFC-PDMDAAC) comprised of PAFC and PD-
MDAAC (2%) at the price of 1200 yuan per ton is 
produced by the Chemical factory of Jinan Quancheng 
Water co., LTD.

The characteristics of Chlorine dioxide (ClO2) pro-
duced by Zibo Huarun Trade co., LTD. is described as 
following. Its raw liquor concentration is 6% and its 
ClO2 purity is greater than 99%. Its price is 5400 yuan 
per ton. It is often activated using a complete set of 
activator and added by water ejector.

Potassium permanganate composite agents (PPC) 
are compounded with food grade coagulant aids and 
water quality regulator. Concentration of potassium 
permanganate is 5% and its price is 1600 yuan per 
ton. It is produced by the chemical reagent factory of 
Shengli Oilfield Water Supply Company. 

Water Treatment Plant

Raw water of the plant was retrieved from the Yin-
huang reservoir. The design capacity of the water treat-
ment plant was 400000 m3/d. Conventional treatment 
processes include coagulation, sedimentation, filtration 
and disinfection (As shown in Figure 1). PAFC was 
used as coagulant and a static mixer and a folded plate 
were used to facilitate coagulation. The flat flow type 
of sedimentation basin with length of 120 m and resi-
dence time of 2 h was used. The v-shaped filter, with 
filtration rate of 8 m/h and combined recoil with gas 
and water, was employed. Liquid chlorine was adopted 
for disinfection. Comparison between the strengthen-
ing with the composite coagulant (PAFC-PDMDAAC) 
and the enhancing by pre-oxidation with ClO2 or PPC 
conventional process was optimized to treat with low 
temperature and low turbidity.

Methodology

The production tests were divided into four stages, 

Table 1. Quality Conditions of Raw Water During the Period with Low Temperature and Low Turbidity.

pH
CODMn 
(mg/L)

Turbidity 
(NTU)

Algae 
(million/L)

Chlorophyll a 
(μg/L)

Ammonia nitrogen 
(mg/L)

Temperature 
(°C)

7.8–8.3 2.1–3.5 < 5 < 20 2.0–5.2 0.1–0.2 1–3
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and each stage was defined as a working condition, as 
shown in Table 2. The tests were carried out during the 
period with low temperature and low turbidity between 
December and January. The samples were collected at 
each treating process and analyzed after 5-day running 
of the water treatment plant under each condition. The 
average values of 5 days during the test were taken to 
investigate the efficiency of water purification under 
different working conditions. The switch interval be-
tween the working conditions was 2 days.

Water Quality Analysis

pH value was measured by HI8424 portable pH me-
ter. Turbidity was measured by Hach 2100P turbidity 
meter. CODMn was analyzed using potassium perman-
ganate method. UV254 was tested by UV2100 ultra-
violet spectrophotometer. Total algae were observed 
under the microscope. The chlorophyll a (Chl-a) was 
measured using spectrophotometric method. Total tri-
halomethane (THM) was measured by head space-gas 
chromatography. TOC was analyzed by TOC-VCPH 
total organic carbon analyzer. Absorbable organic ha-
lides (AOX) was analyzed by Multi X 2500 total or-
ganic halogen analyzer. Water temperature was mea-
sured by thermometer.

RESULTS AND DISCUSSION

Removal Effect of Turbidity

Removal effect of turbidity under different condi-

tions is shown in Figure 2. Both turbidities in the wa-
ter under condition 1 and condition 2 are more than 1 
NTU. However the turbidities was reduced to 0.6 NTU 
after preoxidation and precipitation with ClO2 and 
PPC. It should be noted that for effective removal of 
turbidity in the coagulation process, reduction of filter 
load and the strengthening of the coagulation precipi-
tation are important [1]. The turbidities of the effluent 
under the four conditions were 0.56, 0.4, 0.22, 0.13 
NTU, respectively. The turbidities of the effluent under 
condition 2, condition 3 and condition 4 were reduced 
by 28.6%, 60.7% and 76.8% respectively, compared to 
that under condition 1.

On the one hand, hydrolysis effect of conventional 
coagulants at low temperature is not ideal due to some 
disadvantages, e.g., slow Brownian motion, limited ef-
fective collision between particles, larger viscosity co-
efficient of water, higher zeta potential, larger exclude 
potential energy between particles, lower flocculation 
reaction speed and slow formation of flocs. In the low-
temperature water, the colloid presents solvent state 
because of the hydration around the particles, which is 
unfavorable for the formation of flocculating body. On 
the other hand, low turbidity means less contaminant 
particles in water. A colloidal dispersion system with 
low turbidity has strong dynamic stability and coagu-
lation stability and only a handful of colloid particles 
are negatively charged, which was not conducive to 
the formation of flocs. Therefore, the turbidity of water 
with low temperature and low turbidity was difficult to 
remove.

PAFC-PDMDAAC composite coagulant improves 
the coagulation effect compared to PAFC because it 
could increase inorganic coagulants in hydrolysis of 
polynuclear hydroxy complex compounds, leading to 
the increased coagulation efficiency [9]. PDMDAAC is 
a kind of cationic flocculant with high positive charge, 
which can destabilize the negatively charged colloid 
particles in water with low temperature and low turbid-
ity and less colloid particles at the same time, and can 
enhance the PAFC abilities of charge neutrality and ad-
sorption bridging, resulting in enhanced coagulation [4]. 

Figure 1. The process of experimental water plant.

Table 2. Working Condition of the Production Tests.

Working 
Condition Coagulant Type

Dosage 
(mg/L)

Oxidation Agent

Type
Dosage 
(mg/L)

Condition 1 PAFC 20 – –
Condition 2 PAFC-PDMDAAC 20 – –
Condition 3 PAFC-PDMDAAC 20 ClO2 0.5
Condition 4 PAFC-PDMDAAC 20 PPC 0.5
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The condition 3 further reduces the turbidity of sedi-
ment by the synergistic effects of ClO2 oxidation and 
PAFC-PDMDAAC. This is partially due to the fact that 
ClO2 is a strong oxidant and can change the size and 
the shape of the electric charge on the surface, as well 
as the surface characteristics of the suspended solids in 
water, which is advantageous to the coagulation [10].

The condition 4 has significantly strengthened co-
agulation and improved filtration efficiency. The oxi-
dation of PPC could destroy the protection of organic 
matters in water to colloid material, and strengthen the 
colloid stability off, resulting to the improved coagula-
tion. New ecological hydrated manganese dioxide col-
loid can be formed due to that the reduction of potassi-
um permanganate could form relatively compact flocs. 
Such flocs usually have large specific surface area and 
high formation speed, leading to the settling down of 
particulate matters in the water [11]. 

Removal Effect of Organics

The removal effect of CODMn and TOC under dif-
ferent conditions is shown in Figure 3. The removal 
rate of CODMn under condition 2 was the largest and 
it was about 10% for the other three conditions dur-
ing sedimentation stage. The removal rate of CODMn 

under the four conditions was about 10% during fil-
tration stage. The concentration of CODMn in effluent 
under the four conditions was 1.76, 1.56, 1.52, 1.51 
mg/L respectively. Concentration of CODMn in the ef-
fluent under condition 2, condition 3 and condition 4 
was reduced by 11.4%, 13.6% and 14.2% respectively 
compared with that under condition 1. The removal ef-
ficiency of TOC under the four conditions was poor, 
and the TOCs contained in the effluent were 2.21, 2.12, 
2.03 and 1.95 mg/L respectively. TOCs in the effluent 
under condition 2, condition 3 and condition 4 were 
reduced by 4.1%, 8.1% and 11.8%, respectively, com-
pared with that under condition 1. 

Previous studies showed that the removal of organic 
matter is mainly through chelating reaction with iron 
and aluminum coagulant [12]. For condition 2, Iron, 
Aluminum and PDMDAAC components of PAFC-PD-
MDAAC composite coagulant create synergies, which 
increase the organic matter removal efficiency.

The organic matter removal of the condition 3 is 
improved by the synergistic effects of ClO2 oxidation, 
enhanced coagulation and PAFC-PDMDAAC. ClO2 
can lead to the instability and aggregation of colloidal 
solids. The macromolecular organic matter could then 
turn into small molecule organic matter, which is ben-
eficial for coagulation [10].

Figure 2. Removal effect of turbidity under different conditions.



Test Study of Enhanced Coagulation for Conventional Treatment with Low Temperature and Low Turbidity S43

The condition 4 has greatly increased the removal 
rate of organic matter by the synergistic effects of 
PPC oxidation, adsorption, enhanced coagulation and 
PAFC-PDMDAAC. PPC could enhance the remov-
al rate of organic matter [13]. The oxidation of PPC 
could change the structure of some organic materials, 
for some oxidized substances can be oxidized to inor-
ganic substance. Dysoxidized organic matter is mainly 
removed through the adsorption and package of MnO2 
colloid. 

Removal of Algae

The removal rates of the total algae and Chl-a under 
different conditions are shown in Figure 5. The remov-
al rates of total algae and Chl-a under condition 1 and 
condition 2 were low during coagulation precipitation, 
denoting that the total algae and Chl-a were mainly 
removed during filtration process and so filter loading 
was heavy. However, the removal capacities of total 
algae and Chl-a under condition 1 and condition 2 were 
improved due to the preoxidation by adding ClO2 and 
PPC during coagulation precipitation. This indicates 
that the filter load was reduced. The total algae in the 
effluent under the four conditions were not detected but 
the Chl-a was measured to be 0.35, 0.23, 0.08 and 0.07 
μg/L, respectively. The Chl-a in the effluent under con-
dition 2, condition 3 and condition 4 was, compared 

with that under condition 1, reduced by 34.3%, 77.1% 
and 80%, respectively.

Previous studies showed that physiological and 
ecological structures of algae, algae activities, surface 
charge and algae metabolites are the primary factors 
that affect coagulation [14,15]. It is also found that 
there is a positive correlation between the removal rate 
of algae and turbidity removal [16]. 

The algae removal rate under the condition 3 is high-
er than the above two. ClO2 could enter into the cells 
of algae in the form of a single molecule. The structure 
of chlorophyll and protein could then be changed; the 
algal cells systems were damaged and died eventually 
[17]. The activities of the algae were inhibited; the 
gathered algal cells were dissipated and cracked, lead-
ing to destruction of the surface structure of the algal 
cells. Therefore, the algae were removed by the syn-
ergistic effect of ClO2 and PFAC-PDMDAAC [5,18].

Algae removal effect under condition 3 is the best 
due to a proper amount of PPC and PFAC-PDMDAAC 
synergy coagulation. The appropriate amount of PPC 
could maintain the integrity of the cell structures without 
releasing intracellular substances [19]. At the same time, 
the extracellular substances of algae are oxidized, result-
ing in declined algal activities. MnO2 is attached on the 
surface of algae, which could increase the proportion 
of algae, under the coagulation of PFAC-PDMDAAC, 
as well as the algae removal efficiency [11,13].

Figure 3. Removal effect of organics under different conditions.
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Removal Effect of DBPs and AOX

During chlorination, chlorine may react with some 
organic and inorganic substances to form a series of 
halogenated organic by-products, most of which pose 
potential threat to human health [20]. The AOX refers 
to the chlorination, brominating and iodination of or-
ganics. It could cause distortion, cancer and catastro-
phe [21]. Among 129 kinds of priority pollutants put 
forward by the United States Environmental Protection 
Agency (USEPA), organic halides account for about 
60%. The organic halide characterized by AOX has 
become one of the international water quality indexes. 
The concentration of THM and AOX in the effluent af-
ter chlorination under different conditions are shown 
in Figure 5. It can be known from Figure 5 that the 
total THM and AOX concentration in the finished wa-
ter under condition 1 were the highest with 0.79 mg/L 
and 0.78 mg/L, respectively. Concentration of THM 
and AOX in the effluent under condition 2, condition 3 
and condition 4 were effectively decreased by 45.6%, 
54.4%, 60.8% and 7.8%, 12.9%, 19.4%, respectively, 
compared with those under condition 1. 

Previous studies found that TOC concentration and 
by-products generation after disinfection has a good 
linear relationship [22]. Therefore, THM and AOX 

production in the effluent under different working con-
ditions are mainly related to the removal rate of organic 
matters. THM and AOX production under condition 2 
were primarily reduced by the coagulation of PAFC—
PDMDAAC which removed disinfection by-products 
precursor. 

Under condition 3, THM and AOX production is 
mainly reduced by the effect of ClO2 selectivity oxi-
dizing. ClO2 could oxidize the locus that could be eas-
ily attacked by chlorine, and reduce the production of 
chlorinated disinfection by-products [23]. 

Under condition 4, THM and AOX production is 
mainly reduced by the synergistic effect of PPC oxi-
dation, adsorption, and enhanced coagulation, result-
ing in increased removal of disinfection by-products 
precursors. The oxidation of potassium permanganate 
may damage some disinfection by-products precursors. 
MnO2 serving as agglomeration adsorption core could 
remove some disinfection by-products precursors and 
improve removal efficiency of organic matters.

Technical and Economic Analysis

Technical and economic analyses of the four condi-
tions were conducted and results were shown in Tab. 
3. It can be found from Table 3 that water quality of 

Figure 4. Removal effect of algae under different conditions.
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Figure 5. Removal effects of THM and AOXe under different conditions.

effluent under condition 2, 3 and 4 were improved 
compared with that under condition 1. Compared with 
condition 1, turbidity, COD and total THM in the efflu-
ent under condition 4 declined more significantly, i.e., 
76.8 %, 14.2 % and 60.8 %, respectively. The increased 
cost for condition 3 (0.051 yuan/m3) was the highest, 
followed by 0.024 yuan/m3 for condition 4 and 0.008 
yuan/m3 for condition 2. The condition 4 can effective-
ly improve the quality of the effluent and therefore it 
is suitable for the water plant during the period of low 
temperature and low turbidity. 

CONCLUSIONS

Compared with the sole use of PAFC coagulant, joint 
use of the composite PAFC-PDMDAAC coagulant, 

Table 3. Technical Analysis for Different Conditions.

Type of Condition

Water Quality Parameters Economic Indexes

Turbidity (NTU) CODMn (mg/L) THM (mg/L)

Agent Fee 
(yuan/m3)

Increased 
Agent Fee 
(yuan/m3)Value

Descend 
Range % Value

Descend 
Range % Value

Descend 
Range %

Condition 1 0.56 – 1.76 – 0.79 – 0.016 –
Condition 2 0.4 28.6 1.56 11.4 0.43 45.6 0.024 0.008
Condition 3 0.22 60.7 1.52 13.6 0.36 54.4 0.059 0.051
Condition 4 0.13 76.8 1.51 14.2 0.31 60.8 0.032 0.024

as well as combined use of the composite PAFC-PD-
MDAAC with chlorine dioxide or composite potassium 
permanganate could increase the removal efficiencies 
of turbidity and organics, reduce the formation of dis-
infection by-products and improve the quality of efflu-
ent. It should be pointed out that the combined use of 
the composite potassium permanganate and composite 
PAFC-PDMDAAC coagulant was the most effective to 
the operation of a conventional water treatment plant 
when influent is of low temperature and low turbidity. 
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ABSTRACT: To maintain Anammox biomass, different materials were used as carriers 
to immobilize Anammox sludge. The adsorptive property, anaerobic ammonia oxidation 
activity, and stability of the particles were evaluated. The results indicated waterborne 
polyurethane (WPU) was the most suitable immobilizing material. In a continuous flow 
experiment, we further investigated the resistance to impact load and the anaerobic 
ammonia oxidation activity by increasing the influent load. It was found that for WPU-
immobilized particles, no effluent SS or particles fracture was observed during the 66-
day operation, and the WPU-immobilized particles showed a strong capability to retain 
sludge and good stability in the long-term.

INTRODUCTION

THE ANAMMOX process is an effective micro-
bial pathway to treat wastewater. In this process,  

NO2
–-N acts as the electron acceptor, and NH4

+-N be-
comes oxidized to N2 under anaerobic conditions [1]. 
Compared with the conventional nitrogen removal 
system (nitrification-denitrification [2]), the ANAM-
MOX process has clear advantages: it does not require 
organic carbon and oxygen and produces less surplus 
sludge; these advantages all reduce operational cost 
[3–5]. However, ANAMMOX bacteria are autotro-
phic bacteria—they grow slowly and have a low cell 
yield; in addition, ANAMMOX bacteria are also af-
fected by environmental conditions [6–7]. It is difficult 
for ANAMMOX biomass to remain in a reactor. Thus, 
there is difficultly in starting an ANAMMOX reactor, 
which limits its development [8]. Researchers have 
conducted extensive studies on the ANAMMOX tech-
nique and proposed techniques on starting an ANAM-
MOX reactor, such as the biological fluid bed and fed-
batch [9–10]. However, the results from using these 
techniques are not ideal [11]. Therefore, retaining mi-

crobes and ensuring the biomass of ANAMMOX bac-
teria have become a primary direction in developing 
the ANAMMOX technique [12].

The embedded immobilization technique may be 
able to solve this problem, which is a new microbe 
immobilization technique in the modern bioengineer-
ing field. The embedded immobilization technique im-
mobilizes free cells or enzymes in a constrained area 
through immobilization material such that the activ-
ity of cells or enzymes can be maintained and reused; 
the embedded immobilization technique provides a 
good retaining effect on microbes [13–15]. Using the 
embedded immobilization technique to immobilize 
ANAMMOX sludge can effectively prevent the loss 
of ANAMMOX bacteria and maintain the biomass in 
the reactor, and thus, this technique appears promis-
ing [16–18]. However, there are disadvantages with 
using the existing immobilization materials, such as 
insufficient mechanical strength, low bioactivity, and 
lack of stability during long-term operation [19–21]. 
This study uses waterborne polyurethane (WPU) [22], 
polyethylene glycol (PEG), carboxymethyl cellulose 
(CMC), and polyvinyl alcohol (PVA) as materials to 
immobilize ANAMMOX sludge, and the long-term 
mechanical stability, ANAMMOX performance, and 
shock-loading resistance were evaluated to provide a *Corresponding author: Jun Li 
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basis for further study on the rapid start-up and stable 
operation of the embedded immobilized technique-
based ANAMMOX process.

MATERIALS AND METHODS

Immobilization Materials

Sludge concentrate: the ANAMMOX sludge was 
obtained from a sequential batch reactor (SBR) in 
a laboratory that had been in stable operation for 
one year. The sludge taken from the reactor was first 
washed three times in deionized (DI) water to remove 
the residues on the surface of the sludge. Afterwards, 
the sludge was centrifuged at 500 r·m–1 for 20 min. 
Analytically pure immobilization agents (PEG, WPU, 
CMC, PVA) and crosslinking agents/initiators (CaCl2, 
H3BO3, potassium persulfate (KPS), and tetramethyle-
thylenediamine (TMEDA)) were used.

Water Quality

Synthetic wastewater was used. Table 1 lists the 
main components of the wastewater. Trace elements I 
and II followed reference [23]. The pH of the water 
ranged from 7.1 to 7.84.

Preparation of Immobilized Granules

The preparation methods for all the immobilized 
granules are as follows (mass percentage):

 • WPU-immobilized granules: 10% WPU solution 
and ANAMMOX sludge concentrate of equivalent 
volume were mixed homogeneously. The initiators 
TMEDA and KPS were added, and the solution 
was rapidly stirred. Approximately 30 min later, the 
mixed solution became a gel. 

 • PEG-immobilized granules: 10% PEG solution and 
equivalent volume ANAMMOX sludge were mixed. 
The initiators TMEDA and KPS were added after 
the mixed solution became a gel. The solid gel was 
cut into 3 × 3 × 3 mm cubes, and WPU-immobilized 
granules were obtained. 

 • CMC-immobilized granules: Equivalent volumes 
of 3% CMC solution and ANAMMOX sludge con-
centrate were mixed. The mixed solution was added 
to 4% CaCl2 solution drop by drop using a pipette. 
The solution was then stored in a 4°C refrigerator 
for crosslinking for 12 h to obtain spherical CMC-
immobilized granules.

 • PVA-immobilized granules: Equivalent volume of 
8% PVA solution and ANAMMOX sludge concen-
trate were mixed homogeneously. The mixed solu-
tion was added to saturated H3BO3 solution drop by 
drop using a pipette. The solution was then stored in 
a 4°C refrigerator for crosslinking for 12 h to obtain 
spherical PVA-immobilized granules.

The prepared immobilized granules were collected 
and used for batch culture to determine their activity 
[24]. After 1 week of activation, the immobilized gran-
ules were removed for later use.

Mechanical Stability

To determine the mechanical stability of the immo-
bilized granules, the mechanical strength, expansion 
coefficient, and swelling properties were used as eval-
uation indices. Mechanical strength: 30 immobilized 
granules of similar size of each material type were se-
lected and placed in a 500-mL conical flask. Then, 400 
mL of DI water was added to the reactor. The mixture 
was magnetically stirred at 500 r/min for 24 h, after 
which the ratio of intact immobilized granules to the 
original number of immobilized granules was deter-
mined. Expansion coefficient: 20 immobilized gran-
ules from each of the four material types were added 
to a 500-mL conical flask (400 mL DI water). The flask 
was slowly shaken at 30°C for 72 h; then, the diame-
ters of the immobilized granules before and after treat-
ment were measured by a vernier caliper. The ratio of 
the mean diameter of the immobilized granules after 
72 h of treatment to the mean diameter of the original 
immobilized granules was the expansion coefficient. 
Swelling properties: 20 immobilized granules from 
each of the four material types were added to a 500-mL 
conical flask (400 mL synthetic wastewater). The flask 
was slowly shaken at 32°C for 1 week. The changes in 
the immobilized granules were observed.

Table 1. Composition of the Synthetic Wastewater.

Main Components Mass Concentration (mg·L–1)

KH2PO4 32
CaCl2 142
MgSO4·7H2O 283
KHCO3 802
NH4Cl 372
NaNO2 502
Trace element I 1 ml·L–1

Trace element II 1 ml·L–1
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ANAMMOX Performance

The ANAMMOX performance of the immobilized 
granules was measured in a serum bottle. A total of 40 
mL of activated immobilized granules (including ap-
proximately 20 mL of concentrated sludge) of each 
material type was added to a 500-mL serum bottle, 
which was covered with black plastic bags. Then, 
400 mL of synthetic wastewater was added to the se-
rum bottle. The bottle was magnetically stirred at 100  
r/min. The serum bottle was air-stripped with purity N2 
for 20 min to ensure an anaerobic environment, and the 
temperature was controlled at 30°C. The pH was not 
controlled. Sampling was conducted every 8 h from 
the serum bottle. A total of 20 mL of un-immobilized 
ANAMMOX sludge concentrate was used as the con-
trol group for the same experiments. The experiment 
was repeated twice, and the results were averaged.

Continuous-flow Experiment

The continuous-flow experiment used an up-flow 

anaerobic sludge blanket (UASB) reactor (Figure 1), 
which used the material polymethyl methacrylate 
(PMMA). The reactor contains three phase separators 
in the upper section with an effective volume of 17 L. 
A mesh was placed at the water outlet to prevent the 
immobilized granules from flowing out with the water. 
There was a water bath layer on the external wall of the 
reactor. The temperature in the reactor was maintained 
at 30°C with a water bath outside. After activation, im-
mobilized granules (the amount was based on 20% of 
the volume fill ratio) were added to the reactor. The 
wastewater used in experiment was synthetic. The con-
centration of NH4

+-N was between 40 and 200 mg/L, 
and the concentration of NO2

–-N was between 50 and 
180 mg/L; the concentrations of the other components 
are listed in Table 1. During the experiment, the hy-
draulic retention time (HRT) was 8h; such indices as 
NH4

+-N, NO2
–-N, and NO3

–-N in the effluent were de-
termined every day.

Scanning Electron Microscopy (SEM) 

SEM analysis of immobilized granules: immobi-
lized granules were removed from the reactor and 
washed, and 25% pentanediol was used to immobilize 
the granules for 1.5 h. Afterwards, the granules were 
washed three times in PBS. Subsequently, the gran-
ules were dehydrated in an ascending series of ethanol 
(volume fraction: 50%, 70%, 80%, 90%, and 100%); 
the duration of dehydration was 10–15min. Lastly, 
isoamyl acetate was used for displacement. After the 
granules were freeze-dried for 24 h, a 1500-nm thick 
metallic membrane layer was electroplated on the sur-
faces of the samples. A Hitachi S-4300 SEM was used 
for observation.

Testing Methods

The standard method was used to determine  
NH4

+-N, NO2
–-N, NO3

–-N, TN, MLSS, and MLVSS 
[25]. A WTW/Multi 3420 multiparameter was used to 
determine the pH and temperature.

RESULTS AND DISCUSSION

Adsorption Properties

Figure 2(a) shows the adsorptions of NH4
+-N on the 

different granules. The WPU granules had the highest 
adsorption rate for NH4

+-N; their adsorption rates were 
7.1% at 32 h and 7.3%, at 40 h. The PVA granules had Figure 1. Up-flow anaerobic sludge blanket (UASB) reactor.
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the lowest adsorption rate for NH4
+-N; their adsorp-

tion rate was only 2.7% at 40 h. Figure 2(b) shows that 
there were significant differences among the materials 
in terms of the adsorption of NO2

–-N. The WPU gran-
ules’ adsorption rate reached 19.1% at 40h; the PEG, 
PVA, and CMC granules all had extremely low adsorp-
tion rates for NO2

–-N that did not surpass 5%, and the 
PVA granules had the lowest adsorption rate, which 
was only 1.1% at 40 h.

The experiments revealed that the four types of 
immobilization materials all had certain adsorption 
properties for NH4

+-N and NO2
–-N; however, the ad-

sorption rates were not high and reached equilibrium 
rapidly. Therefore, after 1 week of activated culture, all 
types of immobilized granules reached their adsorption 
equilibrium for NH4

+-N and NO2
–-N. As a result, the 

adsorption properties had only a slight impact on the 
subsequent experimental results; therefore, the proper-
ties could be neglected.

Stability of the Immobilized Granules

Table 2 lists the mechanical stability indices of the 

four types of immobilized granules. After 1 week of 
stirring in synthetic wastewater, the CMC-immobi-
lized granules and the PVA-immobilized granules be-
came soft and fragile. The mechanical strength of the 
CMC-immobilized granules was the lowest; after 24 h 
of high-speed rotation, almost all the CMC-immobi-
lized granules had broken. The WPU-immobilized and 
PEG-immobilized granules exhibited the best stability; 
after 1 week of stirring, these granules exhibited es-
sentially no change. The expansion coefficient of the 
WPU-immobilized granules was 1.02; after 24 h of 
high-speed rotation, no granules had broken. The PEG-
immobilized granules also exhibited relatively good 
stability, though the stability was less than that of the 
WPU-immobilized granules; after high-speed rotation, 
14% of the granules had broken. The expansion coef-
ficient of the PVA-immobilized granules was 1.31; the 
PVA-immobilized granules also exhibited good stabil-
ity. However, a phenomenon was observed in the PVA-
immobilized granules in which the granules stacked 
together. Thus, considering all indices, the order of 
the mechanical stability from strongest to weakest was 
WPU > PEG > PVA > CMC.

The differences in the mechanical stability were 
primarily caused by the properties of the different im-
mobilization materials. PVA is a synthetic polymer and 
has good physical properties; as an immobilization 
material, the PVA-immobilized granules inherited the 
merits of PVA. However, these granules contain many 
hydrophilic hydroxyl groups in their chemical struc-
ture, which results in the PVA-immobilized granules 
exhibiting certain water swelling properties and auto-
condensing tendencies [26]. Therefore, PVA-immobi-

Figure 2. Adsorptions of NH4
+-N and NO2

–-N on different immobilized granules: (a) Adsorptions of NH4
+-N; and (b) Adsorptions of NO2

–-N.

Table 2. Stability of Immobilized Granules.

Immobilized 
Granules

Mechanical 
Strength

Expansion 
Coefficient

Swelling 
Properties

PEG 0.86 1.04 —
WPU 1.00 1.02 —
CMC 0.07 1.82 ++
PVA 0.73 1.31 +
Notes: (—) – unchanged; (+) – slightly softened and loosened; (++) – softened and 
fragile.
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lized granules tended to conglutinate, which decreased 
the specific surface area of the immobilized granules 
and thus affected their stability. CMC-immobilized 
granules have no clear spherical shell, and thus, these 
granules exhibit a good mass transfer performance but 
have a loose chemical structure; the CMC-immobilized 
granules had the lowest stability and are not well-suited 
as an immobilization material. PEG and WPU are syn-
thetic polymeric material and thus exhibit good bio-
compatibility and excellent mechanical strength [27]. 
When cross-linked, these materials form a stable gel. 
However, the materials have a different relative mo-
lecular mass and chemical structure; the space of the 
WPU three-dimensional network structure is relatively 
small, which not only ensures the mechanical strength 
of the WPU-immobilized granules but also absorbs 

less water when swelling. Therefore, the WPU-immo-
bilized granules exhibited a better mechanical stability 
than the PEG-immobilized granules and are considered 
the best material among the four types. 

ANAMMOX Performance of the Immobilized 
Granules

Figure 3(a) shows the variation curve of the removal 
rate of NH4

+-N with respect to time for the different 
immobilized granules. The removal rate of NH4

+-N 
increased first rapidly and then slowly in both the con-
trol group and the immobilization group, which was 
because the initial concentration of NH4

+-N was high 
and the ANAMMOX rate was fast; later, the substrate 
concentration decreased, which decreased the reaction 

Figure 3. Variation curves of NH4
+-N, NO2

–-N, and NO3
–-N with respect to time: (a) NH4

+-N; (b) NO2
–-N; and (c) NO3

–-N.
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rate. Between 0 and 8 h, the removal rate of NH4
+-N 

in the control group and CMC-immobilized granules 
increased the fastest. After 16 h, the removal rate for 
the WPU- and PEG-immobilized granules surpassed 
the removal rate of the control group and CMC-im-
mobilized granules. After 40 h, the removal efficiency 
decreased in both the control group and the immobi-
lization group. Eventually, at 50 h, the NH4

+-N in all 
the reactors was completely removed. The variation 
pattern of the concentration of NO2

–-N was essentially 
the same as the variation pattern of NH4

+-N. Between 
0 and 8h, the removal rates for NH4

+-N and NO2
–-N 

in the control group (and CMC group) were greater 
than in the immobilization group, which was primar-
ily because the immobilization material prevented 
mass transfer between the materials in the water and 
the ANAMMOX bacteria in the immobilized gran-
ules. After 16 h, the removal rates for NH4

+-N and 
NO2

–-N in the WPU- and PEG-immobilized granules 
were greater than in the control group, which ben-
efited the more concentrated biomass in the immobi-
lized granules and resulted in a higher activity of the 
ANAMMOX bacteria.

Between 8 and 32h, the substrate completely dis-
persed into the immobilized granules. An analysis was 
performed for this period, and the average removal rates 
for NH4

+-N and NO2
–-N were as follows (from fastest 

to slowest): WPU > PEG > CMC > PVA. By compari-
son with the variation curve of the yield of NO3

–-N 
with respect to time in Figure 3(c), the ratios of the 
removed amount of NO2

–-N to the removed amount of 
NH4

+-N of the WPU-, PEG-, PVA-, and CMC-immo-
bilized granules were 1.204, 1.292, 1.328, and 1.537, 
respectively. The ratios of the yield of NO3

–-N to the 
removed amount of NH4

+-N were 0.337, 0.325, 0.185, 
and 0.229, respectively, which were both extremely 
similar to the ratios of the control group. Thus, these 
immobilized granules exhibited good ANAMMOX 
performance.

The ANAMMOX properties of the different immo-
bilized granules are related to the different chemical 
structures and the form of the cross-linked immobilized 
granules. For each PVA-immobilized granule, there 
was a homogenous spherical shell; the exterior was 
relatively dense, and thus, the mass transfer resistance 
was large. In addition, the conglutination of granules 
resulted in a decrease in specific area, which resulted 
in a poor mass transfer property; therefore, the ANAM-
MOX performance of the PVA-immobilized granules 
was the poorest. The spherical shell formed on the 
surface of each CMC-immobilized granule was rela-
tively thin, and the mass transfer resistance was rela-
tively small. After crosslinking, the size of the network 
structure formed inside was relatively large. However, 
because CMC-immobilized granules have no stable 
structure, they easily shatter; shattered granules lose 
the immobilized advantages, and thus the performance 
of CMC-immobilized granules is similar to that of 
un-immobilized ANAMMOX sludge. The WPU- and 
PEG-immobilized granules contained no clear shell on 
the surface of each immobilized granule and therefore 
had good mass transfer performance and contained a 
looser three-dimensional network structure. The WPU-
immobilized granules exhibited a better ANAMMOX 
performance compared with the PEG-immobilized 
granules. Figures 4(a) and 4(b) show × 4.0 k and ×  
8.0 k SEM images of the surfaces of the WPU-immo-
bilized granules. Figure 4(a) shows that there are many 
channels on the surface of each WPU-immobilized 
granule; bacteria were divided into different areas by 
the channels. Figure 4(b) shows that these bacteria had 
a spherical shape, and there were volcanic crater-like 
concaves on the two sides of each bacterium, which 
indicates that these were typical ANAMMOX bacteria. 
Figure 4(c) shows the SEM image of the inside of a 
WPU-immobilized granule after being cut open; it can 
be seen that a large amount of ANAMMOX bacteria 
grew along the channels inside of the granule. There-

Figure 4. SEM images of the WPU-immobilized granules: (a) surface × 4.0 k; (b) surface × 8.0 k; and (c) inside × 2.5 k.
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Figure 5. Variation curves of the concentrations and removal load of NH4
+-N with respect to time.

fore, the WPU-immobilized granules had the best mass 
transfer property and ANAMMOX activity. 

Continuous-flow Experiment

To study the nitrogen removal performance and sta-
bility of WPU-immobilized granules during long-term 
operation, a continuous-flow experiment was devel-
oped. The HRT was 8h, the influent NH4

+-N was var-
ied between 40 and 200 mg/L, and NO2

–-N was varied 
between 50 and 180 mg/L. Using NH4

+-N as a metric, 
Fig. 5 shows that between 0 and 20 days, the removal 
load of NH4

+-N was less than 0.5kg·m–3/L because 
the immobilized granules were under a domestication 
period. Then, the activity of the immobilized granules 
increased. The influent concentration increased the re-
moval load of NH4

+-N, which had also been increas-
ing. On the 66th day, the removal load of NH4

+-N was 
0.455 kg·m–3/L, and the removal rate was up to 77%. 
In addition, the effluent of the reactor was always clear 
during the experimentation period, and no suspended 
solids (SS) were detected. None of the immobilized 
granules broke. The WPU-immobilized granules ex-
hibited a good sludge retaining ability and mechanical 
stability.

CONCLUSIONS

By comparing WPU-, PEG-, PVA-, and CMC-im-
mobilized granules, the WPU-immobilized granules 

exhibited an extremely strong shock-loading resis-
tance and mechanical stability during long-term opera-
tion, in which none of the WPU-immobilized granules 
broke. The WPU-immobilized granules exhibited good 
sludge retaining ability and mechanical stability. WPU 
has significant advantages compared with the other 
materials and is suitable for use as an immobilization 
material for ANAMMOX sludge.
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ABSTRACT: The paper focuses on identifying optimal conditions of fly ash and ad-
vanced treatment conditions for papermaking effluent, using Membrane Separation 
technology. Results show the pretreatment effect is the best when fly ash is 80 mg/L 
and the speed of mixing is 200 r/min for 1h. The operation pressure of ultrafiltration 
membrane process is 0.04 ~ 0.1 MPa. After fly ash adsorption and Membrane Separa-
tion advanced treatment, both CODCr and salinity in the effluent are below 10 mg/L, and 
Chroma is less than 15 times; SS and electrical conductivity are lower. The CODCr in the 
concentrated water is below 85 mg/L after the RO treatment and is in accordance with 
the new National Emission Standard for Papermaking Industry (GB3544-2008).

INTRODUCTION

WITH the rapid development of pulp and papermak-
ing industry, how to treat papermaking effluent 

and its possible reuse has become an increasingly sig-
nificant problem. Most small and medium-sized paper 
mills in China have utilized Level 1 precipitation with 
secondary biochemical disposal and other facilities to 
treat papermaking effluent. Although water quality of 
the reused water has been substantially improved in the 
past few years, the concentration of CODCr in the water 
is still relatively high. Reuse may accumulate differ-
ent organic and inorganic substances, which leads to 
the problems of deposition in the system, e.g., electro-
chemical corrosion. To reduce or eliminate the corro-
sion and deposition of the devices and pipes caused by 
papermaking effluent and to further lower water con-
sumption per unit of production, it is necessary to use 
advanced treatment technology for treating papermak-
ing effluent, focusing on eliminating salt and lowering 
the molecular weight organics [1]. This study uses fly 
ash adsorption as pretreatment technology and adopts 
membrane separation technology to treat papermaking 
effluent after secondary biochemical process.

EXPERIMENT SETUP 

Origin and Water Quality of Effluent 

The effluent is obtained from the second pond of a 
papermaking mill in Shaanxi Province. This mill main-
ly uses waste paper and semi-chemical pulp of misc to 
produce corrugating and its annual production capacity 
is about 150,000 tons. The effluent still contains inor-
ganic salt, organic matters with low molecular weight 
and other soluble solids after secondary biochemical 
disposition. Water quality parameters of the effluent 
are shown in Table 1.

Main Chemicals and Experimental Equipment 

The main chemical is fly ash and the following 
equipment is used in the experiment: conductivity 
meter (DDS-307A), pH (pHS-3C), and COD (HACH 
DR2800).

Fly ash is obtained from self-contained plant of the 
papermaking mill. The main ingredients of the fly ash 
are illustrated in Table 2.

Process and Equipments of the Membrane 

To dispose and reuse the papermaking effluent, re-
moving inorganic salt and reducing molecular organics 
and other soluble solids is important. Although mem-
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brane separation technology, especially reverse osmo-
sis, is effective in removing inorganic salts and other 
solids, the untreated effluent cannot meet the require-
ments of the reverse osmosis. This may lead to mem-
brane pollution. Therefore, reverse osmosis is usually 
not used alone and it is advisable to use pretreatment 
first before adopting membranes to dispose the effluent 
[2]. In this study, fly ash is used in pretreatment and mi-
crofiltration or ultra-filtration and reverse osmosis are 
used as the main processes [3], as shown in Figure 1.

After the disposition of fly ash, effluent flows to the 
sand filter and the infusion pump. It is then pumped 
to microfiltration of membrane components. The re-
ject is retained in UF inside tank, while the condensed 
liquor is counter-flowed to the MF inside tank. The 
effluent in UF inside tank is pumped to UF membrane 
module. The reject is retained in RO inside tank af-
ter the disposition of UF, while the condensed liquor 
is counter-flowed to the UF inside tank. The effluent 
in RO inside tank is pumped to the reverse osmosis 
membrane components by the infusion pump and the 
pressure pump. The reverse osmosis condensed water 
flowing through the valve control can realize the full 
discharge or part of the return in order to improve the 
RO system recovery. RO water directly flows into the 
RO water production tank. The positive washing op-
eration of MF or UF membrane is to use the infusion 
pump to pump the MF or UF water to membrane com-
ponents. The negative operation is to use the reversed 
washing pump to pump the MF or UF water to be fur-
ther treated [4].

Description of Membrane Modules 

The parameters and the functions of three mem-
brane modules are illustrated in Table 3.

Experiment and Investigated Means

In order to meet the requirements of the UF water, 
fly ash is used in Step 1 to dispose the second pond 
water in the laboratory. Step 2 is to apply membrane 
separation technology to pretreat the effluent of MF, 
UF and RO extended process. It aims to investigate 
main parameters according to the water and waste 
water monitoring methods [5]. The main investigated 
items are CODCr , SS, chromaticity, and salinity.

RESULTS AND DISCUSSION

Pretreatment Experiment Using Fly Ash

Due to the large specific surface area of fly ash and 
abundant active points of aluminum and silicon, fly ash 
is selected in a variety of processes including floccula-

Table 1. Parameters of the Effluent Value.

Project pH CODCr,  mg/L Chromaticity, time SS, mg/L Salinity, mg/L Electrical Conductivity, S/cm

No. 7.57 321 193 225 2150 3.64

Table 2. Chemical Components of the Fly Ash.

Components Mass Fraction, %

SiO2 51.88
Al2O3 37.35
Fe2O3 3.37
CaO 2.61
MgO 0.43
SO3 0.71
Na2O 0.31
K2O 0.78
TiO2 0.95
Run-off Quantity 1.86

Table 3. Parameters and Functions of Three 
Membrane Modules.

Membrane 
Modules Parameters and Functions

MF

MF test uses membrane module 40*300mm MF-01 
whose micro-membrane aperture 0.2 μm and the ef-
fective film covers an area of 0.1 m2. The flux of pure 
water is 20~30 L/h polypropylene microfiltration mem-
brane and can bear corrosion. The chemistry stability 

is good, but the price is lower.

UF

The form of UF membrane module is the hollow fiber 
structure Ø40*300mm PS-50, and its effective mem-
brane area is 0.1 m2, the nominal molecular weight 
intercepting value is 50,000. The throughput of pure 

water is 10~15 L/h at 25°C and 0.1 Mpa. The material 
is polysulfone which has good antioxidation and me-
chanical intensity, and the chemistry stability is good.

RO

RO uses the module Ø40*300mm, the effective mem-
brane area is 0.1 m2, and the desalination rate is more 
than 95%. The pure water throughput ranges from 12 
to 15 L/h at 25°C and 0.6 MPa. The reverse osmosis 

membrane is made of aromatic polyamide, its range of 
pH is wide, and it can achieve a good treatment when 

the pH value is between 4 and 11.
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tion, filtration, natural cleaning and adsorption, etc. [6] 
However, different parameters, e.g., dosages, tempera-
ture, pH, agitated time and other conditions, all could 
influence the effect of the treatment. Among all the fac-
tors, dosage and the agitated time are the most impor-
tant in the experiment [7].

Dosage Effects 

Different dosages of fly ash are prepared in six  
500 ml beakers for 200 ml of original effluent. Each 
is agitated at 200 r/min for 60 min at the normal tem-
perature and the pH value is 7.57. After one hour, the 
supernatant fluid is analyzed. Results are shown in 
Figure 2.

According to Figure 2, the removal rate of chroma-
ticity and CODCr increases as the dosage of the fly ash 
increases; similarly, the removal rate of SS increases 
with the increase of the amount of fly ash at first, and 
then slightly decreases. When the dosage of the fly ash 
gradually increased to 80 g/L, the removal effect of 
the effluent with suspended solids was the best. The 
removal rate of SS, CODCr and chromaticity is 86.2%, 
62.1% and 90.5%, respectively. However, with further 
increased dosage of fly ash, the removal rate of CODCr 
and chromaticity increased, but decreased for SS. This 

is because fly ash has strong adsorption capacity for 
the flocculation of organic matter. Hence, pollutants 
in the papermaking effluent can deposit more easily, 
while the residue is so little that it cannot be removed 
by deposition. What’s worse, when the dosage of the 
fly ash increased, the cost for effluent management and 
the yield of slurry could be increased [8].

Effects of Agitated Time

Six beakers of 250 mL including 20 g of fly ash and 
100 mL of originated effluent are prepared, meanwhile 
agitating is at normal temperature and the agitated ve-
locity is 200 r/min. From 15 to 90 min, in the interval 
of every 15 minutes, each beaker is kept still for 1h. 
Analytical results of the supernatant fluid are deter-
mined, as shown in Figure 3.

As shown in Figure 3, the mixing time is within 90 
min. With the increased mixing time, fly ash adsorp-
tion gradually increased and so did the removal rates 
of CODCr, chromaticity and SS. The primary reason is 
that the differences of organic matter consistencies of 
fly ash between inlet and outlet are substantial at the 
beginning of adsorption; the adsorption power is in-
tensive at the beginning and the velocity is rather high 
[9]. Along with the adsorption reaction, the concentra-

Figure 1. Schematic diagram of the membrane.

Figure 2. Effects of fly ash dosages on removal rates. Figure 3. Effects of agitating time on removal rates.
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tion difference of the fly ash between the inside and the 
outside becomes smaller and thus the adsorption power 
is lower. When fly ash adsorption is no longer changed 
with the time, adsorption balance can be achieved [10]. 
When it is over 60 min, removal rates of CODCr and SS 
decrease slowly as the mixing duration increases. This 
is because different processes including adsorption, 
flocculation and filtration are involved. Longer agi-
tated time is harmful to flocculation and precipitation 
and it can disperse the formed flocculation and have an 
effect on the managed effects [11].

Membrane Separation 

MF Experiment 

Micro-filter is used to deal with treated effluent 
which has been pretreated by fly ash and the results are 
shown in Figure 4 and Figure 5. 

As shown in Figure 4, feed consistency of SS in 
MF is 16~29 mg/L and its reject consistency is 5 
mg/L. The removal rates of SS in fly ash adsorption 

and flocculation reaction are 80.2%~85.7%, and the 
removal rate of MF for SS is 85.7%~94%. Thus it 
can be seen that micro-filter effect is better in the fly 
ash pretreatment compared with the suspended solids 
removal [12].

According to figure 5, CODCr consistency of MF 
feed effluent is 89.6~143.8 mg/L and the reject con-
sistency is 70.8~108.5 mg/L. The average removal 
rate of MF for CODCr is 21.3%. The mechanism for 
CODCr removal is mainly physical entrapment and it is 
related to the feed water quality (including consistency, 
composition and so on). It is found in the literature [7] 
that most molecular weight of soluble CODCr is below 
1,000 or higher than 100,000. The feed water of MF is 
the reject in the second pond, which is pretreated by 
fly ash. The feed CODCr in MF water is mainly empty, 
and its molecular weight is below 1,000 or higher than 
10,000,000. However, the particle diameter of mi-
crofiltration membrane entrapment is between 0.05~ 
10 μm. Additionally, the intercept nominal molecular 
weight is greater than 1-million-high polymer material. 
Hence, removing CODCr by MF is not the most effec-
tive method.

UF Experiment 

Operation Pressure on the Influence of  
UF Throughput

Ultra-filtration is a type of pressure in the film, so 
water throughput is related to filtration pressure [13]. 
The impact of operating pressure on UF membrane 
throughput is shown in Figure 6.

As shown in Figure 6, the higher the operating 
pressure, the larger the throughput. When the opera-
tion pressure is up to 0.12 Mpa, the change of water 
throughput of the membrane is smaller. This is because 

Figure 4. Effects of micro fitter on treating SS.

Figure 5. Effects of MF on treating CODCr. Figure 6. Effects of pressure on treating results.
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at the beginning of the experiment, the concentration 
polarization phenomenon is not obvious. As the pres-
sure increases, the permeable rate of the membrane is 
higher. When the pressure reaches a certain level, the 
consistency gradient of the membrane surface increas-
es, and the permeable pressure is also improved, which 
in turn leads to the changes of concentration polariza-
tion. When the solute concentration of membrane sur-
face is up to its saturation concentration, the gel layer 
is formulated on the surface of the membrane, which 
leads to the increase of the mass transfer resistance so 
that the membrane permeable rate decreases. In other 
words, the membrane throughput is lower [14]. Choos-
ing a reasonable pressure can not only decrease the 
membrane pollutants but also produce a larger amount 
of matter to the throughput. Operation pressure of ul-
tra-filtration membrane is within the range of 0.04 to 
0.10.

Effects of UF Experiment 

Because CODCr in UF outlet water is mainly with 
the form of empty soluble CODCr and suspended sol-
ids, which can hardly get through the ultra-filtration 
membrane. Most studies in the literature paid attention 
to the electrical conductivity [15]. The results of this 
study are shown in Figure 7.

From Figure 7, it can be seen that the electrical con-
ductivity of UF rejects ranges from 2.36 to 3.13 ms/cm 
and removal rate is low. The solution conductivity is an 
indicator of the total ion in the solution. The higher the 
conductivity, the more the ions in solution. The ultra-
filtration membrane mainly entraps the macromolecu-
lar organic matters, suspended substances, colloids, 
microorganisms and other materials. The solution of 
dissolved ions has no intercepting effect; hence the UF 
water conductivity is higher [16].

Reverse Osmosis Experiment

Salts in the effluent are mainly the soluble solids, 
although the quantity is relatively small, they can be 
accumulated after the circulation process. While the 
removal rate of MF and UF is low, solids can only 
be removed by RO [17]. The effect is illustrated in 
Figure 8.

As is shown in Figure 8, RO desalination rates are 
over 97%. This is because the pore size of the reverse 
osmosis membrane is less than 1 nm. It only allows 
solvent and water to pass through and intercept organic 
matters of small molecules and inorganic salts.

Processing Effects of Combination

Under the optimal processing condition, the effects 

Figure 7. Effects of UF on treating results.

Figure 8. RO desalination rate.

Table 4. Treating Results Under the Optimal Conditions.

Project CODCr, mg/L Chromaticity, time SS, mg/L Salinity, mg/L Electrical Conductivity, S/cm

Untreated water 286~340 151~185 181~26 1500~2500 2.0~4.35
Fly ash pretreatment 114~136 21~32 25~37 — —
RO outside ≤ 10 ≤ 15 ≤ 3 ≤ 10 ≤ 0.05
RO slopped water 60~85 18~25 22~31 — —
Clean water ≤ 10 ≤ 10 ≤ 5 ≤ 15 ≤ 0.01

Notes: “—” stands for the unchecked item.
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of combination process for second pond water treat-
ment are shown in Table 4.

From Table 3, it can be seen that organic matter 
CODCr, inorganic SS and chromaticity, or salinity and 
conductivity in the water have been significantly re-
duced since the disposition of combination process. 
This is because the pore size of the reverse osmosis 
membrane is less than 1 nm, which allows solvent and 
water to pass through and intercept small-molecule 
organic matters and salt. The water quality of effluent 
can reach at least the same as water quality standard.  
CODCr in RO heavy consistency water is under 
85 mg/L (or ≤ 100) which meets National Newly Emis-
sion Standard for paper industry (GB3544-2008).

CONCLUSIONS

Using fly ash to pre-treat the second pond reject, the 
optimum dosage of the fly ash is 80 g/L, agitating dura-
tion is 1h at the speed of 200 r/min. The removal rate 
of CODCr, chromaticity and SS are 62.1%, 90.5% and 
86.2%, respectively. After the disposition of MF, UF 
and RO, the consistency of CODCr and salinity of fly 
ash pretreated water is less than 10 mg/L, chromatic-
ity is less than 15 times and both SS and conductivity 
are very small. Water quality after disposition is similar 
to or better than the quality of pure water, which fully 
meets the quality standards of reused water. CODCr 
concentration after RO treatment in water is less than 
85 mg/L, which also satisfies National Newly Emis-
sion Standard for paper industry.

By using fly ash membrane separation disposition, 
the treatment effect is good while the operation is sim-
ple and the processing cost is low. More importantly, 
fly ash adsorption, flocculation and filtration are inte-
grated processes in this method. 
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ABSTRACT: This paper presents a study on a sludge disposing system using exergy 
analysis approach and energy utilization diagram methodology. The results showed 
that, among the main equipment of the system, the furnace has the largest irreversibil-
ity (about 49.46% of the total exergy input) and the heat recovery steam generator (or 
HRSG) has the lowest exergy efficiency (about 23.80%). Suggestions are accordingly 
provided on heat transfer enhancement and thorough mixing of fuels.

INTRODUCTION

THE output of dried sludge from sewage treatment 
plants is about 200,000 tons per year in China 

(about 3.8~5.5 million tons of wet sludge), which in-
creases 10%~20% annually [1]. Proper utilization of 
sludge as a useful resource has attracted wide atten-
tion in the world. Incineration could achieve three Rs 
(Recycle, Reuse and Reduce) in sludge treatment and 
utilization. Incineration provides a nice method to re-
duce sludge’s mass and volume, as well as to recover 
energy. However, the process needs to be highly con-
trollable, and there remains significant opportunity for 
further improvement in order to make it a clean tech-
nology and compatible with sustainable development.

Li [2] and Huang [3] analyzed the development and 
application of incineration disposal of sludge. Econ-
omy, problems and measures of the disposal method 
were discussed based on the influencing factors of in-
cineration disposal [4,5]. Sludge with a dried solid con-
tent of 20% to 35% is considered to be appropriate for 
co-incineration in coal power plants [6]. Experiments 
of co-firing of sludge and coal or polyethylene showed 
that, by adding assistant fuel and changing conditions 
of the incineration combustor, not only incineration of 
sludge was stabilized but also the pollutants in flue gas 
were reduced [7]. The sewage sludge was incinerated 
and its experiment showed that heavy metals in slag 
were stable due to their reactions with minerals in sew-
age sludge [8]. The characteristics of sludge incinera-

tion were analyzed through a fluidized bed incinera-
tor platform and thermal gravity balance experiment 
[9,10]. The incineration experiment of dried sludge 
in fluidized bed incinerator indicated that the percent-
age of volatile heavy metals in flue gas was influenced 
by temperature, moisture content and sludge addition 
[11–16]. In this paper, the heat flow and exergy flow 
in sludge were analyzed respectively with the aim to 
improve the efficiency of sludge incineration.

DESCRIPTION OF THE SLUDGE DISPOSING 
PROCESS

As shown in Figure 1, the system consists of a 
flash dryer, a furnace, a heat recovery steam genera-
tor (HRSG) and an air heat exchanger. The material 
streams are divided into solid stream, flue gas stream, 
steam stream and air stream.
 

1. Solid stream: raw sludge was dried in flash dryer 
and the dried sludge was burned in furnace. Sludge 
was heated up through thermal convection and 
radiation. 

2. Flue gas stream: the hot flue gas produced in fur-
nace was cooled down by feed water in HRSG and 
by air stream in air exchange system. 

3. Steam stream: feed water was heated up by flue 
gas.

4. Air stream: air was heated by flue gas in air heat 
exchanger.

Three hypotheses were made: (1) ambient temper-
ature was 15°C; (2) the system worked for about 10 
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hours per day; (3) 400 tons of dried sludge could be 
disposed per day. Compositions of raw sludge and flue 
gas 1 are shown in Table 1 and Table 2, respectively. 
Parameters of material streams, such as temperature 
and mass flow rate, are shown in Table 3. Based on 
black box model, the heat flow and the exergy flow 
were analyzed.

ANALYSIS AND DISCUSSION

Thermal Efficiency Analysis

The heat value of sludge is expressed by:

Q G llhvf = *

where Qf is mass flow, t/h; llhv means lower heat value 
in MJ/kg. 

The enthalpy of steam is calculated by:

H G hw w w= *

The enthalpy of air and flue gas is calculated accord-
ing to:

Q G C tp= * *

where Cp is specific heat at constant pressure, t is tem-
perature. The ratio of heat absorbed by cold streams to 
heat released by hot streams within thermal efficiency 
of dryer, HRSG and air heat exchanger is defined as:

ηt
cold

hot

Q
Q

=
∆
∆

The thermal efficiency of furnace is defined in the 
following equation.

η f
useful

in

Q
Q

=

As Table 4 and Table 5 show, the efficiencies of dry-
er, furnace, HRSG and air heat exchanger in the system 

are all more than 70%. In comparison among them, the 
efficiency of furnace and flash dryer is higher than that 
of the other equipment, with the values of 87.61% and 
86.17% respectively.

Analysis with Exergy Approach

The following assumptions were made:

1. All gases involved were treated as ideal gas in the 
parameter range of equipments.

2. While the energy losses of equipment were consid-
ered, their heat losses were neglected.

The exergy of sludge is expressed as the following:

E H llhv Gf L f
o= =, *

The exergy of steam is calculated by:

E T P G H H T S S( , ) * (( ) ( ))= − − −0 0 0

The exergy of material with respect to ambient tem-
perature is expressed as:

E G C T T T T
Tp= − −









* * ( ) ln0 0

0

Efficiency of flash dryer, HRSG and air heat ex-
changer is calculated by:

ηt =
∆
∆
E
E
cold

hot

where ΔEcold is the exergy change of cold streams and 
ΔEhot is the exergy change of hot streams.

Table 1. Physical Parameters of Raw Sludge.

Element Analysis (%) Initial Parameters

C H S N O * Ash Mass Flow (kg/s) Moisture Content (%) Low Level Heat Value (MJ/kg)

41 6 1 3 22.5 1.5 25 11.11 70 4.79

Note: * represented the metallic elements.

Table 2. Components of Flue Gas 1.

Components N2 O2 CO2 H2O H2S

Molar mass 28 32 44 18 34
Mass Fraction (%) 67.1 7.7 12.9 12.1 0.2

(1)

(2)

(3)

(4)

(5)

(6)

(7)

(8)

(9)
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The exergy efficiency of furnace is expressed by:

η f
fluegas air

sludge

E E
E

=
−

where Efluegas, Eair and Esludge denote the exergy of flue 
gas, air and sludge in furnace, respectively.

The results calculated by Equation (6) to Equation 
(10) are shown in Table 6 and Figure 2. As shown in 
Figure 2, the system efficiency is improved by recy-
cling of flue gas exergy in flash dryer and air-to-air heat 
exchanger.

Exergy Analysis with Energy Utilization Diagram

The energy utilization diagram method has been 
comprehensively applied to graphically present the 
thermodynamic properties of different chemical pro-
cesses or thermal processes used the A (energy level) 

– ΔH (energy transformation quantity) diagrams. The 
horizontal axis ΔH represents the quantity of trans-
formed energy in relation to the first thermodynamics 
law, while the vertical axis A denotes the energy level 
of processes relevant to energy transformation, which 
is related to the second thermodynamics law [17–19].

Exergy change ΔE is defined as the following equa-
tion.

∆ ∆ ∆E H T S= − 0

While, energy level A is 

A E
H

H T S
H

T S
H

=
∆
∆

=
∆ − ∆

∆
= −

∆
∆

0
01

As far as a system is concerned, the device releasing 
energy is called energy donor and is expressed as ‘ed’; 
while the one receiving energy is called energy accep-

Figure 1. The sludge drying and incineration system.

Table 3. Temperature and Mass Flow of Material Streams in the Process.

Parameters

Material Streams

Raw Sludge Dried Sludge Flue Gas 1 Flue Gas 2 Flue Gas 3 Wet Flue Gas Air 1 Air 2 Ash Steam

Temperature (°C) 15 95 1628 1355 1340 200 15 300 1400 527
Mass Flow Rate (t/h) 39.996 15.012 105.048 105.048 105.048 130.068 91.728 91.728 2.988 9.52

(10)

(11)

(12)
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tor and is expressed as ‘ea’. Since the energy change 
of the acceptor ΔHea > 0, this leads to Aed ≥ Aea. When 
ΔHea is limited, the exergy loss of system is given by 
the following:

EXL E A A dHi ed ea ea
H

i

ea= − ∆ = −∫∑ ( )
0

Thus, a plot depicted by energy donor (Aea) and 
energy acceptor (Aea) against the transformed energy 
(ΔHea) is given. As a result, the area between the en-
ergy donor (Aed) curve and the energy acceptor (Aea) 
curve indicates the exergy losses of the corresponding 
process in the system.

As Figure 3 shows, the energy utilization diagram 
is divided into four parts (a)-(d), which represent the 
dryer (a), furnace (b), HRSG (c) and air heat exchanger 
(d) of the system. In the dryer, energy transformation 
is shown by the curves of Aed and Aea. When the tem-
perature of flue gas 3 was changed from 1613K (A = 
0.8215) to 473K (A = 0.391), raw sludge was dried to 
a temperature of 368K. The required energy ΔH was 

17.11MW. The plot area ΔE between Aed and Aea shows 
exergy losses of drying process. In the furnace, dried 
sludge was incinerated to flue gas and its temperature 
was increased to 1901K, which was presented by curve 
Aea, sludge. The temperature change of air was depicted 
by curve Aea,air. In HRSG, heat of flue gas 1 was re-
leased and its temperature was decreased from 1901K 
(A = 8485) to 1628K (A = 0.823). On the other side, the 
heat acceptor feed water has been heated, vaporized 
and then superheated. As to air heat exchanger, air was 
heated by flue gas and its temperature was increased 
from 288K to 573K. The diagram shows that the fur-
nace has the largest exergy loss in the system.

Discussion

As shown in Figure 2 and Figure 3, the result of tra-
ditional exergy analysis and calculation was in agree-
ment with EUD analysis. The furnace has the largest 
exergy loss, followed by the flash dryer, HRSG and air 
heat exchanger.

The distribution of exergy loss fractions is pre-

Table 4. Rate of Heat Flow of Material Streams in the System.

Material Streams

Raw Sludge Dried Sludge Flue Gas 1 Flue Gas 2 Flue Gas 3 Wet Flue Gas Air 1 Air 2 Ash Steam

Rate of Heat Flow (MW) 53.8 70.99 69.36 56.54 45.75 25.80 0.38 8.18 0.86 9.35

Figure 2. The exergy flow diagram of sludge drying and incineration process.

(13)
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Figure 3. Energy utilization diagrams of the four components of the system: (a) Flash dryer; (b) Furnace; (c) HRSG; (d) Air heat exchanger.

Figure 4. The distribution of exergy loss fractions in the system.

sented in Figure 4. Although the highest thermal ef-
ficiency (87.61%) was achieved in the furnace, it was 
also responsible for the largest percentage of exergy 
loss (49.46%). The percentages of exergy loss in 
the HRSG, flash dryer and air heat exchanger were 
14.99%, 10.50% and 7.84% respectively.

In the furnace, exergy losses were caused by ir-
reversible processes of chemical reaction and heat 
transfer. The irreversible loss of chemical reaction in 
the furnace was inevitable. Thus, it was suggested to 
improve the heat transfer ability and mixing of fuels in 
order to reduce the exergy loss.
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Thermal efficiency and exergy efficiency of compo-
nents were shown in Table 5, in which it can be noted 
that the air heater and HRSG had an exergy efficiency 
of about 30%. Therefore, it is an effective way to im-
prove exergy efficiency of heat exchanger by reduc-
ing the average temperature difference of the heat ex-
changer. 

CONCLUSIONS

Thermal analysis, exergy analysis and energy uti-
lization diagram methodology was performed for 
analyzing the sewage incineration system. The ex-
ergy loss of the furnace was about 49.46% of the to-
tal energy input. The exergy efficiency of HRSG was 
about 23.80%, which was the lowest one. As the ir-
reversible loss of chemical reaction in the furnace was 
inevitable, improvements in heat transfer ability and 
thorough mixing of fuels and air were suggested. The 
exergy loss of the furnace could be reduced by some 
techniques such as a circulating fluidized bed, which 
helps to improve heat transfer and mixing. For the heat 
exchanger, a suitable temperature difference should be 
attained to improve the exergy efficiency. 
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ABSTRACT: Sludge retention time is an important parameter to the biological phospho-
rus removal system. This paper investigated the effect of long sludge retention time on 
biological phosphorus removal in Anaerobic/Anoxic/Aerobic process (A2/O). The results 
showed that prolonging sludge retention time (SRT) of the A2/O system had no signifi-
cant impact on biological phosphorus removal efficiency, which slightly decreased from 
92.9% (at an SRT of 12 d) to 92.1% (at an SRT of 30 d). Scanning Electron Microscope-
Energy Dispersive Spectrometer (SEM-EDS) analysis demonstrated the relative content 
of phosphorus in dry activated sludge increased from 2.27% to 4.36%, which explained 
the excellent phosphorus removal performance at long SRT. At the same time, the aver-
age particle size increased from 201.57 μm to 256.99 μm, and the flocs at longer SRT 
had a more spherical and compact structure relative to that at shorter SRT. Our results 
demonstrated that long SRT was a sustainable way for biological phosphorus removal 
in A2/O process.

INTRODUCTION

MANY efforts have been made recently to enhance 
biological phosphorus removal, including de-

veloping new processes, improving current processes 
and advancing the phosphorus microbiology (van 
Loosdrecht et al., 1998; Lu et al., 2006; Wang et al., 
2009; Whang et al., 2006). However, most wastewater 
treatment plants were built many years ago, and it is 
very expensive for them to develop new processes or 
advance the phosphorus microbiology. Consequently, 
it makes more practical sense to enhance biological 
phosphorus removal to improve current processes and 
optimize the operations.

Various wastewater treatment processes have been 
applied to reduce the amount of the discharged nu-
trients. In the past few years, A2/O process has been 
widely used to achieve simultaneous biological remov-
al of nitrogen and phosphorus (Ma et al., 2009; Zeng et 
al., 2010; Ge et al., 2010), but few investigations about 
the long sludge retention time in the process have been 
conducted. 

Sludge retention time (SRT) is one of the most 
important control parameters in advanced biological 

nutrient removal (BNR). However, the relationship 
between SRT and phosphorus removal still has great 
controversies. The United States Environmental Pro-
tection Agency (EPA, 1987) claimed that when SRT 
increased, phosphorus removal efficiency dropped be-
cause of the decrement of biomass yield rate. In con-
trast, Wentzel et al. (1991) reported that phosphate ac-
cumulating organisms (PAOs) were predominant in the 
long SRT system, which could retain more phosphorus 
than normal bacteria due to its relatively lower decay 
rate than that of other microorganisms. Randall et al. 
(1992) found that the phosphorus content in biomass 
increased with increasing SRT but phosphorus removal 
efficiency showed almost no change.

In this paper, the effect of long sludge retention time 
on biological phosphorus removal in A2/O process was 
investigated based on theoretical analysis. Through 
our work, it is expected to provide a recommendation 
about long SRT in A2/O process for the upgradings 
and operation optimizations of the current wastewater 
treatment plants.

MATERIALS AND METHODS

Wastewater and seed sludge 

This study was carried out in the laboratory of Bei-*Author to whom correspondence should be addressed.  
E-mail: jglijun@bjut.edu.cn
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jing University of Technology in Beijing, China and 
lasted from July to August. Moreover, the pilot reactor 
was located in an experiment room, so that the waste-
water temperature could be kept at 20~25°C.

The wastewater used in this study was collected 
from the sewers of campus residential area and its 
characteristics are summarized in Table 1. Apparently, 
the wastewater was of typically low COD level, which 
would severely influence the simultaneous nitrogen 
and phosphorus removal in A2/O process. Seed sludge 
was collected from Gaobeidian full-scale WWTP 
(1,000,000 m3/d) with A2/O process in Beijing, where 
biological phosphorus removal with auxiliary chemi-
cal phosphorus removal was employed.

Reactor and Operation

Figure 1 shows the schematic diagram of the used 
A2/O reactor in this study. The reactor, made from 
acrylics, consisted of pre-anoxic zone, anaerobic zone, 
anoxic zone and aerobic zone (the volume ratio was 
1:2.5:5.5:12). The hydraulic retention time was 15h 
and the external return flow ratio was 0.62. The return 

sludge was pumped into the pre-anoxic zone first and 
then flowed into the anaerobic zone with the influent 
wastewater. Fine air bubbles were diffused through 
sand disc into the aerobic zone and the average dis-
solved oxygen was kept at 2.0 mg/L and MLSS was 
kept at 5000 mg/L. The internal return flow ratio was 
2.14. SRT was set at 12d from day 0 to day 18 and then 
prolonged to 30d from day 19 to day 63. 

Analytical Methods

All samples were analyzed after filtration with  
0.45 μm membrane. Chemical Oxygen Demand (COD), 
Ammonia Nitrogen (NH4

+-N), Total Phosphorus (TP), 
Sludge Volume Index (SVI), Mixed Liquid Suspend-
ed Solids (MLSS) and volatile MLSS (MLVSS) were 
measured according to Standard Methods (APHA, 
1999). Microscopic examination was performed using 
an Olympus-BX41 (Olympus, Japan). A laser particle 
size analysis system (Malvern Mastersizer 2000, Mal-
vern, UK) was used to measure the particle size of ac-
tivated sludge.

SEM-energy dispersive X-ray (EDX) analysis was 

Figure 1. Schematic diagram of the A2/O reactor. 1: feed tank; 2: influent pump; 3: stirrer; 4: air pump; 5: gas flowmeter; 6: DO probe; 7: settler; 
8: internal recycle pump; 9: sludge return pump; 10: waste sludge; 11: anaerobic zone; 12: anoxic zone; 13: aerobic zone; 14: pre-anoxic zone.

Table 1. The Characteristics of Feeding Wastewater.

COD (mg/L) NH4
+-N (mg/L) TN (mg/L) TP (mg/L) pH Temperature (°C)

221.80 ± 23.83 77.17 ± 5.72 93.35 ± 6.82 5.52 ± 0.73 7.0~7.8 20~25
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carried out by virtue of a Hitachi S-4700 field emission 
scanning electron microscope equipped with an EDX 
detector to observe the spatial distribution of selected 
elements within a granule. C, N, O, Na, Mg, Al, Si, P, 
S, K and Ca were selected for content determination, 
and every element was quantified by the weight per-
centage of the total 11 elements. 

Mathematical Analysis

Figure 2 illustrates the phosphorus mass balance in 
A2/O process. Compared with nitrogen, phosphorus 
mainly presents in water and activated sludge. The 
influent phosphorus firstly transfers from wastewater 
phase to sludge phase and then is discharged from the 
system as waste sludge to achieve the phosphorus re-
moval (Tchobanoglous et al., 2002). According to the 
phosphorus mass balance (Ge et al., 2010), the influ-
ent phosphorus is equal to the effluent phosphorus plus 
the phosphorus in waste sludge [Equation (1)] (Nowak, 
1999). The effluent phosphorus and the phosphorus 
in waste sludge can be calculated respectively using 
Equations (2) and (3) (Ge et al., 2010), and the dis-
charged sludge flow q can be expressed by Equation 
(4) (USEPA, 1987). Thus, the phosphorus removal ef-
ficiency η can be calculated using Equatiom (5). For a 
given system, the phosphorus removal efficiency η can 
be determined by θc and fp.

TP TP TPeff winf = +

TP QSinf inf=

TP qX fw w p=

Pq VX

c
=
θ

η =
−

= ×
TP TP
TP

VXX f
¸ QS

eff w p

c

inf

inf inf
100%

where,

 η = the phosphorus removal efficiency, %
 TPinf = the influent phosphorus, g/d
 TPeff = the effluent phosphorus, g/d
 TPw = the phosphorus in waste sludge, g/d
 Q = the influent flow, L/d
 q = the waste sludge flow, L/d

 V = the reactor volume, L
 X = the mixed liquor suspended solids, g/L
 Xw = the discharged sludge mixed liquor suspended 

solids, g/L
 θc = The sludge retention time (SRT), d
 fp = the phosphorus proportion of the waste sludge 

dry weight, g phosphate/g dry waste sludge, %
 Sinf = the influent phosphorus concentration, g/L

RESULTS AND DISCUSSION

Effect of SRT on Biological Phosphorus Removal 

As shown in Figure 3, when SRT was changed from 
12 d to 30 d, MLSS of the system increased from 3000 
mg/L to 5000 mg/L. In contrast, the extension of SRT 
had no significant effect on phosphorus removal. As can 
be seen, when SRT was 12 d, the effluent phosphorus 
was 0.42 mg/L on average and the removal efficiency 
was 92.9%; when SRT was 30 d, the effluent phosphorus 
and removal efficiency was 0.47 mg/L and 92.1%, re-
spectively. According to Equation (5), the phosphorus 
removal efficiency η of a given system is determined 
by SRT and fp. For the phosphorus removal process 
with a longer SRT, its removal efficiency almost had 
no change, which implied that fp increased simultane-
ously.

Variations of Sludge Characteristics with SRT 
Prolonging

MLSS, MLVSS and SVI

Figure 4 shows the variations of sludge character-
istics at two SRT stages. At SRT of 12 d, MLSS was 
about 2500 mg/L, and MLVSS/MLSS was 0.79 on 
average. Besides, its SVI was 72 on average, indicat-
ing the activated sludge had a good settleability. When 
SRT was prolonged to 30 d, MLSS increased gradu-
ally at the initial days and reached about 5000 mg/L 

(1)

(2)

(3)

(4)

(5)

Figure 2. Phosphorus mass balance of the A2/O system.
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Figure 4. Variations of sludge characteristics at SRT of 12 d and 30d.

Figure 3. Phosphorus removal and MLSS variations at SRT of 12 d and 30 d.

Element
SRT = 12d 

Wt %
SRT = 30d 

Wt %

C K 31.69 25.94
N K 20.27 16.84
O K 41.00 46.57
Na K 00.38 00.20
Mg K 00.81 02.15
Al K 00.22 00.12
Si K 00.41 00.43
P K 02.27 04.36

S K 01.19 00.91
K K 00.27 00.93
Ca K 01.48 01.56

at the steady state. At the same time, MLVSS/MLSS 
decreased from 0.79 to 0.73 due to the accumulation of 
inorganic substances in activated sludge at long SRT. 
Accordingly, SVI also dropped to 65 on average. In 
this experiment, the settleability of activated sludge 
was not deteriorated but improved. Obviously, long 
SRT can reduce the amount of waste sludge; namely, 
the sludge treatment cost can be cut down.

The Relative Content of Phosphorus in Dry Activated 
Sludge

According to the wavelength and intensity of char-
acteristic X-rays emitted by various elements, SEM-
EDX can determine the existent elements in tested 
samples. In recent years, SEM-EDX has been applied 
to investigate the roles of various elements in activated 
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sludge flocs settleability (Liu et al., 2005). In this study, 
it was used to detect the relative content of phosphorus 
in dry activated sludge so as to determine fp. Figure 
4 shows the results of SEM-energy dispersive X-ray 
(EDX) analysis. As can be seen, the relative content 
of phosphorus in dry activated sludge increased from 
2.27% to 4.36% when SRT was prolonged from 12d to 
30d. Although the amount of waste sludge was reduced 
because of the extension of SRT, the amount of phos-
phorus discharged from the system was not reduced 
significantly. As a result, the phosphorus removal ef-
ficiency was not deteriorated obviously.

In analysis of mass balance in A2/O process, the 
total phosphate content in dry waste sludge ratio was 

generally assumed as 3% (Randall, et al., 1997; Ge 
et al., 2010). Moreover, the ratio was usually consid-
ered as a constant when the operation parameters were 
changed. However, based on the results in this study, the 
above assumptions did not meet the actual situation. For 
a more accurate mass balance analysis, the total phos-
phate content in dry waste sludge should be measured.

Particle Size Distribution and Sludge Morphology 

Figure 6 shows the particle size distribution at SRT 
of 12 d and 30 d respectively. Sludge operating at 
long SRT (30 d) tended to have a larger particle size, 
and the average particle size increased from 201.57 

Figure 5. EDX results of dry activated sludge at SRT of 12d and 30d.
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μm to 256.99 μm. Andreakakis (1993) indicated that 
sludge flocs with larger particle size had lower density 
and larger specific surface area than sludge flocs with 
smaller particle size, so the sludge flocs with larger 
particle size had a poor settleability. However, the par-
ticle size had no direct relationship with the settling ve-
locity. Jin et al. (2003) reported that flocculating ability 
and surface properties of the sludge flocs played im-
portant roles in sludge compressing and settling abili-
ties. Generally speaking, larger and denser sludge flocs 
had a good settleability. 

As shown in Figure 7, the activated sludge at an SRT 
of 12d presented a loose and irregular shape, whereas 
that at an SRT of 30d was dense and regular. The ac-
tivated sludge at an SRT of 30d had a good settleabil-
ity, and its SVI was about 65 (Figure 7). Liss et al. 
(2002) also found that flocs at lower SRTs (4 and 9 

days) presented an irregular shape, while that at higher 
SRTs (16 and 20 days) had a more spherical and com-
pact structure. Besides, they suggested that cells un-
der nutrient rich conditions could give rise to a more 
complex microcolony and colony morphology. When 
the influent flow kept constant, prolonging SRT meant 
reducing the organic load. The stability of flocs par-
ticle size distribution and morphologies at different 
SRTs might be explained by the cell growth rate. Under 
lower SRTs, more substrates were available for sludge 
microorganism growth. Therefore, more microcolonies 
were formed on the surface of flocs until the mass of 
flocs was big enough to disintegrate into smaller flocs. 
While under higher SRTs, the limited substrate and 
starved conditions produced a more stable biomass 
(Liao et al., 2006). 

CONCLUSIONS

Prolonging SRT in the A2/O system had no signifi-
cant impact on biological phosphorus removal. The 
removal efficiency decreased slightly from 92.9% at 
a SRT of 12d to 92.1% at a SRT of 30d, due to the 
increase of the relative content of phosphorus from 
2.27% to 4.36% in dry activated sludge. At the same 
time, the average sludge particle size increased from 
201.57 μm to 256.99 μm, and the flocs at longer SRT 
had a more regular and compact structure relative to 
that at shorter SRT. The results indicated that long SRT 
not only led to good phosphorus removal efficiency, 
but also generated a smaller amount of waste sludge 
which was more stable.

Figure 6. Particle size distributions of activated sludge at SRT of 12 
d (a) and 30 d (b).

Figure 7. Optical micrographs of activated sludge at SRT of: (a) 12 d and (b) 30 d.
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ABSTRACT: This paper reports a soil-based bioassay of rice husk bio-ash impacts on 
redox properties and rice production. Bio-ash was produced during the pyrolytic process 
of rice husk as a boiler fuel, after which it was applied as an amendment to a flooded soil. 
Bio-ash was amended before rice transplanting at different mass rates including 0%, 
0.1%, 1% and 5%, which was defined as T1, T2, T3, and T4 respectively. Results show 
that rice husk bio-ash in flooded soil could increase soil Eh value, pH value and organic 
matter content (OM), and also reduce reductant amount and activity. The numbers of 
rice white roots of T2 and T3 increased by 30% and 8% compared to that of T1 in the 
tillering stage. Increased grain yields due to bio-ash amendments at the rate of 0.1% and 
1% were 3.43% and 11.8% higher than that of T1.

INTRODUCTION

BIO-ASH or biochar is the product of pyrolysis and 
carbonization, whereby organic materials are heat-

ed in a low or zero oxygen environment [1]. It can be 
produced from a wide range of organic sources includ-
ing wood, agricultural residues, animal manure, rice 
husks and other waste materials [2,3]. In China, a lot 
of agricultural residues are burned, causing serious 
environmental problems. The development and utili-
zation of biomass resources is of great significance to 
reduce environmental pollution and improve resource 
utilization [4,5]. Rice husk, the waste product, causes 
environmental problems during rice production, but it 
is potentially used in the remediation of soil [6,7] as 
the bio-ash. Bio-ash is a highly stable form of Carbon 
which may remain in soil for thousands of years and 
can act as low-carbon products for carbon sinks in ag-
ricultural soils [8,9]. It has a high cation exchange ca-
pacity, relatively large surface area and different kinds 
of nutrients. Therefore, application of bio-ash can also 
increase existing nutrient content and nutrient holding 
capacity [10,11,12]. However, no consensus regard-
ing the role of bio-ash in influencing plant growth and 
yield as both increased [9,13,14] and decrease [15,16] 
plant growth and yield were reported in the literature. 
This study focuses on examining the role of bio-ash 

in plant growth and how possibly does it influence 
growth yield.

Bio-ash has the potential as a soil amendment to 
improve soil quality and crop productivity. Continu-
ously flooded fields, widely distributed in southwest-
ern China, are of low-yield. Long-term waterlogged 
soil environment has resulted in strong soil reduction, 
low nutrient, nutrient imbalance and soil acidification, 
which have negative impact on rice seedlings and root 
growth. Hence, these fields are often of low crop yields 
[17].

A practical and meaningful question to ask is wheth-
er rice husk bio-ash can optimize the soil redox poten-
tial and soil fertility and promote rice growth. In this 
paper, the impact of different rates of rice husk bio-ash 
on redox potential, soil chemical properties and rice 
growth in a flooded soil was comprehensively exam-
ined.

MATERIALS AND METHODS

Soil and Bio-ash Characteristics

The flooded soil (0–20 cm surface layer) was col-
lected from Jiangjin District (106.2°E, 29.1°N), 
Chongqing City, China, and sieved through a 2-mm 
mesh screen after air-drying in shade. The basic char-
acteristics and nutrient concentrations of the soil were 
analyzed using standard methods as presented in Table 
1. *Author to whom correspondence should be addressed.  
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Bio-ash used in this study was produced by burning 
rice husks in a boiler at 500°C, The pH of bio-ash was 
measured in water at 1:5 (w/v) ratios. Carbon, Phos-
phorus, Potassium contents of bio-ash were determined 
by dry combustion analysis using element analyzers 
(Flash EA 1112/conflo, element, Italy; UV2310, UV, 
China; TAS-990, AAS, China). The pH of bio-ash so-
lution was pH (H2O) 10.4, and the concentration of C, 
P and K is 23.97%, 0.013%, and 0.043%, respectively.

Treatments

Four levels of bio-ash rate, 0, 1, 10 and 50 t ha–1, 
equivalent to mixing separately with soil at the rates 
of 0%, 0.1%, 1%, 5%, are defined as T1, T2, T3, T4 
respectively [18]. The soil, thus amended was used to 
fill pots at 8.0 kg of soil per pot. Each pot contained 
the same weight of soil and each plant was repeatedly 
treated for eighteen times. The input of chemical N 
totaled 150 kg N ha–1 with 100 kg N ha–1 compound 
fertilizer (N:P2O5:K2O = 15:15:15) as the base fertil-
izer and 50 kg N ha–1 urea, 60% of which was fertil-
ized during elongation stage and the other 40% during 
the heading stage. The seedlings were transplanted on 
3rd May, and harvested on 25th of August. Regular 
cultivation and management were carried out for rice 
growth period. Rice crop management was taken fol-
lowing by Liu [19].

MEASUREMENTS AND SAMPLINGS

Samplings were carried out separately at the til-
lering stage (TS, 30 DAP), elongation stage (ES, 60 

DAP), heading stage (HS, 80 DAP) and maturation 
stage (MS, 100 DAP). The three pots were sampled 
each time. The pH and total organic matter of soil sam-
ples were measured. Then 6 pots were used to investi-
gate the yield indices including panicle number, filled 
grains and grain weight etc., at maturity. At the tillering 
stage, the redox potential was measured by potential 
difference method; the reductant (include organic re-
ductant, Fe2+, S2–, etc) activity and amount were mea-
sured by volumetric method. All the measurements of 
soil basic properties were taken following the methods 
described by Lu [20].

Duncan differential significance analysis method 
at p < 0.05 between treatments was analyzed using 
SPSS17.0 software.

RESULTS

Effects of Rice Husk Bio-ash on Soil Redox 
Properties

Effects of bio-ash on soil redox properties at the til-
lering stage are shown in Table 2. The rank of the redox 
potential is T4, T3, T2, and T1 in the descending order, 
although the potential of T2 was not significantly dif-
ferent from that of T1. The soil reductant activity fol-
lowing bio-ash amendment was always lower than the 
control (T1) and was significantly different from T1. 
The reductant amount in various treatments appears to 
have no significant difference in different levels of bio-
ash except the T1 treatment.

The bio-ash treatment has remarkably reduced the 
reductnat activity therefore it could increase soil redox 
potential.

Dynamic Changes of Soil pH and OM

Soil pH is one of the important indices that indi-
rectly reflect physical form, transfer process and nutri-
ent availability. Figure 1 shows the dynamic change of 
soil pH in various stages after bio-ash was added into 
the soil. The soil pH in various growth periods is all 
higher than T1. The magnitude of pH change in various 
growth periods is T4, T3, T2 and T1 in the descend-
ing order. At the heading stage, soil pH is reduced to 

Table 1. Physical and Chemical Properties of the Soil.

pH
OM 

(g kg–1)
Total N 
(g kg–1)

Total P 
(g kg–1)

Total K 
(g kg–1)

Available P 
(mg kg–1)

Available K 
(mg kg–1)

Relaxed K 
(mg kg–1)

Clay 
(< 2 mm, g kg–1)

5.1 14.3 1.0 0.14 18.8 7.5 136 342 330

Table 2. Effects of the Bio-ash on Physicochemical 
Property of the Soil at the Tillering Stage (30 DAP)  

of Rice.

Treatment

Reduzate 
Activity 

(cmol kg–1)

Reduzate 
Amount 

(cmol kg–1)

Redox Potential Eh 
(mv)

5 cm 10 cm 20 cm

T1 3.28a 6.95a 86b 62b –16b
T2 2.78b 6.42ab 95b 72ab –10b
T3 2.60b 5.90ab 111a 81ab 11a
T4 2.53b 5.77b 124a 89a 13a
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a stable range. Bio-ash can thus increase soil pH value 
and could be used to treat acid soil.

Figure 2 shows the dynamic change of soil OM in 
various stages of rice growth. The tendency of OM 
change in various growth periods is ranked T4, T3, T1 
and T2 in descending order. Except T2, the OM of bio-
ash treatment was all higher than the control. It can be 
concluded that bio-ash treatments could significantly 
increase soil organic matter into a certain rate, because 
it can increase the biomass of roots.

Effects of Bio-ash on Rice Root Growth

The numbers of rice root in treatments T2 and T3 
were significantly higher than that of T1. The number 
of black roots in treatments T2 and T3 were 30% and 
8%, respectively, less than that of T1. T4 has the mini-
mum total number of roots and the maximum number 
of black roots.

Effects of Bio-ash on Rice Yield and Yield 
Components

The rice yield of T4 (5% Bio-ash amendment) was 
the least which was significant less than the rest treat-
ments, all seeds are empty grain. Rice yield of the con-
trol was increased by 3.43% and 11.8% in the use of 
0.1% and 1% bio-ash amendments, respectively.

DISCUSSION

Amendment with bio-ash can remarkably inhibit the 
reductant activity. At the same time, it could increase 
the soil redox potential at the tillering stage. 

With the addition of a small amount bio-ash to the 
soil, no obvious effect on soil organic issue and soil pH 
value could be detected. Even in the early stage of the 
rice growth, soil organic matter content is less than the 
control treatment. This may due to the fact that bio-ash 
has promoted the decomposition of soil organic matter 
[21], leading to a decline in the organic matter content. 
The medium and high treatments, however, signifi-
cantly increased the amount of soil carbon concentra-
tion and pH value. Interestingly, other studies have also 
reported that pH and Eh are negatively correlated with 
bio-ash in soils [22,23]. In this study, both pH and Eh 
increased due to the addition of bio-ash. This may due 
to the high pH of bio-ash that could reduce the pro-
duction of Fe2+, CH4 and other reduzate in an alkaline 
environment [24].

In the early growth stage of rice, the addition of a 
small amount of bio-ash increased the number of roots 
and the percentage of white root rate. Therefore, bio-
ash at recommended rate can increase root number and 
its activity. An overdose of bio-ash could kill the roots 
and seedlings for the high pH value; then it will lead to 
the reduction of rice yields.

Figure 1. Effect of rice husk bio-ash on soil pH. Figure 2. Effect of rice husk bio-ash on soil OM.

Table 3. Rice Root Growth in the Tillering Stage.

Treatment
Total 

(No./pot)
White Root 

(No./pot)
Yellow Root 

(No./pot)
Black Root 

(No./pot)

T1 401b 57b 294b 50b
T2 431a 82a 314a 35c
T3 419ab 61b 312a 46bc
T4 315c 21c 226c 68a

Table 4. Effect of Rice Husk Bio-ash on Rice Yield.

Treatment

Panicle 
Number 
(No./Pot)

Grain 
Number 

(No./ spike)

Seed 
Setting 

Rate (%)
1000-grain 

wt. (g)
Yield 

(g/pot)

T1 18.3a 189.07b 75.0b 26.36b 68.19c
T2 20.3a 185.33b 74.0b 27.46a 76.27a
T3 18.3a 187.39b 78.0a 26.22b 70.53b
T4 12.5b 264.11a 0.0 0.00 0.00
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Further, a small amount of bio-ash amendment 
could increase grain weight to 1000-grain and increase 
seed setting rate. Rice husk bio-ash has strong adsorp-
tion capacity, huge physical structure and large surface 
area. It can promote the ion exchange and adsorption 
capacity of the soil and enhance the content of soil nu-
trients, resulting in higher crop yields [25].
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ABSTRACT: Levels of eight heavy metals in surface sediments and different tissues of 
Aegiceras corniculatum and Kandelia candel situated in Quanzhou Bay wetland were 
determined to assess the accumulation and transferability of heavy metals in the man-
groves. Acid-extractable concentrations decrease in the sediments as Fe > Mn > Pb 
> Zn > Cu > Cr > Ni > Co. In both mangrove species, the distribution of metals occurs 
in the order of root > branch > leaf for Cu, leaf > root > branch for Ni, and root > leaf > 
branch for the other six metals. Bio-concentration factors of Ni, Cr, Cu, Zn, Fe and Mn 
are higher than those of Co and Pb in both species. Kandelia candel has a higher ability 
than Aegiceras corniculatum to accumulate Cu, Ni, Mn, Fe and Co, but weaker for Zn, 
Cr and Pb. Most of the metals are retained in the roots.

INTRODUCTION

MANGROVE forests are ligneous plant communi-
ties growing in the inter-tidal zones of tropical 

to subtropical coastal rivers, estuaries and inner-bays 
[1]. They are highly productive and play a vital role as 
a major primary producer within estuarine ecosystems 
[2–3]. As the last ecological barriers between terres-
trial and marine ecosystems, mangrove forests can pre-
vent coastal erosion and provide a good nursery ground 
for a number of commercially important aquatic organ-
isms [4–5]. 

Heavy metals are considered as one of the most se-
rious pollutants due to their toxicity, persistence and 
bioaccumulation [6], and their mobility and bioavail-
ability in the environment are determined by their spe-
ciation. Two methods, named a single-step extraction 
procedure and a multiple-sequential extraction proce-
dure, are commonly used to extract the bioavailable 
fractions of metals in soil/sediment. Dilute hydrochlo-
ric acid (HCl) is one of the more widely used extract-
ants in single-step extraction procedures [7–8].

Mangroves play an important role in abating heavy 
metal pollution in offshore areas due to their absorb-
ing and accumulating heavy metals through physi-
ological and biochemical processes [9–10]. Quanzhou 
Bay (24°46′–24°58′N, 118°38′–118°47′E), once the 
famous jumping-off point of the silk route on the sea 

in ancient China (especially in Song and Yuan Dynas-
ties), lies in the southeast of Fujian province, China, is 
a semi-enclosed bay with its mouth opening towards 
Taiwan Straits. There are nearly 400 ha of mangroves 
in Quanzhou Bay wetland, in which Aegiceras cor-
niculatum and Kandelia candel are the dominant spe-
cies. Quanzhou Bay has been threatened by heavy 
metal pollution due to the rapid urbanization and in-
dustrialization in the surrounding areas during the past 
few decades [11]. However, there are few reports on 
the in-situ remediation of heavy metal pollution using 
mangroves situated in Quanzhou Bay wetland. This 
study aims to determine the accumulation and trans-
ferability of eight heavy metals (Fe, Mn, Pb, Zn, Cu, 
Cr, Ni and Co) in the dominant mangrove species, Ae-
giceras corniculatum and Kandelia candel, found in 
Quanzhou Bay wetland. The results may then provide 
a scientific basis for assessing the in-situ remediation 
of heavy metal pollution using the mangroves situated 
in this area.

MATERIALS AND METHODS

In October 2009, field sampling was conducted in 
Quanzhou Bay mangrove wetland at low tide. There 
were five sampling sites each for Aegiceras cornicula-
tum (A1 to A5) and Kandelia candel (K1 to K5) (Figure 
1). At each sampling site, leaf, branch and root samples 
were separately collected from 5 representative man-
grove trees with a height of > 2 m [4]. Five surface 
sediment samples (0–5 cm) were randomly collected *Author to whom correspondence should be addressed.  
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and then mixed to form one composite sample for each 
sampling site.

The plant samples (leaves, branches and roots) were 
first washed with tap water to remove the dirt, then 
washed with de-ionized water, oven-dried (60°C for 96 
hours) to constant weight, and then ashed (450°C for 12 
hours) and homogenized for further analysis [10]. For 
each plant sample, 0.2 g ash was digested with concen-
trated HNO3 at 80°C in a water bath till dryness, then 
dissolved with 0.5 mol·L–1 HNO3, and finally filtered 
into a 50-mL volumetric flask for further analysis. The 
pretreatment, preparation and metal extraction (using 
0.5 mol·L–1 HCl) of sediment samples were following 
standard protocols [12]. Concentrations of heavy met-
als in the extracted solutions were determined using in-
ductively coupled plasma atomic emission spectrome-
try. The background correction and matrix interference 
were monitored throughout the analyses. Analyses of 
the mixed standard solutions were done for every fifth 
sample to maintain the accuracy of analysis. Analyses 
of triplicates for all the samples showed the following 
coefficients of variation for elements: Fe ≤ 2.2%, Mn 
≤ 1.7%, Zn ≤ 5.0%, Cr ≤ 3.4%, Cu ≤ 1.2%, Pb ≤ 3.6%, 
Ni ≤ 1.6% and Co ≤ 1.8%.

In this study, the bio-concentration factor (BCF; 
ratio of plant metal concentration to sediment metal 
concentration) and the transfer factor (TF; ratio of leaf 

metal concentration to root metal concentration) were 
respectively employed to evaluate the metals’ accumu-
lation ability from sediment to plant and their transfer 
ability from root to leaf within plants [2].

RESULTS AND DISCUSSION 

Acid-extractable Concentrations of Heavy Metals 
in the Sediments

The acid-extractable concentrations of heavy metals 
in the surface sediments are listed in Table 1. Obvious 
variation for most elements is found at different sites. 
For example, Cu varies from 14.0 to 136 mg kg–1, and 
Pb from 39.4 to 151 mg kg–1. Sites of A1, A4, A5 and 
K5 show much higher concentrations of Cu than other 
sampling sites because there are domestic and aquacul-
ture sewage outfalls near these 4 sites. Site K1 shows 
the highest level of Pb because it is near a national 
road, on which the traffic is very busy. The elemental 
sequence of average concentrations is Fe > Mn > Zn 
> Pb > Cu > Cr > Ni > Co, in which Cu and Pb are 
higher than the first-class limits (35 and 60 mg·kg–1 for 
Cu and Pb, respectively) of Chinese Marine Sediment 
Quality [13], indicating that Cu and Pb show a higher 
degree of contamination than other studied heavy met-
als.

Figure 1. Sampling location map of the study area.
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Accumulation and Transfer of Heavy Metals in the 
Mangroves

The concentrations of heavy metals in different tis-
sues of both mangrove species are listed in Table 2. 
There are obvious differences between metals in dif-
ferent tissues of the same species. On the whole, the 
elemental sequence of average concentrations in dif-
ferent tissues of both species is generally in the order 
of Fe, Mn > Cr, Zn > Cu > Pb > Co, with the exception 
of Ni, which is lower than Pb in branches and roots of 
Aegiceras corniculatum and roots of Kandelia candel 
but higher than Pb in branches of Kandelia candel, and 
higher than Cr and Zn in leaves of both species. Mn is 
obviously higher than Fe in branches and leaves, but 
significantly lower than Fe in roots of both mangroves. 
Cr is obviously higher than Zn in most tissues of both 
species with the exception of Kandelia candel roots. 
The concentrations of heavy metals in different tissues 
of both species show the order of: root > branch > leaf 
for Cu; leaf > root > branch for Ni; and root > leaf > 
branch for Fe, Mn, Cr, Zn, Pb and Co. Neither man-
grove species can be considered as a potential hyper-
accumulator, which should have the critical concentra-
tions > 1000 mg·kg–1 in the aboveground tissues for 

Cu, Ni, Pb, Co and Cr, while > 10000 mg·kg–1 for Mn, 
Fe and Zn [14].

Average BCF values of the studied heavy metals in 
different tissues of both mangrove species are listed 
in Table 3. It is found that the elemental BCF values 
show different sequences in different tissues of both 
mangrove species. For Aegiceras corniculatum, the se-
quence is Cr > Zn > Mn > Cu > Ni > Co > Pb = Fe in 
branch, Ni > Cr > Mn > Zn > Cu > Pb = Co > Fe in leaf, 
Cr > Zn > Fe > Ni > Cu > Mn > Pb > Co in root, while 
Ni > Cr > Zn > Fe > Mn > Cu > Pb > Co for the whole 
plant. For Kandelia candel, the sequence is Cr > Cu = 
Mn > Ni > Zn > Co > Fe > Pb in branch, Ni > Cr > Mn 
> Zn > Cu > Co > Fe = Pb in leaf, Cr > Fe > Cu > Zn 
> Mn > Ni > Pb > Co in root, while Ni > Cr > Fe > Cu 
> Mn > Zn > Pb = Co for the whole plant. As a whole, 
the BCF values of Ni, Cr, Cu, Zn, Fe and Mn are much 
higher than those of Co and Pb in both mangrove spe-
cies. The accumulating ability of Kandelia candel is 
relatively stronger than Aegiceras corniculatum for 
Cu, Ni, Mn, Fe and Co, but on the contrary for Zn, Cr 
and Pb. 

Most studied elements show the highest BCF val-
ues in roots except for Ni, which presents the highest 
BCF in leaves. This indicates that most of the studied 
heavy metals are adsorbed and stored in the roots of 
both mangrove species so as to not be easily transport-
ed into adjacent water or sediment again. Simultane-
ously and crucially, the harm coming from the accu-
mulation of most studied metals along the food chains 
is decreased. Except for Ni, when accumulated in the 
withered leaves, might be released into water and sedi-
ment again, may bring disadvantage in the mangrove’s 
fixation and restoration for heavy metals. Most stud-
ied heavy metals present the lowest BCF values in 
branches, suggesting that a branch acts as a channel in 
the transport of heavy metals within the plant but only 
weakly retains the metals for both mangrove species. 

Among the studied heavy metals, only Cr and Ni 
show the considerably high BCFs (>1) in the aboveg-
round tissues of both mangrove species, suggesting 

Table 1. Acid-extractable Concentrations (mg·kg–1) of 
Heavy Metals in Sediments.

Site Cu Zn Ni Cr Mn Co Fe Pb

A1 81.9 45.0 10.2 20.5 1122 5.18 9558 53.5
A2 23.0 76.6 6.30 18.7 892 4.00 6911 58.9
A3 27.0 87.5 8.10 21.3 1215 3.80 7020 62.2
A4 136 42.0 10.1 20.4 1052 5.19 7846 41.0
A5 70.1 45.2 10.7 21.5 859 5.71 8278 39.4
K1 14.0 56.0 5.40 41.8 708 3.90 7531 151
K2 23.6 76.9 6.39 18.8 892 4.10 6913 58.8
K3 18.0 82.5 6.10 16.2 777 3.80 6793 53.7
K4 25.0 70.8 7.70 18.0 1058 3.90 6830 57.1
K5 71.0 44.9 10.9 21.9 858 5.31 8277 39.8
Average 49.0 62.7 8.19 21.9 943 4.49 7596 61.6

A: Aegiceras corniculatum; K: Kandelia candel

Table 2. Average Concentrations (mg·kg–1) of Heavy Metals in the Tissues of Both Mangrove Species.

Cu Zn Ni Cr Mn Co Fe Pb

Aegiceras corniculatum
Branch 6.71 11.0 0.81 23.7 135 0.12 127 0.91

Leaf 5.28 23.4 136 29.3 466 0.31 229 3.23
Root 57.3 82.8 12.2 99.2 740 1.10 4619 18.2

Kandelia candel
Branch 7.42 10.1 1.12 23.7 275 0.14 132 0.53

Leaf 5.33 16.0 131 25.0 684 0.24 237 1.66
Root 41.3 95.0 6.80 89.6 874 1.28 20802 25.8
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that both species may be classified as potential accu-
mulators for Cr and Ni [15]. However, they still cannot 
be considered as potential hyper-accumulators, which 
should have the critical concentrations in the aboveg-
round tissues > 1000 mg·kg–1 for Cr and Ni [14–15].

Average TF values of the studied heavy metals are 
listed in Table 4. The elemental sequence of transfer 
ability is Ni > Mn > Cr > Zn = Co > Pb > Cu > Fe 
in Aegiceras corniculatum, and Ni > Mn > Cr > Co 
> Zn > Cu > Pb > Fe in Kandelia candel. Generally, 
plant species with TF values > 1 can be classified as 
high-efficient plants for metal translocation from roots 
to leaves of plants [15]. The TF values of most studied 
metals are less than 1.0 except Ni (11.2 and 19.3 in Ae-
giceras corniculatum and Kandelia candel, respective-
ly). This indicates that most studied metals are retained 
in the roots of both mangrove species, which results in 
the limited transfer of metals through leaves to the ben-
thos in the mangrove ecosystems and thus reducing the 
transfer of these metals to aquatic food chains [2, 10]. 
Further work is required on the reason and mechanism 
of the high transfer ability of Ni from roots to leaves in 
both mangrove species.

CONCLUSIONS

The acid-extractable concentrations of heavy metals 
in the surface sediments in Quanzhou Bay mangrove 
wetland decrease in the order of Fe > Mn > Pb > Zn 
> Cu > Cr > V > Ni > Co. Only concentrations of Cu 
(4 sites) and Pb (2 sites) exceed the first-class limits of 

Chinese Marine Sediment Quality. Concentrations of 
the heavy metals in different tissues of both mangrove 
species show the accordant order of root > branch > 
leaf for Cu; leaf > root > branch for Ni; root > leaf > 
branch for Fe, Mn, Cr, Zn, Pb and Co. The BCF values 
of Ni, Cr, Cu, Zn, Fe and Mn are higher than those 
of Co and Pb in both mangrove species. Neither man-
grove species could meet the requirements of a hyper-
accumulator plant based on the accumulation capacity 
for the metals. Kandelia candel has a relatively higher 
ability than Aegiceras corniculatum to accumulate Cu, 
Ni, Mn, Fe and Co, but a weaker ability for Zn, Cr 
and Pb. Except Ni, the other metals show the highest 
BCF values in roots, indicating that most metals are 
adsorbed and stored in the roots of both mangrove spe-
cies. The pattern of metal accumulation in plants de-
pends on physical, chemical and biological processes 
of metals in the growing environment as well as the 
physiology of plants. Further work is required on the 
reason and mechanism of nickel’s high transfer ability 
from roots to leaves in both mangrove species.
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ABSTRACT: The common treatment of printing and dyeing wastewater (PDW) is cen-
tralized processing the mix-wastewater generated by each printing and dyeing craft. 
On the basis of present process, this paper studies on individual treatment of desizing 
wastewater which contains less water and higher concentration of pollutants. Then takes 
2000-tons per day PDW treatment plant as a case to estimate the cost of construction 
and operation. Compared with technical and economic of individual processing desizing 
wastewater and centralized processing PDW, it can be shown that individual processing 
desizing wastewater is more economical. The per cubic meter water can save 0.18 Yuan 
averagely, and the total of LCC will save 1,396,700 Yuan.

INTRODUCTION

PRINTING and dyeing wastewater (PDW) dis-
charged from printing and dyeing industries is one 

of the main pollution sources of Chinese industrial 
system. According to statistics, the annual discharged 
PDW ranks the fifth in the total national industrial 
sectors [1]. At present, Chinese printing enterprises 
are mostly SMEs and scattered distribution. The dis-
charged wastewater is difficult to centralize treatment, 
and most wastewater has not been effective governance 
which causes greatly environmental pollution because 
of directly discharged. So the treatment of PDW is im-
portant for China to improve the water environmen-
tal quality, especially, the technology of low-cost and 
practical is urgent need. This paper is aimed to explore 
an economically treatment method for PDW named 
“Individual Treatments of Desizing Wastewater”. Then 
the cost of capital construction and operation are ana-
lyzed. The results will be useful and instructive to im-
prove the treatment technology of PDW.

PDW is mainly discharged from the factories of 
cotton, fiber, chemical fiber and textile. Pretreatment 
unit of printing and dyeing process discharge desiz-
ing wastewater, scouring wastewater, bleaching ef-
fluent and mercerizing wastewater, dyeing process 
discharge the dyeing wastewater, printing process dis-
charge printing wastewater and soap wastewater, fin-

ishing process discharge sorting wastewater [2–3]. In 
generally, the pH value of PDW is 6 to 10, the CODCr 
is 400 mg/L to 1000 mg/L, the BOD5 is 100 mg/L to 
400 mg/L, the SS is 100 mg/g to 200 mg/g, and the 
color is 100 times to 400 times [4–6]. The quantity 
of desizing wastewater is about 15% of total PDW 
while the pollutants is about 50% of the total emis-
sions. The desizing wastewater is alkaline, and the 
pH value is 9 to 13. The starch desizing wastewater 
contains large amount of COD and BOD with better 
biodegradability. PVA desizing wastewater the value 
of COD can reach 8000 mg/L with poor biodegrad-
ability. The scouring wastewater with the character of 
large quantity, high-concentration organic, high alka-
line and temperature, color is brownness and COD or 
BOD would reach several thousands of mg per liter. 
Bleaching wastewater is high quantity with low pol-
lutants. Mercerizing wastewater is high alkali level, 
and the content of NaOH is about 3% to 5%. In gen-
eral, many factories will recycle NaOH by the meth-
od of evaporation and concentration, so mercerizing 
wastewater is rarely discharged [7]. Dyeing wastewa-
ter with the character of great change in quality and 
quantity and pH is alkaline and reach more than 10. 
Dyeing wastewater has the following characteristics: 
high colorimeter, poor biodegradability, lower SS and 
high COD and BOD. Printing wastewater contains 
amount of slurry, BOD and COD. Finishing process 
wastewater mainly contains fiber tow, resin, formal-
dehyde, oiling agent and sizing agent with little quan-
tity [8].*Author to whom correspondence should be addressed.  
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Currently mainly treatment of PDW is central-
ized processing wastewater mixed by all processes of 
wastewater by using adsorption method, coagulation, 
gas flotation method, ultrasound technology, burning 
method and biooxidation process [9]. There also has 
some methods about pretreatment to remove COD and 
PVA of desizing wastewater at home and abroad, such 
as Fenton oxidation method, catalytic thermal treat-
ment process [10], hybrid anaerobic baffled reactor 
(HABR) [11]. However, there is no study about indi-
vidual treatment of desizing wastewater is the most 
refractory of all processes which has the character of 
less quantity, high-concentration organic contami-
nants, low BOD/COD value. In this paper, individual 
treatment of desizing wastewater is different from the 
treatment of remainder wastewater (mix-wastewater 
excepted for the desizing wastewater) in the process. 
In order to avoid the waste caused by over-treatment 
the easier degradable remainder wastewater, individual 
process is merely adopting special process for refrac-
tory desizing wastewater, but normal integrated pro-
cess for the remainder wastewater. Finally, compared 
with the economy of two treatments mentioned above, 
it can be decided the feasibility of individual treatment 
of desizing wastewater.

TECHNICAL AND ECONOMIC FEASIBILITY 
STUDY OF INDIVIDUAL TREATMENTS OF 
DESIZING WASTEWATER 

Due to small quantity, high-concentration organic 
contaminants, refractory and poor biochemical purifi-
cation ability of desizing wastewater, it can be found 
that the change of quantity is less but the organic con-
taminants are significantly lower and the biodegrad-
ability is obviously improved by comparing originally 
wastewater with the remainder wastewater. On the ba-
sis of regular wastewater treatment, individual process 
of desizing wastewater is designed using two-stage an-
aerobic digestion to treat desizing wastewater which 
is smaller, extremely refractory and extending process-
ing times, it usually uses the method of regular process 
to treat the remainder wastewater with large quantity, 
low pollutants and high biodegradability. When us-
ing centralized treatment of PDW, due to a large of 
contaminant with large quantity contained in the mix-
wastewater, this process needs to increase the retention 
time of each unit and the size of each structure in order 
to achieve treatment efficiency.

Now take 2000-tons per day PDW treatment plant 
as an example to explore the feasibility of individual 

treatments of desizing wastewater. Quantity and qual-
ity of the water are shown in Table 1. 

The wastewater should reach the Integrated Pollut-
ant Discharge Standard (GB8978-1996). The discharge 
standard of main pollutant is shown in Table 2 as fol-
lows.

The treatment technologies and processes are shown 
in Figure 1 and Figure 2 [12–13] respectively. 

According to the quantity and quality of the water, it 
can be defined the design parameters of each structure, 
then calculate the size of structure and select equip-
ment. The specific calculation can be seen as follows.

STRUCTURE CALCULATION AND 
EQUIPMENT AND EQUIPMENT SELETION 
OF COMPREHENSIVE TREATMENT OF PDW

Regulation and Aeration Pool

The main performance of regulation and aeration 
pool is to adjust the quantity of wastewater and uni-
form water quality. Pre-aeration would wipe off some 
air in wastewater and increase dissolved oxygen, then 
promote grease rise to the surface with flocculating ac-
tivity on wastewater [14]. Regulation and aeration pool 
is reinforced concrete structure, the adjustment time is 
8 h. The pool design size (L × W × H, the unit is meter) 
is 11 × 11 × 6 = 726 m3, and the superelevation of the 
pool is 0.5 m. There are some aerators and two sub-
mersible sewage pumps (type is 100WQ100-15-7.5, 
power is 7.5 kW, one-work-one-standby) in regulating 
reservoir, and the aeration intensity is 420 m2/h. 

Table 1. Quantity and Pollutant of Wastewater.

No. Pollutant Mix-wastewater
Desizing 

Wastewater

1 Quantity 2000 m3/d 300 m3/d
2 CODCr 1100 mg/L 3600 mg/L
3 BOD5 300 mg/L 1000 mg/L
4 SS 500 mg/L 1500 mg/L
5 Color 500 times 500 times
6 pH 9–11 12

Table 2. The Water Pollutant Discharge Standard.

No. Pollutant Discharge Standard

1 CODCr ≤ 100 mg/L
2 BOD5 ≤ 20 mg/L
3 SS ≤ 70 mg/L
4 Color ≤ 50
5 pH 6–9
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Figure 1. Comprehensive treatment process of printing and dyeing wastewater.

Figure 2. Individual treatment process of desizing wastewater.
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Coagulating and Sedimentation Pool

The function of the coagulating and sedimentation 
pool is to remove the suspended material and colloid. 
Coagulating and sedimentation is not only to reduce 
the turbid degree of water, color and BOD5, but also re-
move the microorganism, bacteria and virus. Coagulant 
select aluminum sulfate and response time is 30 min. 
Aluminum sulfate could combine suspended solids and 
colloid dye in wastewater to form larger flocculation 
and remove chromaticity by separation precipitation. 
The structure of the coagulating pool is reinforced con-
crete, and the design depth of water H is 3.5 m. The 
volume calculation formula is V = Q × 30/60 = 2000 × 
30/(60 × 24), the size of the pool is 4 × 3 × 4 = 48 m3, 
and the superelevation is 0.5 m. Sedimentation pool is 
an inclined plate sedimentation pool. Surface loading 
of sedimentation pool is 3 m3/m2·h, and the size of the 
pool is 2 × 2 × 4 = 16 m3.

Hydrolysis Acidification Pool

The main function of hydrolysis acidification pool 
is to reduce the quantity of organic molecules which 
makes high molecular organic decompose into low 
molecular organic and improves the biodegradability. 
It is benefit for the subsequent aerobic period of treat-
ment. When designing, retention time is 10 h, and the 
effective volume is 1000 m3. The superelevation is 0.5 
m, so the size of the pool body is 16 × 13 × 5.5=1144 
m3.

Biological Contact Oxidation Pool

The function of biological contact oxidation pool 
is to make wastewater full contact with carrier. There 
are abundant microorganism in carrier which can de-
grade organic pollutant by adsorption, oxidation and 
generate new bio-film. Meanwhile, the wastewater gets 
purification. The structure is half ground type of rein-
forced concrete, retention time is 8 h, and volumetric 
loading is 2 kg BOD5/(m3·day). The gas-water ratio 
is 15:1, and the volume calculation formula is V = 
Q(la – lt)/M = 2000(300 – 20)/(2 × 1000). So the size 
of the pool is 9 × 7 × 5 = 315 m3, and the supereleva-
tion is 0.5 m. Biological contact oxidation pool is filled 
with YCDT elastic space packing that is 3 m high and  
189 m3. There are two Roots Blowers (type is 2L52, 
one-work-one- standby), and the air quantity is 1250 
m3/h.

Secondary Sedimentation Pool

The main function of the secondary sedimentation 
pool is to remove the suspended solids from wastewa-
ter and separate mud with water. The type of second-
ary sedimentation is inclined plate sedimentation pool. 
Surface loading of sedimentation pool is 3 m3/m2·h, 
and the size of the pool is 5.5 × 5.5 × 4 = 121 m3.

Sludge Thickener

The goal of sludge thickener is to reduce the wa-
ter content of sludge and decrease sludge volume. The 
structure of sludge thickener is reinforced concrete, the 
rate of water content of sludge is 99%. Sludge thicker 
concentration time is 12 h and the pool size is 4 × 4 × 
5 = 80 m3. There are two sludge dewatering facilities 
(Type is DYQ-1000, power is 2.2 kW, one-work-one-
standby) with the capacity is 5–10 m3/h, and the run-
time is 10 h/day.

STRUCTURE CALCULATION AND EQUIP-
MENT AND EQUIPMENT SELETION OF  
DESIZING WASTEWATER

Regulation and Aeration Pool I

The regulation time is 12 h, the pool body size is 6 × 
6 × 4 = 144 m3, and the superelevation is 0.5 m. Aera-
tion intensity is 62.5 m3/h, and the regulating reservoir 
installation of 2 submersible sewage pumps (Type is 
50WQ15-15-1.5, power is 1.5 kW, one-work-one-
standby) [14].

Regulation of Aeration Pool II

The regulation time is 6 h, the pool body size is 
12 × 7 × 5.5 = 462 m3, and the superelevation is 0.5 
m. Aeration intensity is 354 m3/h, and the regulating 
reservoir installation of 2 submersible sewage pumps 
(Type is 100WQ80-10-4, power is 4 kW, one-work-
one-standby).

Coagulation and Sedimentation Pool I

The water depth H is 1.5 m and coagulant adopts 
aluminum sulfate. Reaction time is 30 min, and the 
volume formula is V = Q × 30/60 = 300 × 30/(60 × 24) 
= 6.25 m3. Pool body size is 2 × 2 × 2.5 = 10 m3, and 
the superelevation is 0.5 m. Sedimentation pool uses 
an inclined board setting basin, and the amount is one. 
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The surface loading is 3 m3/m2·h, and the size of sedi-
mentation pool is 2 × 2 × 4 = 16 m3.

Coagulation and Sedimentation Pool II

The water depth H is 1.5 m and coagulant adopts 
aluminum sulfate. Reaction time is 30 min, and the 
volume formula is V = Q × 30/60 = 1700 × 30/(60 × 
24) = 35 m3. Pool body size of coagulation is 4 × 3 × 
4 = 48 m3, and the superelevation is 0.5 m. Sedimenta-
tion pool uses an inclined board setting basin, and the 
amount is one. The surface loading is 3 m3/m2·h, and 
the size of sedimentation pool is 4.5 × 4.5 × 4 = 81 m3.

First Order Hydrolytic Acidification Pool and 
Second Order Hydrolytic Acidification Pool

The residence time of each hydrolytic acidification 
pool is 8 h, and the effective volume of each pool is 
300 × 1.2 × 8/24 = 120 m3. The size is 6 × 5 × 5 = 150 
m3, and the superelevation is 0.5 m.

Hydrolytic Acidification Pool

Retention time is 6 h, and the effective volume is 
1700 × 1.2 × 6/24 = 510 m3. The size of pool is 10 × 10 
× 5.5 = 550 m3, and the superelevation is 0.5 m.

Contact Oxidation Pool I

Retention time is 8 h, volumetric loading is 2 kg 
BOD5/(m3·day), the gas-water ratio is 15:1, the air 
quantity is 225 m3/h, and the volume formula is V = 
Q(la – lt)/M = 300 × (1000 – 20)/(2 × 1000) = 147 m3. 
The size of pool is 6 × 5 × 5.5 = 165 m3, and the super-
elevation is 0.5 m. In the pool, it adopts YCDT elastic 
space packing, its height is 3 m and volume is 90 m3.

Contact Oxidation Pool II

Residence time is 4 h, volumetric loading is 2 kg 
BOD5/(m3·day), the gas-water ratio is 15:1, the air 
quantity is 530 m3/h, and the volume formula is V = 
Q(la – lt)/M = 1700 × (180 – 20)/(2 × 1000) = 136 m3. 
The size of pool is 6 × 5 × 5.5 = 165 m3, and the su-
perelevation is 0.5 m. In the pool, it adopts YCDT 
elastic space packing, its height is 3 m and volume is 
82.5 m3. 

The total air quantity of pool I and Pool II is 255 + 
530 = 755 m3/h, there are two Roots Blowers (Type is 
3L44, one-work-one-standby).

Secondary Sedimentation Pool

The sedimentation pool type is inclined board set-
ting basin, and the structure of pool is reinforced con-
crete. Its surface loading is 4 m3/m2·h, and the size is 
5 × 5 × 4 = 100 m3. 

Sludge Thickener

The operation mode of the thickener is intermit-
tent operation, the concentration time is12 h, the water 
content of sludge is 99%, and the size of the sludge 
thickener is 4 × 4 × 5 = 80 m3. There are two sludge 
dewatering facilities (Type is DYQ-1000, power is 2.2 
kW, one-work-one-standby). The machine runtime is 
10 h/day, and the throughput of sludge is 5–10 m3/day.

COST ANALYSIS

Construction Cost

Because of the construction of dyeing treatment 
plant is large in investment, so the structure and equip-
ment cost account for larger proportion of the total in-
vestment of construction cost in the economic budget. 
Due to the limit of research condition, the construction 
cost can not be accurate calculated according to the ac-
tual construction situation, so its estimate is based on 
the volume of pool. In this paper, through a great deal 
of research and literature review, considering the fac-
tors of excavated volume and reinforcement, the cost 
of pool is 700 Yuan per cubic meter of pool volume. 
The cost of structures and equipments are shown in 
Table 3.

Operating and Processing Cost 

Operating cost of wastewater treatment plant is 
composed of wage, power cost, maintenance cost, 
chemical cost and other cost [15]. Operating cost and 
depreciation cost contain processing cost. This paper 
points out that electricity price is 0.6 Yuan/(kW·h), 
the power consumption of comprehensive treatment 
of wastewater is about 1400 kW/day and individual 
treatment of desizing wastewater is 1300 kW/day. Em-
ployee wages is 20000 Yuan a year per person, each 
process employs 6 people. Water is 1 Yuan/m3, water 
consumption of each process is 500 m3/day. The paper 
points out that chemical cost is 0.4 Yuan per ton in the 
comprehensive treatment of PDW, the desizing waste-
water treatment is 0.5 Yuan per ton and the remaining 
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part of wastewater treatment is 0.25 Yuan per ton in the 
individual treatment of desizing wastewater. In gen-
eral, maintenance fee and instrument calibration fee is 
about 5% of the equipment cost, maintenance cost of 
equipment and pipeline is 1% of the equipment cost, 
so the total maintenance cost is about 6% of equipment 
cost. Depreciation cost is calculated by the deprecia-
tion period of 25 years, residuals rate is 5%. Other cost 
is about 15% of the sum of electricity, staff welfare, 
water, chemical cost, maintenance cost and deprecia-
tion cost [16]. Specific costs are shown in Table 4.

Through the analysis of construction cost, operation 
cost, processing cost, it can be found that operating cost 
and treatment cost of individual treatment of desizing 
wastewater are 970,700 Yuan per year and 1,049,600 
Yuan per year, the unit treatment cost is 1.44 Yuan 
per cubic meter, and the operating cost and process-
ing cost of comprehensive treatment of wastewater are 
1,095,100 Yuan per year and 1,184,700 Yuan per year, 
the unit treatment cost is 1.62 Yuan per cubic meter.

Life Cycle Cost

Life cycle cost is the sum of construction cost and 
operation cost minus the net salvage value, the LCC 
analysis is mainly based on discount rate which is de-
termined by the loan interest and the CPI values and 
would have wave motion in different age. according 
to figures released by the people’s bank of China, in 
recent years, the average loan interest is 6.4% and 

the average CPI is 3.7% from 2006 to 2011, the dis-
count rate is 10.3% (6.4% + 3.7% + 3.7% × 6.4%) [17]. 
The present discounted value of total operating cost of 
individual treatment desizing wastewater and compre-
hensive treatment wastewater is 8,790,500 Yuan and 
9,920,000 Yuan, the construction cost is 2,076,700 
Yuan and 2,358,000 Yuan and the net salvage value is 
103,800 Yuan and 117,900 Yuan, respectively. So, the 
total of LCC is 10,763,400 Yuan and 12,160,100 Yuan 
respectively. 

CONCLUSION

Compared individual treatment of desizing waste-
water with comprehensive treatment of PDW in the 

Table 3. Cost of Structure and Equipment.

No.
Structures and Equipment Name of 
Comprehensive Treatment Process Price (Yuan)

Structures and Equipment Name of Desizing 
Wastewater Individual Treatment Process Price (Yuan)

1 Regulation of aeration pool 508,200 Regulation of aeration pool I 100,800
2 Coagulation sedimentation pool 44,800 Regulation of aeration pool II 323,400
3 Hydrolytic acidification pool 800,800 Coagulation sedimentation pool I 18,200
4 Contact oxidation pool 220,500 Coagulation sedimentation pool II 90,300
5 Secondary sedimentation pool 84,700 First order hydrolytic acidification pool 105,000
6 Sludge thickener 56,000 Second order hydrolytic acidification pool 105,000
7 Mechanical bar screen 20,000 Hydrolytic acidification pool 385,000
8 Submersible sewage pump 20,000 Contact oxidation pool I 115,500
9 Roots Blower (3L52) 316,000 Contact oxidation pool II 115,500
10 Dehydrator (DYQ-1000) 240,000 Secondary sedimentation pool 70,000
11 Elastic packing 47,000 Sludge thickener 56,000
12 Mechanical bar screen 25,000
13 Submersible sewage pump 12,000
14 Submersible sewage pump 16,000
15 Roots Blower (3L44) 256,000
16 Dehydrator (DYQ-1000) 240,000
17 Elastic packing 43,000
Total 2,358,000 2,076,700

Table 4. Cost Analysis.

No. Classification

Comprehensive 
Treatment of 
Wastewater 
(Yuan/year)

Individual Treatment 
of Desizing  
Wastewater 
(Yuan/year)

1 Electricity fee 307,000 285,000
2 Staff welfare 120,000 120,000
3 Water rates 183,000 183,000
4 Chemical cost 292,000 210,000
5 Maintenance cost 38,600 35,800
6 Depreciation cost 89,600 78,900
7 Other cost 154,500 136,900
8 Operating cost 1,095,100 970,700
9 Treatment cost 1,184,700 1,049,600
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process, examples have shown that the craft of com-
prehensive treatment wastewater is simpler than that of 
individual treatment desizing wastewater, and the total 
number of pool is less while the total volume of pool is 
larger. At last, through calculated an real examples that 
2000-tons per day PDW treatment plant and compared 
with the economic of individual treatment desizing 
wastewater and comprehensive treatment wastewater, 
it can be concluded that individual treatment of desiz-
ing wastewater will save 0.18 Yuan per ton than cen-
tralized treatment of dyeing wastewater. In this study, 
through the calculation of wastewater treatment plant 
with small water, it can be obtained that the total of 
LCC will save 1,396,700 Yuan. When using this treat-
ment method in the plant with large water, as the base 
of construction cost increasing, life cycle cost would 
save much more. According to the result of calcula-
tion, individual treatment is more cost savings, so it 
can be considered that the method of individual treat-
ment is feasible and it has a good potential applications 
in practice.
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Effects of Long-term Elevated CO2 Fumigation on 
Microbial Communities in a Wetland Soil
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ABSTRACT: In this study, we studied the effects of different Carbon dioxide concentra-
tions on microbial community diversity in a wetland ecosystem in northern China. The 
open-top chamber (OTC) was situated in the boggy soil in which the dominant plant is 
Deyeuxia angustifolia. Between 2010 and 2013, we maintained the average Carbon 
dioxide concentration in OTC at 370 ppm, 550 ppm and 700 ppm. Soil samples were 
collected during the last year. Results show that soil fungal diversity indices in the 0–10 
cm soil layer were significantly decreased by elevated concentration of CO2 by 4.570 in 
ck. It was increased by 4.456, 4.373 and 4.13 by 350 ppm, 500 ppm and 700 ppm CO2, 
respectively. Soil bacterial diversity indices in the 0–10 cm soil layer, however, were not 
significantly influenced by elevated CO2 (P > 0.05). The results of principal component 
analysis (PCA) and Redundancy analysis (RDA) indicate that elevated CO2 had no strict 
specificity with bacterial community diversity but strict specificity with fungal community, 
while environmental condition had great influence on fungal community diversity and soil 
nutrient. Organic carbon, nitrate nitrogen (NO-N), C/N, total nitrogen (N) and pH were 
the primary impact factors. These results suggest that the environmental conditions ex-
hibit great influence on the community diversity of fungi and bacteria. It is also found that 
soil nutrient were indicative of the change of community diversity of fungi and bacteria.

INTRODUCTION

DUE to human activity, the CO2 concentrations have 
been rising since the Industrial Revolution (IPCC, 

2007; Vingarzan, 2004). CO2 concentration is predicted 
to continue to increase at the level of 1.5 ppm per year, 
which may lead to a substantial increase of CO2 level 
of 360 ppm to increase to 550 ppm by the mid-21st 
century (IPCC, 2007). The effects of global change on 
soil microbial communities are very important in that 
microbes can influence the ecosystems through their 
effects on carbon and nutrient cycling, yet there is little 
that has been reported. Soil microbial communities still 
have mysteries due to their extraordinary complexity 
(Chatinotas, 1998; Curtis, 2003). However, microbial 
ecology studies have developed because of the mo-
lecular techniques (Pace, 1997; Hugenholtz, 1998) 
with many complex phylogenetic techniques (Bohan-
nan, 2003; Martin, 2002). This study investigated the 
effects of continuing elevated CO2 concentration in a 

4-year period on the microbial community in a wet-
land system in northern China. The system afforded an 
opportunity to study how elevated CO2 interacts with 
a complex landscape in a natural ecosystem which is 
strongly impacted by water. The hypothesis that elevat-
ed CO2 alters microbial community structure was test-
ed by comparing microbial parameters in an open top 
chamber treatment ring and its surrounding landscape.

MATERIALS AND METHODS

Field Site and Soil Sampling

Soil samples were collected at Honghe nature reserve 
(E133°34′38″–133°46′29″, N47°42′18″–47°52′00″) 
wetland ecological system in Heilongjiang province, 
northeastern China. The soil is albic soil and marsh 
soil. The mean annual temperature is 1.9°C and annual 
average precipitation is 585 mm. The open-top cham-
bers (each 4.2 m in diameter with hexagon and 2.8 m 
in height enclosed with a clear glass open-top cham-
ber) were established in order to control CO2 levels at 
the research station of Honghe nature reserve wetland 

*Author to whom correspondence should be addressed.  
E-mail: nihongwei2000@163.com; Telephone:+86-13503685999

Journal of Residuals Science & Technology, Vol. 12, Supplement 1

1544-8053/15/01 S093-04 
© 2015 DEStech Publications, Inc. 

doi:10.12783/issn.1544-8053/12/S1/14



X. SUI, R. ZHANG, L. YANG, H. ZHONG, J. WANG and H. NIS94

Ecosystems of Heilongjiang Academy of Sciences in 
the spring, 2009. Deyeuxia angustifolia were planted in 
May, 2009 and CO2 began to increase after seeds ger-
mination. In each year, the exposure period was from 
the middle of April to the middle of October (the whole 
growing season). Three chambers were maintained at 
ambient atmospheric CO2 concentrations (ca. 370 
µmol·mol–1); the other six chambers were maintained 
at elevated levels (ca. 500 µmol·mol–1 and ca. 700 
µmol·mol–1) by dispensing 100% CO2 into the blower 
fans during the whole day. Flow rate of 100% CO2 
into the chambers was adjusted, if necessary, to main-
tained CO2 concentrations. The CO2 concentrations at 
OTC were monitored by an infrared gas analyzer (A-
SENSE-D, Sense Air, Sweden). During July 2012, five 
soil samples for each site were randomly collected and 
immediately transported to the laboratory. The five soil 
samples mixed together and sieved to form a single soil 
sample, then stored at –20°C (Zheng, 2009).

The soil physical and chemical properties are de-
scribed in Table 1.

DNA Extraction

Total DNA was extracted from 0.25 g soil using 
Power Max Soil DNA Isolation Kit (Mo Bio Labora-
tories Inc., Solana Beach, CA, USA), according to the 
manufacture’s instructions. DNA extracts were stored 
at –20°C.

PCR Amplification

PCR amplification targeting the ITS rRNA gene 
of fungi was performed with the universal primers 
ITS1F (5′-(6-FAM)-CTTGGTCATTTAGAGGAAG-
TAA-3′) labeled with 6-FAM fluorescence and ITS4 
(5′-TCCTCCGCTTATTGATATGC-3′) and V3 region 
of the bacterial 16S rDNA with universal primers 27F 
(5′(6-FAM)-AGAGTTTGATCCTGGCTCAG-3′) and 
1492R (5′-GGTTACCTTGTTACGACTT-3′). PCR 
reaction mixtures (25 µl) included 12.5 µl PCR mix 
(TaKaRa, Japan), 1.5 µl 10 µmol/L primers, 1 µl tem-
plate DNA and were performed in triplicate for each 

sample. The PCR products were purified with the DNA 
Clean-up kit (Tiangen, China) PCR products were di-
gested with the enzyme Hha I, the reaction programs 
was 37°C for 4 h. The DNA fragments were sent to 
Shanghai Sangon Co. for analysis using ABI 3730 sys-
tem analyzer.

Data Analysis

To evaluate the effects of CO2 concentration on 
soil microbial structure and function, Comparison of 
means was done using the one-way analysis of vari-
ance (ANOVA) and the least significant difference 
(LSD). When the results were significantly different 
(P < 0.05), Duncan post-hoc test was used to analyze 
multiple comparisons. Each terminal restriction frag-
ment (T-RF) (Liu, 1997) in the profiles was considered 
as an operational taxonomic unit (OTU); Fluorescent 
fragments with peak height less than 50 were exclud-
ed from the analysis. Based on the number and abun-
dance of OTU in the profiles, the Shannon diversity 
index (H), the Evenness index (E) and Simpson diver-
sity index were measured using the Bio-dap software 
(Thomas, 2000). Statistical analysis was performed by 
Microsoft Excel (2003) and SPSS version 13.0.

Results

The Variation of Diversity of Fungi and Bacteria 
Under Different CO2 Concentrations 

The T-RFLP fingerprinting of fungi was performed 
using the restriction enzyme Hha I. According to the 
number of T-RFs and the relative peak heights, Shan-
non diversity index, Evenness index, and Simpson in-
dex were calculated (Table 2). The fungal community 
diversity indices revealed that fungal diversity differed 
greatly among the three CO2 concentrations. The fun-
gal diversity of different CO2 elevation conditions is 
significant (see table 2), while the Shannon index of 
370 ppm and 500 ppm does not show significant dif-
ference compared with ck, and the 700 ppm shows sig-
nificant difference with ck (p < 0.05). The evenness 

Table 1. The Physical and Chemical Properties of Soil.

Sites (ppm) C (g/kg) N (g/kg) Ammonium Nitrogen (mg/kg) Nitrate Nitrogen (mg/kg) pH

370 206.22B 5.20B 15AB  4.9BA 5.01B

550 189.50A 5.61D 17C 4.5A 5.11C

700 196.41B 5.54C 14AB 4.4A 4.98B

ck 191.46A 4.42A 13A 4.3A 4.76A
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Table 2. The Variation of Soil Fungi Diversity in 
Different CO2 Elevation Conditions.

Fungi Shannon Index Evenness Index Simpson Index

370 ppm 4.456B ± 0.125 0. 970A ± 0.000 0.013A ± 0.000
500 ppm 4.373AB ± 0.106 0.970C ± 0.000 0.014AB ± 0.001
700 ppm 4.130A ± 0.226 0.963B ± 0.001 0.005B ± 0.003
ck 4.570B ± 0.061 0.970C ± 0.000 0.011A ± 0.000

of soil fungi is consistent in the three CO2 elevation 
conditions. 

For bacterial diversity, T-RFLP fingerprinting was 
performed also using the restriction enzyme Hha I. The 
Shannon index and Evenness index were lower than 
those of fungi. The Shannon index increased gradually 
from 350 ppm to ck, but the Shannon index, Evenness 
and Simpson index were not significantly (p > 0.05) 
different among different CO2 conditions (Table 3).

Principal Component Analysis (PCA) of 
Soil Microorganism under Different CO2 
Concentrations

PCA was performed to analyze the microbial com-

Table 3. The Variation of Soil Bacteria Diversity in 
Different CO2 Conditions.

Bacteria Shannon Index Evenness Index Simpson Index

370 ppm 3.587 ± 0.275 0. 943 ± 0.057 0.327 ± 0.010
500 ppm 3.757 ± 0.275 0. 943 ± 0.057 0.273 ± 0.004
700 ppm 3.620 ± 0.173 0. 943 ± 0.057 0.032 ± 0.007
ck 3.680 ± 0.223 0. 943 ± 0.057 0.303 ± 0.007

Figure 1. Qualitative analysis of the main T-RFs of microorganism.

munity in soils. Results of fungi [Figure 1(a)] showed 
that the total variance explained by the first principal 
component was 25.82% and twelve samples were di-
vided into two groups, with samples ck in one group 
and the others in a second group. The percentage of 
variance explained by the second principal component 
was 10.99% and the two parts of that sample were fur-
ther divided into three categories and distributed into 
three quadrants. PCA of bacteria [Figure 1(b)] showed 
that the contribution from the first principal component 
was 40.22%, and twelve samples were divided into two 
parts. Samples of 350 ppm resided in one group and 
the rest formed another group. The second principal 
component of the contribution rate was 9.6% and the 
two parts of the sample were further divided into three 
categories and distributed into three quadrants. These 
results indicate that CO2 elevation had no specificity 
with bacterial community diversity, while the fungi 
community diversity showed regionalism. In figure 
1A, in the second axis, the CK was divided into one 
group, and the others into one group, so the fungi di-
versity showed clearly. 

Redundancy Analysis (RDA)

The relationship between environmental conditions 
and community diversity was analyzed (Figure 2). 
Results show that organic carbon (C) has the greatest 
influence on the community diversity followed by ni-
trate nitrogen (NO-N), C/N, total nitrogen (N) and am-
monium nitrogen (NH-N). Organic carbon and nitrate 
nitrogen were positively correlated with the fungal and 
bacterial community diversity indices except evenness 
index of fungi. Total nitrogen, pH and C/N were posi-
tively correlated with three indices, including fungal 
Shannon diversity index (HF), bacterial species rich-
ness index (SB), species richness index of fungi (SF).

DISCUSSION 

There were great differences of the fungal (not in 
bacteria, as stated below) community diversity be-
tween different treatments. Many studies in the litera-
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ture show that high concentration CO2 can significant-
ly change the fungal structure and abundance (Morten 
et al., 2002; Janus et al., 2005), but some other studies 
found that the fungal structure did not change under 
increased CO2 (Klamer et al., 2002). In this study, the 
community diversity indices showed that CO2 evalua-
tion on the wetlands was effective. The Shannon diver-
sity index of fungi in control (CK) was the highest fol-
lowed by 370 ppm, 500 ppm and 700 ppm, indicating 
that the enhanced CO2 concentration has changed the 
fungal structure significantly. However, little informa-
tion on bacterial community to elevated CO2 between 
OTC and control plots is primarily due to the fact that 
bacterial Shannon diversity did not change significant-
ly. Soil organic carbon could significantly affect fungal 
structures, while its effect on bacterial diversity was 
minimal. PCA and RDA showed that bacterial commu-
nity diversity had no strict specificity with increased 
CO2 concentration and this is in line with the findings 
from David (2005). This study indicated that fungi, 
rather than bacteria, respond to elevated CO2 concen-
tration and that the respiratory properties of fungi and 
bacteria were significantly different. This result em-
phasizes the need to better understand the relationship 
between microbial community structure and CO2 el-
evation. 
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Human Health Risk Assessment of Harmful Trace Elements  
in Coal Gasification Residues
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ABSTRACT: On the basis of a pilot study, the present study established an efficient 
method for the assessment of human health risks caused by some harmful trace ele-
ments (e.g., arsenic, beryllium, mercury and fluorine) in coal gasification residues. The 
proposed assessment procedure was divided into five basic steps, namely, hazard iden-
tification, exposure assessment, toxicological evaluation, risk characterization and con-
trol value calculation. The results showed that the carcinogenic risks within sensitive 
areas could reach 2.31 × 10–4 and the total non-carcinogenic hazard quotient of these 
four harmful trace elements within sensitive areas was 12.13, which is much higher 
than the referencing risk level as 10–6 for carcinogenic risk and 1 for non-carcinogenic. 
In terms of risk management, it could be suggested that the concentration of Arsenic 
should be controlled under 7.29 mg·kg–1 within sensitive areas, meanwhile under 1.59 × 
10–4 mg·kg–1 within insensitive areas.

INTRODUCTION

WITH the rapid growth of advanced large-scale 
coal gasification technology, recent years have 

witnessed the increasing discussion regarding human 
health risks caused by coal pollution. Since more and 
more residual waste, containing trace elements that are 
harmful to human health, has been released into the 
environment, such released contaminants would pose 
a serious threat to human life. Although the history 
of coal exploitation dates from the 18th century, the 
research on coal trace elements has lasted for only a 
century. In China, although scholars started to study 
coal pollution problems in 1970s, their focus was on 
the environmental impacts associated with coal com-
bustion products (e.g., coal slag, ash and smoke dust). 
In recent years, researchers started to put emphasis on 
the impacts of coal trace elements on human health 
(Dai, 2012; Swaine, 2000). Meanwhile, numerous ana-
lytical approaches and models have been developed 
and implemented to address the assessed risks of coal 
organic and inorganic pollutants (Yu et al., 2014). Pe-
ña-Fernández et al. (2014) established a model for the 
assessment of human health risks of metals and metal-

loids in urban environments, and the finding was that 
the content of contaminants in soils, such as arsenic 
or chromium, has exceeded the safe level for public. 
With the rapid development of the modern coal chemi-
cal industry, coal gasification process has produced 
significant coal waste. However, it is surprising that 
the studies on the impacts of coal gasification residues 
on underground water quality and human health has 
remained quite limited.

In this paper, an effective analytical/assessment 
method was established to evaluate potential risks to 
human health caused by harmful trace elements (Ar-
senic, Beryllium, Mercury and Fluorine) found in coal 
waste during the intake process. Chinese standard 
HJ25.3-2014 was used for reference since it provides 
guidance regarding the assessment of potential risks 
to human health at contaminated sites. Based on the 
obtained results and identified patterns, this paper pro-
vided human health risk assessment of harmful trace 
elements, and calculated safety control values as ad-
vised. Therefore, this current study is of significance to 
the maintenance of environmental safety as coal gasifi-
cation and coal chemical industry keeps developing. It 
also provides instructive suggestions for environment 
capacity assessment, for effective advance warning, 
and for promoting clean coal processing, utilization 
and sustainable development.*Author to whom correspondence should be addressed.  
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MATERIAL AND METHODS

Sample Collection and Analysis

The pilot coal gasification plant was located in 
Langfang (north latitude 39°34′83″ and east longitude 
116°45′52.9″ in China PR), and the gasifying craft-
work was carried out using a Surface gasifier. Cinder 
samples were randomly sampled from different dis-
tances (1.1 m, 1.8 m, 2.0 m, 2.5–3 m, and 3.5 m) to the 
gasification kindling point.

The coal underground gasification residue static 
leaching experiments were carried out to analyze the 
transfer characteristics of harmful trace elements to the 
groundwater environment using pure water as the ex-
tractant. Cinder samples (5g) were treated with 5 ml 
deionized water to obtain the leachate liquor by us-
ing horizontal vibration extraction procedure accord-
ing to HJ557-2009 (Solid waste-Extraction procedure 
for leaching toxicity-Horizontal vibration method). 
The concentrations of Hg, F, and Be were analyzed 
by using inductively coupled plasma-mass spectrom-
etry (ICP-MS, NexION 300D). The accuracy of the 
instrumental methods was checked by duplication of 
the samples, as well as by using control groups. All 
the following values are the average data of the three 
performed measurements. Concentrations of each trace 
element are provided in Table1.

Exposure Assessment 

This study used two exposure scenarios, namely, 
sensitive areas and insensitive areas, to assess human 
health risks due to the lack of information about the test 
sites. The assessment of human exposure to a contami-
nant was generally estimated by measuring the daily 
intake and uptake of this contaminant. Since there is 
a total of nine exposure pathways, this paper only dis-
cusses the pathway of oral ingestion in underground 
water.

Exposure routes were considered for assessing non-
carcinogenic and carcinogenic risks of trace elements. 

Usually, different exposure scenarios need to be evalu-
ated separately. This paper considered the sensitive 
areas as the places where children and adults are ex-
posed to a contaminant in a whole time manner, with 
expressions used to evaluate exposure through inges-
tion shown as following [Equations (1) and (2)]:

CGWER

GWCR EF ED
BW AT

GWCR EF ED
BW AT

ca

c c c

c ca

a a a

a CA

=

× ×
×

+
× ×
×

with CGWERca representing the oral predicted expo-
sure (carcinogenic) (L·kg–1·day–1); GWCRc was the 
water intake for a child (L·d–1); GWCRa was the wa-
ter intake for an adult (L·d–1); EDc was the exposure 
time (a) of a child; EDa was the exposure time (a) of an 
adult; EFc was the exposure rate (d·a–1) of a child; EFa 
was the exposure rate (d·a–1) of an adult; BWc was the 
weight (kg) of a child; BWa was the weight (kg) of an 
adult; ATca was the average carcinogenic effect time.

CGWER GWCR EF ED
BW ATnc
c c c

c nc
=

× ×
×

This paper considered the insensitive areas as places 
where children and adults are exposed to a contami-
nant in a whole time manner, with expressions used to 
evaluate exposure through ingestion shown as follow-
ing [Equations (3) and (4)]:

CGWER GWCR EF ED
BW ATca
a a a

a ca
=

× ×
×

CGWER GWCR EF ED
BW ATnc
a a a

a nc
=

× ×
×

with CGWERca representing the oral predicted expo-
sure (non-carcinogenic) (L·kg–1·day–1); ATnc was the 
average non-carcinogenic effect time.

Toxicological Evaluation

It is well known that Be, Hg and F can cause arse-
niasis owing to the manifestation in drinking water. As 
a nonessential element of human bodies, the toxicity of 
elemental As is extremely low, although its compounds 
are highly toxic. The source of As includes not only the 
mineral, metallurgical, chemical, pharmaceutical and 
glass industry in decolorizing agents but also insecti-

Table 1. Trace Elements Concentrations in Simulating 
Ground Water Leaching Solution of Cinder Samples.

Sites (ppm) 1.1 m 1.8 m 2.0 m 2.5–3 m 3.5 m

As (μg·L–1) 0.97 3.72 3.44 4.19 16.80
Be (μg·L–1) 0.06 0.06 0.11 0.12 0.42
Hg (μg·L–1) 3.03 0.07 0.11 0.05 0.05
F (μg·L–1) 4.21 0.36 0.48 0.23 0.66

(1)

(2)

(3)

(4)
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cides, rodenticides, chemical fertilizers and pesticides. 
Farmers, housewives, and special occupational groups 
of workers are its major hazard groups. As can enter 
the body via the respiratory tract, digestive tract and 
skin contact. The latency of As in human bodies is up 
to several years or even decades, with symptoms of 
digestive and nervous system, as well as skin lesions 
of chronic poisoning. If the concentration of As in the 
blood of pregnant women exceeds the standard, fetal 
teratoma could be induced. At present, epidemiologists 
have sufficient evidence to prove that inorganic arsenic 
is an important predisposing factor for cancers. Since 
2008, As pollution events have occurred in places such 
as Guizhou Dushan County, Hunan Chenxi County, 
Guangxi Hechi, Yunnan Yangzonghai, Henan Shahe, 
and Shandong Linyi.

Beryllium and its compounds are extremely toxic, 
and even trace amounts of it can be poisonous. The 
respiratory tract is the main route that beryllium in-
vades human bodies. Long-term inhalation of small 
amounts of beryllium or beryllium oxide might cause 
pulmonary granuloma. Acute Be disease in the form of 
chemical pneumonitis was first reported in Europe in 
1933 and in the United States in 1943. Metal beryllium 
has many excellent properties such as in manufactur-
ing aircraft components, and its applications could not 
be replaced by other known materials. 

Hg occurs inorganically as salts such as Hg (II) chlo-
ride. Hg salts primarily affect the gastrointestinal tract 
and kidney, and could cause acute kidney failure. Also, 
Hg can accumulate in people’s brains. When the concen-
tration of Hg reaches a high point, it would cause dam-
age to brain tissues and hurt the central nervous system.

Hydrofluoric acid is a contact poison with greater 
hazards than many other strong acids such as sulfuric 
acid. It remains neutral in aqueous solution, and can 
quickly penetrate into tissues. It could invade human 
bodies through inhalation, ingestion or skin contact. At 
least nine U.S. workers died in such accidents between 
1984 and 1994. F is a necessary trace element for hu-
man bodies, and a moderate amount of F is beneficial 
for human health. It has been known to prevent tooth 
decay and osteoporosis in the presence of low accept-
able daily intake.

Risk Characterization

In order to understand the damage of such contami-
nants to human health, this study applied the risk as-
sessment index known as the contamination risk (CR). 
Due to toxicity differences between carcinogenic and 

Table 2. Recommendation Values about Risky 
Characterization.

Oral RfD0
(mg/kg-d) Oral SF0 Skin RfDd Skin SFd

Hg (inorganic) 3.00 × 10–4 — 2.10 × 10–5 —
As (inorganic) 3.00 × 10–4 1.50 3.00 × 10–4 1.50
F (fluoride) 6.00 × 10–4 — 6.00 × 10–4 —
Be 2.00 × 10–3 — 1.40 × 10–5 —

non-carcinogenic chemicals, one contaminant might 
have two risky characterizations. The parameters are 
shown in Table 2.

For each contaminant, the expressions used to eval-
uate contaminant risk through ingesting groundwater 
are as follows [Equation (5)]:

CR CGWER C SFcgw ca gw= × × 0

with CRcgw representing the contaminant risk, Cgw is 
the concentration of underground water contaminant 
(mg L–1).

For each contaminant, the expressions used to eval-
uate hazard quotient through ingesting groundwater 
are as follows [Equation (6)]:

HQ
CGWER C
RfD WAFcgw

nc gw=
×

×0

with HQcgw representing hazard quotient.

Control Value Calculation

Control value of the assessed risks has a limiting 
value, since the concentration of a contaminant should 
be under control in case it produces harm to the envi-
ronment and human health. According to government 
standard HJ25.3-2014, the control value of soil and un-
derground water to avoid potential carcinogenic effects 
should be calculated based on the acceptable contami-
nant risk of a contaminant is 10–6. When the control 
value of soil and underground water is calculated based 
on potential non-carcinogenic effects, the acceptable 
hazard quotient of a contaminant is 1.

Expressions used to evaluate exposure through in-
gestion were shown as following (for carcinogenic ef-
fect and non-carcinogenic effect respectively) [Equa-
tions (7) and (8)]:

RCVG ACR
CGWER SFcgw

ca
=

× 0

(5)

(6)

(7)
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with RCVGcgw representing the control value of under-
ground water based on potential carcinogenic effects, and 
ACR means the acceptable level of carcinogenic risks.

HCVG RfD WAF AHQ
CGWERcgw

nc
=

× ×0

with HCVGcgw representing the control value of un-
derground water based on potential non-carcinogenic 
effects, and AHQ denotes the level of acceptable non-
carcinogenic risks.

RESULTS AND DISCUSSION

Exposure Dose

To calculate the exposure dose, recommendation 
values were referred to HJ25.3-2014 in Table 3.

Within sensitive areas, human exposure to contami-
nants in drinking water was analyzed. For each con-
taminant, the exposure dose could be calculated using 
Equations (1) and (2) with the results shown in Table 4.

Within insensitive areas, human exposure to con-
taminants in drinking water was analyzed. For each 
contaminant, exposure dose could be calculated using 
Equations (3) and (4) with the results shown in Table 5.

Risk Level

Sensitive Areas

Through the establishment of the mode, the risk 
characterization of four trace elements within sensitive 
areas could be obtained. This paper calculated the car-
cinogenic characterization risk of As in six samples, 
and non-carcinogenic hazard quotient of As, Hg, F and 
Be in all samples. The results were shown in Table 6.

Values of all six samples were above the standard 
of 10–6 and 3.5 m sampling had the highest risk level. 
Also, all sampling spots showed serious carcinogenic 
characterization risks.

First, the hazard quotients of Hg and F exceeded 
standard 1, and the total hazard quotient of 1.1 m 
sample exceeded the standard as well. Hg accounted 
for 48.62%, F accounted for 34.27%; the contribution 

ratio pie is shown in Figure 1(a). Secondly, for the  
1.8 m sample, hazard quotient of As was 2.62, which 
was twice that of normal value. As accounted for 
93.47%, with the contribution ratio pie shown in Fig-
ure 1(b). For the 2.0 m sample, hazard quotient of As 
was 2.42, which was twice that of the normal value. As 
accounted for 90.38%, with the contribution ratio pie 
shown in Figure 1(c). For the 2.5–3.0 m sample, hazard 
quotient of As was 2.95, which was almost three times 
that of the normal value. As accounted for 95.66%, 
with the contribution ratio pie shown in Figure 1(d). 
Finally, for the 3.5 m sample, the hazard quotient of As 
was 11.82, which was almost 12 times that of normal 
value. As accounted for 97.42%, with the contribution 
ratio pie shown in Figure 1(e).

To conclude, all samplings were above the standard, 
and 3.5 m sampling spot displayed severe non-carcino-
genic risks. With an increase in distance, the non-car-
cinogenic hazard quotient of underground water kept 
growing, so did the proportion of As in the contribu-
tion ratio pie. However, the total hazard quotient did 
not increase. For the 3.5 m sampling spot, there was a 
sharp increase, and the concentration of As was above 
the standard. According to the government standard, 
the corresponding water quality belonged to level IV.

Insensitive area

Through the establishment of the mode, the risky 

(8)

Table 3. Recommendation Values about  
Exposure Dose.

Parameter Unit
Sensitive 

Area
Insensitive 

Area

GWCRc L·d–1 0.7 0.7
GWCRa L·d–1 1.0 1.0
EFc d·a–1 350 —
EFa d·a–1 350 250
EDc a 6 —
EDa a 24 25
BWc Kg 15.9 15.9
BWa Kg 56.8 56.8
ATca d 26280 26280
ATnc d 2190 9125
SAF dimensionless 0.20 0.20
WAF dimensionless 0.20 0.20

Table 4. Exposure Dose within Sensitive Areas.

1.1 m 1.8 m 2.0 m 2.5–3 m 3.5 m

CGWERca (L·kg–1·d–1) 9.15 × 10–3 9.15 × 10–3 9.15 × 10–3 9.15 × 10–3 9.15 × 10–3

CGWERnc (L·kg–1·d–1) 4.22 × 10–2 4.22 × 10–2 4.22 × 10–2 4.22 × 10–2 4.22 × 10–2
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characterization of four trace elements within insensi-
tive areas could be obtained. This study calculated the 
carcinogenic characterization risk of As in six samples, 
and non-carcinogenic hazard quotient of As, Hg, F and 
Be in all samples. The results are shown in Table 7.

Values of all six samples were above the standard 
value of 10–6 and 3.5 m sampling had the highest risk 
level. Also, all the sampling spots showed serious car-
cinogenic characterization risks.

No trace elements in 1.1 m, 1.8 m, 2.0 m, 2.5 m or 
3 m samples exceeded the standard value. However, 
the total hazard risks in 1.1m sample went beyond the 
standard value. For the 3.5 m sample, hazard quotient 
of As was 3.39, which was three times that of normal 
value. As accounted for 97.42%, with the contribution 
ratio pie shown in Figure 2(b).

Control Value

For sensitive areas, several conclusions could be 
drawn based on the results presented in the previous 
section. Contaminant risks of As in all samples were 
above the standard value, and thus control value need-
ed to be calculated. Hazard quotients of As in 1.8 m,  
2 m, 2.5–3 m and 3.5 m samples and hazard quotients 
of Hg and F in 1.8 m exceeded the standard value, and 
all of those samples needed to calculate the control 
value. The rest of samples were under control.

For insensitive areas, several conclusions could be 
drawn based on the results presented in the previous 
section. Contaminant risks of As in all samples were 
above the standard value, and they need to be calcu-
lated. Hazard quotient of As in 3.5 m sample exceeded 
the standard value, and thus the control value needed 
to be calculated.

Sensitive Area

Using Equation (7), RCVG of As could be calcu-
lated.

RCVGcgw =
× ×

= ×
−

−
−10

9 15 10 1 5
7 29 10

6

3
5

. .
. mg·kg

Using Equation (8), HCVG of As could be calcu-
lated.

HCVGcgw2 3 10 0 2 1
4 22 10

1 42 10
4

2
3 1=

× × ×
×

= ×
−

−
− −.

.
. mg·kg

with a comparison of available data, the lowest value 
was chosen as the control value so that the concentra-
tion of As could be controlled under 7.29E-05 mg·kg–1.

Using Equation (8), HCVG of Hg could be calcu-
lated.

HCVGcgw2 3 10 0 2 1
4 22 10

1 42 10
4

2
3 1=

× × ×
×

= ×
−

−
− −.

.
. mg·kg

Using Equation (8), HCVG of F could be calculated.

HCVGcgw2 6 10 0 2 1
4 22 10

2 84 10
4

2
3 1=

× × ×
×

= ×
−

−
− −.

.
. mg·kg

Insensitive Area

Using Equation (7), RCVG of As could be calcu-
lated.

RCVGcgw =
× ×

= ×
−

−
− −10

4 19 10 1 5
1 59 10

6

3
4 1

. .
. mg·kg

Table 5. Exposure Dose under Insensitive Areas.

1.1 m 1.8 m 2.0 m 2.5–3 m 3.5 m

CGWERca (L·kg–1·d–1) 4.19 × 10–3 4.19 × 10–3 4.19 × 10–3 4.19 × 10–3 4.19 × 10–3

CGWERnc (L·kg–1·d–1) 1.21 × 10–2 1.21 × 10–2 1.21 × 10–2 1.21 × 10–2 1.21 × 10–2

Table 6. Carcinogenic Characterization Risk and Non-carcinogenic Hazard Quotient.

Contaminant 1.1 m 1.8 m 2.0 m 2.5–3 m 3.5 m

Carcinogenic characterization risk of groundwater As 1.34 × 10–5 5.11 × 10–5 4.72 × 10–5 5.75 × 10–5 2.31 × 10–5

Non-carcinogenic hazard quotient of groundwater

As 0.68 2.62 2.42 2.95 11.82
Be 0.06 0.01 0.01 0.01 0.044
Hg 2.10 0.05 0.08 0.04 0.035
F 1.48 0.13 0.17 0.08 0.234

Total 4.32 2.80 2.68 3.08 12.13
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Using Equation (8), HCVG of As could be calcu-
lated.

HCVGcgw =
× × ×

×
= ×

−

−
− −3 10 0 2 1

1 21 10
4 96 10

4

2
3 1.

.
. mg·kg

with a comparison of available data, the lowest value 
was chosen as the control value so that concentration 
of As could be controlled under 1.59 × 10–4mg·kg–1.

Using Equation (8), HCVG of Hg could be calcu-
lated.

HCVGcgw =
× × ×

×
= ×

−

−
− −3 10 0 2 1

1 21 10
4 96 10

4

2
3 1.

.
. mg·kg

Using Equation (8), HCVG of F could be calculated.

HCVGcgw =
× × ×

×
= ×

−

−
− −6 10 0 2 1

1 21 10
9 92 10

4

2
3 1.

.
. mg·kg

Figure 1. The contribution of non-carcinogenic hazard quotient in different distance to the kindling point: (a) 1.1 m sample; (b) 1.8 m sample; (c)  
2.0 m sample; (d) 2.5–3 m sample; and (e) 3.5 m sample.

Table 7. Carcinogenic Characterization Risk and Non-carcinogenic Hazard Quotient.

Contaminant 1.1 m 1.8 m 2.0 m 2.5–3 m 3.5 m

Carcinogenic characterization risk of groundwater As 6.1 × 10–6 2.3 × 10–5 2.16 × 10–5 2.6 × 10–5 1.06 × 10–5

Non-carcinogenic hazard quotient of groundwater

As 0.20 0.75 0.70 0.85 3.39
Be 1.7 × 10–2 2.0 × 10–3 3.0 × 10–3 4.0 × 10–3 1.3 × 10–2

Hg 0.61 0.02 0.02 0.01 0.01
F 0.42 0.04 0.05 0.02 0.07

Total 1.24 0.80 0.77 0.88 3.48
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CONCLUSIONS

The difference between technical documents of 
USEPA (USEPA, 2005) and this assessment system 
was that the latter explicitly distinguished the sensi-
tive areas from insensitive areas. On the one hand, the 
present study provided a comprehensive assessment of 
risks in both childhood and adulthood. On the other 
hand, the factor of pollutant concentrations was includ-
ed into the model to calculate contaminant risks, and 
the process of assessing each contaminant’s exposure 
level was simplified. Therefore, the established system 
could effectively reduce the computational complexity 
and measurement uncertainties.

During the assessment process of human health risks 
caused by underground gasification practice, sampling 
spots from 1.1m to 3.5m in residual landfill had both 
carcinogenic and non-carcinogenic risks. Also, hazard 
quotient in drinking water was tested in both sensitive 
and insensitive areas. Computational results showed 
that the carcinogenic characterization risks of five 
samples collected from different sites within sensitive 
areas were 1.34 × 10–5, 5.11 × 10–5, 4.72 × 10–5, 5.75 
× 10–5 and 2.31 × 10–4, respectively. The non-carci-
nogenic hazard quotients of samples were 4.32, 2.80, 
2.68, 3.08 and 12.13, respectively. All of the values 
exceeded the standard value and the concentration of 
As, F and Hg negatively affected human health. For in-
sensitive areas, the carcinogenic characterization risks 
of five samples collected from different sites within 
sensitive areas were 6.10E × 10–6, 2.30 × 10–5, 2.16 
× 10–5, 2.60 × 10–5 and 1.06 × 10–4, respectively. The 
non- carcinogenic hazard quotients of samples were 
1.24, 0.80, 0.77, 0.88 and 3.48, respectively. All sites 
had displayed carcinogenic characterization risks, and 
only As found in 1.1 m and 3.5 m sites had caused se-
vere damage on human health.

The control value was obtained through the estab-
lished model, with the value of As as 7.29 mg·kg–1, 

the value of F as 2.84 × 10–3 mg·kg–1, and the value 
of Hg as 1.42 × 10–3 mg·kg–1 within sensitive ar-
eas. Also, sampling spots between residuals landfill  
1.1 m and 3.5 m showed carcinogenic contaminant 
risks, whereas sampling spots between residuals land-
fill 1.1 m and 3.5 m displayed non-carcinogenic haz-
ard quotient. The control values of As, Hg and F were  
1.59 × 10–4 mg·kg–1, 4.96 × 10–3 mg·kg–1, and 9.92 × 
10–3 mg·kg–1, respectively.
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Improvement of Heavy Metal Resistant Bacteria on 
Phytoremediation of Reclaimed Land using Coal Gangue

YAN YU, YUXIU ZHANG*, QIAN ZHANG, XIAOQING ZHANG, XIAOJUN MENG and ZHAOHUA LU
School of Chemical and Environmental Engineering, China University of Mining & Technology (Beijing), Beijing, 100083,China

ABSTRACT: Pot experiments were conducted to evaluate the effect of a heavy metal 
resistant bacteria strain Pseudomonas aeruginosa (LB5Z) on phytoremediation of re-
claimed land using coal gangue. Two sets of treatments were conducted. Planting Amor-
pha fruticosa L. was used in one set of experiment, while the other used planting and 
inoculation with the strain LB5Z at the same time. Both treatments involve four kinds of 
soils (coal gangue; coal gangue: loess = 1:1; coal gangue: loess = 1:2; and loess). The 
result showed that Amorpha fruticosa L. was suitable for the remediation of coal gangue-
polluted land, and further revealed that inoculation of Pseudomonas aeruginosa was a 
feasible means for promoting plant growth and improving tolerance of the plant to heavy 
metals. Particularly, the ratio of coal gangue to loess is recommended as 1:2.

INTRODUCTION

A large amount of coal gangue is formed during the 
processes of coal mining and coal wash. In Chi-

na, the total amount of produced coal is about 3.7 bil-
lion tons in 2013, in which coal gangue accounts for 
10%~15% [1]. There are currently nearly 2000 coal 
gangue dumps in China, and the total stock of coal 
gangue keeps an increasing trend with a rate of about 
0.15–0.2 billion tons per year [2]. Treatment and utili-
zation of coal gangue has become an important issue 
in reducing environmental pollution from coal mining.

There are a number of ways to use coal gangue, 
including synthesized utilization and reuse since coal 
gangue contains different elements. Utilization of coal 
gangue for land reclamation can not only promote re-
covery the of ecological environment of the nearby 
mining areas, but also bring significant economic ben-
efits [3,4,5]. The crucial issue for land reclamation using 
coal gangue as the main substrate is the optimal depth of 
top soil to meet the requirements of crop growth and re-
duce the possibility of soil pollution at the same time [6].

Phytoremediation is a commonly used method to 
reclaim coal gangue-polluted soil. It uses plants with 
high tolerance to remove pollutants from the environ-
ment. Through in-situ rhizospheric processes, the toxic 
heavy metals can be bioconcentrated (phytoextraction) 

and bioimmobilized or inactivated (phytostabilization) 
by plants. However, an elevated level of heavy metals 
generally displays high toxicity to most plants, which 
can impair the metabolism of plants and further inhibit 
their normal growth. As a result, the potential for metal 
phytoextraction by plants may be weakened to some 
extent, which in turn restricts the application of this 
technology. In view of this, it is necessary to develop 
proper phytoremediation strategies for heavy metal-
contaminated soils [7]. It is noticed that the phytoaccu-
mulation efficiency may be influenced by not only the 
plant itself but also the interaction between the plant 
roots and surrounding soil environment. Therefore, as 
the important aspects of phytoremediation technology, 
the biomass production and the tolerance of the plants 
to heavy metals may be enhanced by strengthening the 
interactions between plants and beneficial microbes 
[8]. As is reported, plant growth-promoting bacteria 
(PGPB) can reduce heavy metal stress and meanwhile 
promote phytoremediation and biomass production in 
heavy metal polluted soils. There are different growth-
promoting mechanisms: the siderophores, production 
of indole-3-acetic acid (IAA), the fixation of atmo-
spheric nitrogen, and the enzyme 1-aminocyclopro-
pane-1-carboxylate (ACC) deaminase [9]. Heavy 
metal resistant bacteria have a significant effect on the 
mobility of trace metals and availability to the plant. 
Through producing siderophores, they can ensure iron 
availability, reduce soil pH and solubilize phosphates 
[10].*Author to whom correspondence should be addressed.  
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There were many environmental problems in the 
coal mining areas of Shanxi Province, China, such as 
destruction of vegetation, decrease of biodiversity, and 
degradation of the whole ecosystem. Such problems 
are particularly severe in the coal gangue surrounding 
land. Thus the reclamation of the contaminated land 
nearby the gangue dump is crucial for ecological res-
toration and reconstruction of this coal mining area. 
Studies were carried out to choose a suitable phytore-
mediation technology.

The main purposes of this paper are: (1) to deter-
mine the feasibility of coal gangue mixed with the sur-
rounding soil used for phytoremediation; (2) to assess 
the ecological potential risk of different mixed rations; 
(3) to analyze the resistance to heavy metals of the 
strain isolated from coal gangue; and (4) to investigate 
the effects of the heavy metal resistant bacteria on pro-
motion of plant growth. Based on these results, it will 
be possible to elucidate the feasibility of application of 
coal gangue in land reclamation and the phytoremedia-
tion by heavy metal resistant bacteria.

EXPERIMENTAL PROCEDURE

Experimental Materials

Acid coal gangues were obtained from the min-
ing waste dump area in Shanxi Province, China. The 
main chemical characteristics of the experimental coal 
gangue were as follows: pH value was 3.69, organic 
matter and available phosphorus was 18.02 g·kg–1 and 
31.83 mg·kg–1, respectively. The element contents 
of Cd, Cr, Cu, Ni and Zn in coal gangue were 33.21, 
41.55, 38.12, 27.34 and 249.50 mg·kg–1, respectively. 
Among them, the content of Cd was 33 times larger 
than that in the Environmental Quality Standard III for 
Soils in China, which seriously inhibited plant growth. 
Organic matter and available phosphorus were deter-
mined according to the methods [11]. The content of 
heavy metal was determined by ICP-AES after digest-
ed by the method [12].

The used loess was native soil around the experi-
mental area, which was deficient in nutrients. The or-
ganic matter and available phosphorus was 2.56 g·kg–1 
and 5.55 mg·kg–1, respectively. To dispose of and 
utilize coal gangue safely, pot experiments were de-
signed. The experimental soils were obtained by mix-
ing coal gangue and loess soil, i.e. single coal gangue; 
coal gangue: loess 1:1 (Ratio I); coal gangue: loess 1:2 
(Ratio II) and single loess.

Seeds were collected from Amorpha fruticosa L., a 

common woody plant found surrounding the mining 
area. 

Coal Gangue Leaching Toxicity

Coal gangue was first ground and sieved, and then 
5 g of the sample was added to a flask that contained 
50 mL deionized water, which was placed on a shaking 
table. The contents of heavy metals in leachate were 
measured at day 0, day 1, day 3, day 5 and day 7 in trip-
licate, respectively. The concentration of heavy metals 
in leachate was measured by ICP-AES. 

To investigate the relationship between 7-day re-
lease ratio of heavy metal and the ratio of available 
heavy metal in coal gangue, existing forms of heavy 
metal in coal gangue were determined. Changes in the 
fraction of heavy metals were determined by sequential 
extraction, as described by Tessier et al. [13]. In this 
study, a two step-extraction was used to determine the 
available part of heavy metal. Briefly, the exchange-
able part (EXE) was obtained by extraction with 1 M 
NH4OAc at pH = 7, and then the carbonate part (CAR) 
was obtained by extraction with 1 M NH4OAc at 
pH = 5. Then, the total amount of EXE and CAR could 
be used to characterize the availability of heavy metal.

Resistant Strain

A coal gangue sample of 5 g was added to 45 mL 
liquid beef-protein medium and cultured at 30°C and 
200 rpm for 24 h. Then 2 mL of the suspension was 
added to another liquid beef-protein medium contain-
ing 100 mg·L–1 of Cd2+. The suspension was incubated 
with a series of liquid beef-protein mediums contain-
ing Cd2+ at a concentration up to 1000 mg·L–1. Af-
ter incubation, 0.2 mL of suspension was transferred 
into a solid medium with Cd2+ of 1000 mg·L–1. It was 
then cultured at 30°C for 72 h. After repeated isolation 
and purification, a Cd-resistant strain (LB5Z) was ob-
tained. On the basis of analysis of the sequence of 16S 
rRNA, the strain LB5Z was identified as Pseudomonas 
aeruginosa, which was published by Zhang et al. [14].

The strain LB5Z was incubated in nitrogen culture 
medium with tryptophane for 3 days [15]. Afterwards, 
1 mL of cell suspension was shifted to a tube and sub-
jected to a vigorous mixing with 2 ml of Salkowski’s 
reagent. Then, the mixture was placed for 20 min at 
room temperature. A pink color indicated the produc-
tion of IAA. The phosphate solubilization capacity of 
the strain was determined by dissolving phosphate cir-
cle after culturing in both organic phosphate medium 
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Table 1. Indices and Grades of Potential Ecological 
Metal Contamination.

Er
i

Grade of  
Ecological Risk 
of Single Metal RI Value

Grade of  
Potential  

Ecological Risk 
of Environment

Er
i < 40 Low risk RI < 150 Low risk

40 ≤ Er
i < 80 Moderate risk 150 ≤ RI < 300 Moderate risk

80 ≤ Er
i < 160 Considerable risk 300 ≤ RI < 600 Considerable risk

160 ≤ Er
i < 320 High risk RI ≥ 600 High risk

Er
i ≤ 320 Very high risk 0.23

and inorganic phosphate medium. The capacities of 
nitrogen fixation and production of biosurfactant were 
determined by the methods of Wang [16]. 

Effect of Heavy Metals on the Growth of  
Cd-resistant Bacteria Strain

Supplemented with different concentrations of 
heavy metals, 100 mL LB broth was inoculated in the 
culture flask of 250 mL with bacterial isolate in the log-
arithmic phase. All the cultures were cultured at 37°C 
for 20 h, and the optical density was measured at 600 
nm (in triplicate).

The logarithmic growth phase strain was inoculated 
in an amount of 5% to a 0~250 g·L–1 coal gangue sus-
pension (pH = 7.2). Another liquid medium with the 
same coal gangue content but without inoculation was 
used as the control. All the liquid mediums were cul-
tured at 37°C for 20 h, and the optical density at 600 
nm and pH value of suspensions were determined.

Effect of Cd-resistant Bacteria on the Growth of 
Plants 

To investigate the effect of the bacterial strain LB5Z 
on plant growth, the pot experiments were carried out. 
Four kinds of soils (Coal gangue; Ratio I; Ratio II and 
Loess) were used. For the first set of treatments, seeds 
of Amorpha fruticosa L. were planted (plant control, 
PC). For the second set of treatments, besides planting, 
inoculation with LB5Z at the same time was also car-
ried out (inoculated LB5Z, LB5Z). Each treatment was 
performed in triplicate, thus totally 36 pots were used.

In all the experiments, 20 surface-sterilized seeds of 
Amorpha fruticosa L. were placed at a depth of 1.0 cm 
in a plastic pot containing 400 g of soil. 

During the inoculation process, the strain LB5Z 
was cultured in the LB broth medium, and the cells in 
the exponential phase could be collected through the 
method of centrifugation at 12,000 rpm for 10 min. Af-
terwards, the cells were rinsed by sterile distilled water 
and centrifuged again. By resuspending cell pellet in 
sterile distilled water, bacterial inoculant with an in-
oculant density of 108 cell ml–1 was prepared. Bacterial 
suspensions (10 mL per pot) were sprayed on the soil 
surface every 10 days. At the same time, the control 
group treatments were watered with 10 mL distilled 
water. All pots were placed indoor at a temperature 
ranging from 18 to 31°C After 75 days, the plants were 
removed from the pots carefully for cleaning their root 
surface with distilled water. Through washing sev-

eral times, the root surface was clean, and plant fresh 
weight, plant height, root length and stem length could 
be measured.

Ecological Risk Assessment of Coal Gangue-mixed 
Soils

Evaluation of heavy metal pollution of different 
treatments was carried out before and after inoculation. 
Potential ecological risk index (RI) was calculated by a 
commonly used formula, which could be used to assess 
the ecological risk of heavy metals in soil or sediments 
[17]. The value of RI can be calculated by a formula 
as follows:
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where RI is calculated as the potential ecological risk 
index of all heavy metals in mixed soils of different 
treatments; Er

i denotes the potential ecological risk of 
individual heavy metal; Cs

i denotes the concentration 
of heavy metal in mixed soils; Cn

i denotes the reference 
value of heavy metal in soils (based on standard level 
III in China used in agriculture and forestry produc-
tion and the normal growth of plants, wherein Cu, Cd, 
Cr, Ni and Zn are 400, 1, 300, 200 and 500 mg·kg–1, 
respectively); and Tr

i denotes the toxic-response fac-
tor of given heavy metal (based on the HAKANSON 
approach, wherein Cu, Cd, Cr, Ni and Zn are 5, 30, 
2, 5 and 1 mg·kg–1, respectively). According to the 
HAKANSON approach, five categories of Er

i and four 
categories of RI could be defined as shown in Table 1. 
This category method was the premise of the following 
discussion.

Statistical Analysis 

The statistical analysis in this study was all carried 
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out in SPSS 10.0. Differences between groups in plant 
growth were assessed by analysis of variance (ANO-
VA) followed by Fisher LSD test (p < 0.05).

RESULTS AND DISCUSSION

Coal Gangue Leaching Toxicity

The potential environmental harm of coal gangues 
has drawn the attention of different research groups 
due to their toxicity, bioavailability and geochemical 
behavior [4,18]. In the stacking process, leaching and 
weathering may occur, resulting in pollution of soil 
and groundwater. To investigate the toxicity of coal 
gangue used in this study, a 7-day leaching experiment 
was carried out. After the 7-day leaching experiment, 
the concentration of heavy metal in leachate reached a 

stable state (Figure 1). The results showed that heavy 
metal pollution of coal gangue mainly occurred in the 
early stage of leaching and weathering. Similarly, Yue 
[19] also found a rapid leaching of coal gangue which 
reached a stable state in only 24 h. In this study, the 
concentration of Cd increased at a nearly constant rate 
during the whole process, while the concentrations of 
both Ni and Zn could reach a stable state quickly on 
day 3.

The release rates of different heavy metals are not 
identical. After 7 days of leaching, most of the ex-
changeable Cd was released from coal gangue, while 
the percentage of released Cu was close to the ratio of 
available form of Cu in coal gangue. This indicated that 
the available form of Cu in coal gangue was substan-
tively released during 7 days of leaching (Figure 2). 
Only 0.57 % of Ni was released from coal gangue, 
which was much lower than the exchangeable ratio. 
The release ratio of Zn was 12.93%, but the ratio of 
available form of Zn was only 6.85%. It can be de-
duced that some of the Zn was associated with Fe-Mn 
oxides released from coal gangue under leaching con-
dition. The same results were also reported by other 
researches [20,21] that leaching coal gangue could en-
hance the availability of heavy metal due to low pH 
and low oxidation-reduction potential. The concentra-
tion of metal dissolved out and the release rate from 
coal gangue were not only related to the pH value of 
leachate, but also related to the element concentration 
in coal gangues [18].

Characteristics of the Bacteria

Biological characteristics studies showed that the 
strain LB5Z possess the ability of solubilizing phos-
phate, nitrogen fixation and producing IAA (Figure 3). 
The results also showed that the strain LB5Z possesses 
the ability of nitrogen fixation. The strain of Pseudo-
monas aeruginosa LB5Z was also reported as an in-
dicator of increased uptake of nutrients and enhanced 
production of plant biomass in Zn stress [22,23]. Other 
studies showed that it could induce production of ACC 
deaminase, siderophore, antibiotics, hydrogen cyanide 
and volatile compounds [24].

Effect of Heavy Metals on the Growth of  
Cd-resistant Bacteria Strain

LB5Z was inoculated by using different concentra-
tions of heavy metals (Figure 4) in order to simulate 
their toxicity to plants when there were heavy metals 

Figure 1. Leaching ratio of heavy metal in coal gangue.

Figure 2. 7-day leaching ratio and ratio of different forms of heavy 
metal in coal gangue.
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in coal gangue. The strain LB5Z was tolerant to Cd at 
450 mg·L–1. When the concentration of Ni, Cu and Zn 
was close to 100 mg·L–1, the optical density of strain 
LB5Z decreased by half. Based on the screening result 
from coal gangue and verification in solution gradi-
ent, the strain LB5Z was proved to be more adaptive 
at high concentration of Cd. In order to understand the 
adaptation of strain LB5Z to combined contamination 
of heavy metals, the effects of coal gangue content on 
LB5Z growth were examined in liquid medium (Figure 
4). LB5Z, as a Cd-resistant strain, can grow and repro-
duce under the presence of enough nutrients and trace 
elements contained in coal gangue. A similar finding 
was also reported by Wang et al. [25]. When the con-
tent of coal gangue was up to 250 g·L–1, the bacterial 
growth generally displayed a declining trend due to the 
toxicity of heavy metals, which altered the metabolic 
and physiological properties of bacteria [26]. Accord-
ing to the growth response of LB5Z under coal gangue 
stress, its tolerance to higher coal gangue content was 
evident.

There was a general slight decline trend of pH with 
the increase of concentration of coal gangue, both for 
inoculation and non-inoculation (Figure 4). One possi-

ble reason is that coal gangue per se is acidic. Another 
possible reason may be that some bacteria can release 
acidic substances, resulting in the pH decrease and ren-
dering undissolved phosphate converted into dissolved 
phosphate [27]. For the inoculation treatment group, 
pH was significantly higher than that of the control 
group (non-inoculation). Regarding the mechanism of 
pH increase by inoculation of bacteria, further studies 
will be carried out. Previously, Ma et al. reported that 
the bacteria that were isolated from a heavy metal-pol-
luted environment could increase the pH of soil, result-
ing in the decrease of solubility of heavy metal, which 
is beneficial for phytoremediation [28].

Influence of Cd-resistant Bacteria Strain on the 
Growth of Plants

The PGPB used in place of synthetic chemicals is 
known as beneficial microorganisms. It is capable of 
improving plant growth by supplying the plant with 
nutrients. This could be beneficial for sustaining en-
vironmental health and improving soil productivity. 
Pseudomonas aeruginosa LB5Z shows high resistance 
to heavy metals and improves the growth of plants. In 

Figure 3. The production of IAA, NH3, biosurfactant, organic and inorganic phosphate by LB5Z (from left to right).

Figure 4. Tolerance of LB5Z to different kinds and content of heavy metals in coal gangue.
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view of this, the promoting efficiency of Pseudomonas 
aeruginosa for plant growth was examined on Amor-
pha fruticosa L. with different coal gangue contents in 
pot experiments (Figure 5).

Amorpha fruticosa L. showed some visible evi-
dences when grown in soils mixed with coal gangue 
in different ratios. Seeds in single coal gangue did not 
sprout. The greatest budding ratio was found in the 
group Ratio I, while the single loess group presented 
lower bud ratio. The plant height, root length and fresh 
weight of loess treatment were found relatively low. 
The concentrations of Cd2+ in coal gangue, Ratio I, and 
Ratio II groups were 32.15, 13.19 and 10.22 mg·kg–1, 
respectively. The high Cd2+ concentration in coal 
gangue restrained seed germination. As seeds in Ratio 
I and Ratio II sprout normally, this suggests that a con-
centration of Cd2+ at 13.19 mg·kg–1 can be tolerated. 

However, in the growth stage, the inhibition effect of 
a high concentration of Cd2+ on seedlings began to ap-
pear, leading to slow growth in Ratio I. In this experi-
ment, the relatively low concentration 10.22 mg·kg–1 
did not show significant adverse effects on seedlings. 

Generally, the strain LB5Z treatments resulted in a 
significant increase in budding and growth of plants. 
Even for Ratio I, the plant germination and growth 
were still significantly higher in inoculated treatment 
than those without inoculation treatment. However, 
there was no stimulative effect on germination even for 
the group with Cd-resistant bacteria inoculation, due 
to a high concentration of heavy metals in single coal 
gangue treatment. As reported by Russel et al. [29], 
plants that grew on Cd medium from seeds presoaked 
by heavy metal resistant bacteria exhibited longer and 
heavier roots, higher biomass and lower Cd accumula-

Figure 5. Budding ratio, plant height, root length and fresh weight of Amorpha fruticosa L. in mixed soils with different ratios of coal gangue 75 
days after seeding (Error bars represent ±SD of three replicates and different letters a, b, c and d above columns indicate significant differences 
among treatments at the 5% level).
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tion of 50 ppm. But when the concentration of Cd was 
up to 100 ppm, there was no significant difference be-
tween heavy metal resistant bacteria with association 
and those without association. Thus, it is important to 
choose optimal tolerance range of heavy metal resis-
tant bacteria in phytoremediation promoted by PGPB. 
The positive effects of PGPB on the yield and growth of 
plants can be explained by the promoting effects of these 
bacteria on auxin and cytokinin production, phosphate 
solubilization, N2-fixation and antimicrobial substance 
production [26]. Similarly, the yield and plant growth 
enhancement effects could be attributed to the bacteria 
used in this study on Amorpha fruticosa L.

Toxicity Assessment of Soils 

Table 2 summarizes the ecological risk assessment 
results of toxic heavy metals in different treatment 
soils. As can be seen, the toxic index of Cd was signifi-
cantly higher than that of other metals, because of its 

larger percentage in exchangeable and carbonate frac-
tion. Cd might bring a relatively higher risk to local 
ecosystem, while other heavy metals were all in low 
ecological risk. This phenomenon indicated that toxic 
indexes probably had a close relation with the chemical 
speciation of heavy metals [30]. The high risk of Cd to 
local environment should receive more attention in the 
future study.

Figure 6 shows the values of RI, which can be used 
to quantify the overall potential ecological risk of dif-
ferent treatments. Coal gangue as a mining residue has 
a very high potential ecological risk. Plant and inocu-
lation have no evident effect on amelioration of coal 
gangue, suggesting that coal gangue should be treated 
before reclamation. Due to the location near the coal 
mine area, the loess is affected by coal mining residues 
to some extent. Therefore, the potential ecological risk 
was at the moderate level. Such situation, however, can 
be improved by inoculation of strain LB5Z. Both Ra-
tio I and Ratio II were in the considerable risk grades. 

Table 2. Er
i of Each Heavy Metal in Different Treatments.

Sample Cd Cr Cu Ni Zn

Coal gangue 996/946/918 0.23/0.12/0.11 0.10/0.11/0.10 0.19/0.16/0.15 0.52/0.54/0.56

Ratio I 382/367/349 0.22/0.20/0.17 0.43/0.37/0.33 0.67/0.60/0.49 0.39/0.34/0.30
Ratio II 318/252/218 0.15/0.14/0.13 0.32/0.27/0.34 0.51/0.46/0.41 0.27/0.30/0.25
Loess 256/183/180 0.13/0.11/0.11 0.23/0.22/0.21 0.30/0.26/0.21 0.20/0.23/0.20

Note: Values separated by a slash in one column are the Er
i of heavy metal in control, PC and LB5Z, respectively.

Figure 6. Potential ecological risk index of different treatments.
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Planting is useful in decreasing the risk grade espe-
cially for Ratio II. For instance, the potential ecologi-
cal risk of Ratio II becomes moderate after planting. 
Inoculation could further decrease the ecological risk, 
especially for Ratio I. It could be concluded based on 
these results that planting and inoculation are very ad-
vantageous to ecological restoration.

Taking RI and growth of Amorpha fruticosa L. into 
account, treatment Ratio II was recommended for the 
reclamation of coal gangue and soil surrounded by coal 
mining by using phytoremediation combined with mi-
croorganisms.

Other studies have investigated the adverse effect of 
long-term reclamation of soil with coal gangue [18,31]. 
The results show that for the reclaimed soil by coal 
gangue, with the increase of covering soil, the contents 
of Ni, Pb, Cu, Cd and Hg are all higher than those in 
the background soil, except for Mn and As. There is a 
certain degree of heavy metal accumulation. To further 
confirm the long-term effects of coal gangue, a long-
term experimental study is needed.

CONCLUSIONS

Coal gangue is a waste residual during coal mining 
production processes, which results in high concentra-
tion of heavy metals, especially Cd, in coal gangue-
polluted land. The strain Pseudomonas aeruginosa 
LB5Z isolated from coal gangue has a high tolerance 
to Cd and coal gangue. At the same time, strain LB5Z 
could promote Amorpha fruticosa L. growth and im-
prove its tolerance to heavy metals. 

The experimental results suggested that native 
woody plant Amorpha fruticosa L. is suitable for the 
reclamation of coal gangue-polluted land. Amorpha 
fruticosa L. could grow normally at the ratio 1:1 and 
1:2 of coal gangue with the loess. This study also dem-
onstrates that the introduction of Pseudomonas aerugi-
nosa LB5Z is a promising method for improving plant 
growth as well as the plants’ tolerance to heavy metals. 
Planting and inoculation could decrease potential eco-
logical risk of soil mixed with coal gangue and loess, 
and the preferable ratio is 1:2.
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ABSTRACT: The sulfate reduction–ammonia oxidation reaction with ANAMMOX sludge 
at autotrophic condition was investigated. It was found that the pH level decreased, and 
elemental sulfur and dinitrogen were produced at the end of this process, while NO3

–-N 
was a byproduct. A lower ratio of n(N) to n(S) can improve SO4

2–-S conversion ratio 
where a larger portion of NH4

+-N was oxidized into NO3
–-N, resulting in a decreased 

removal ratio of n(TN)/n(TS). This indicates that ammonia can be oxidized into NO2
–-N 

or NO3
–-N by sulfate, then the residual NH4

+-N and the produced NO2
–-N would be re-

moved via ANAMMOX.

INTRODUCTION

THE excess amount of ammonium usually leads to 
the eutrophication which poses threats to water 

quality and human health [1]. The balance of natural 
sulfur cycle could be interfered by high sulfate con-
centrations resulting in the release of toxic sulfides 
[2,3]. At the same time, sulfides bring potential dam-
age to the environment, such as odor, corrosion [4,5]. 
Wastewater from various industry departments, e.g., 
pharmacy, food and paper making industry, often con-
tains ammonium and sulfate. It is, therefore, necessary 
to develop an effective method to remove ammonium 
and sulfate simultaneously. Biological technologies are 
commonly used in nutrient removal for lower energy 
consumption and operation cost. Unfortunately, am-
monium and sulfate in wastewater are usually treated 
separately at present. Recently, treatment procedures 
have been proposed for ammonium. For instance, the 
procedure of anaerobic ammonium oxidation (ANAM-
MOX), as shown in Equation (1), uses nitrite as an 
electron acceptor to oxide ammonia into dinitrogen un-
der anaerobic autotrophic condition [6]. The maximum 
nitrogen removal capability of ANAMMOX reaches  
70 kg·(m3·d)–1 [7], it is therefore used to treat waste-
water with high ammonia concentration. In the pres-
ence of sulfate-reducing bacteria (SRB), sulfate can 
be converted to sulfide with organics as electron donor 

under anaerobic conditions. Sulfide oxidizing bacteria 
(SOB) can oxide sulfide into elemental sulfur which 
can be recycled [8]. Biological desulfurization process, 
however, is only suitable for sulfur removal. As the 
same time, it has its own limitations, e.g., long treat-
ment procedure, oxygen supply needed and relatively 
high cost for sulfate treatment.

1NH 1.32NO 0.066HCO 0.13H

1.02N 0.26NO 0.066CH O
4
+

3
+

2 3 2

+ + + →

+ +

− −

−
2

00.5 0.15 2N 2.03H O +

Recent studies have found that the conversion of 
sulfur might be related to nitrate or ammonia [9,10], 
which brings new ideas for simultaneous removal of 
nitrogen and sulfur. Sulfide and nitrate can be removed 
simultaneously with dinitrogen and elemental sulfur as 
the product at anoxic condition, defined as a denitrify-
ing sulfide removal (DSR) process. As for wastewater 
in high concentration of ammonia and sulfate, sulfate 
should be converted to sulfide with SRB at anaerobic 
condition, and ammonia could be oxidized to nitrite or 
nitrate at aerobic condition. Sulfide and nitrite or ni-
trate could then be removed simultaneously through 
the DSR process [11]. Several representative treatment 
processes are listed in the following: denitrifying am-
monium oxidation (DEAMOX) [12], sulfate reduction, 
autotrophic denitrification and nitrification integrated 
(SANI) [13], and simultaneous desulfurization/denitri-
fication (SDD) [14]. Each of these has its own limita-
tions, e.g., oxygen supply is needed during nitrifica-
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tion and organism could be consumed during sulfate 
reduction. Additionally, the anaerobic-aerobic-anoxic 
conditions potentially increase the financial budget and 
operation complexity.

Fdz-Polanco et al. [10,15] reported that ammonia 
and sulfate could be removed synchronously in an an-
aerobic fluidized bed reactor (AFBR) filled with gran-
ular activated carbon (GAC) when treating industrial 
wastewater that was rich in organic matter, nitrogen 
and sulfate. Such a procedure was named sulfate re-
duction and ammonia oxidation (SURAMOX), main 
chemical reaction of which is shown in Equation (2):

2NH SO N S 4H O

44.3 kJ·mol  
4
+

4 2 2
1

+ → + +

= −

−

⋅ −

2

∆G

The ΔG· of this reaction is too small to be reproduced 
until Yang et al. [16] demonstrated that the process re-
quires involvement of microorganisms. Liu et al. [17] 
proves that SURAMOX process shows a great biotech-
nological potential for completely autotrophic reaction 
using ANAMMOX bacteria. It is attractive that ammo-
nia and sulfate could be removed synchronously in an 
anaerobic treatment plant using sulfate reduction–am-
monia oxidation. But there are many unanswered ques-
tions related to the characteristics of this reaction. For 
instance, some researchers considered that S2– should 
be the intermediate product [10,18–19] due to S2– de-
tection in heterotrophic environment. While other re-
searchers considered S2– should not be the intermediate 
product [17] due to no S2– observed in autotrophic en-
vironment. pH value increased in autotrophic environ-
ment [17] but decreased in heterotrophic environment 
[19,20]. Only Samubon [20] and Rikmann et al. [19] 
reported NO3

–-N was produced obviously in heterotro-
phic environment. In summary, sulfate reduction-am-
monia oxidation reaction would be changed if organic 
matter presented or not. Sulfate reduction–ammonia 
oxidation reaction is autotrophic reaction, the research 
in autotrophic environment, therefore, could explain the 
mechanism of it. The aim of this research is to study 
all possible transformation pathways for both nitrogen 
and sulfur during sulfate reduction–ammonia oxidation 
reaction in autotrophic environment.

MATERIALS AND METHODS

Experimental Setup

Total volume of the batch reactor is 0.55 L and the 

effective volume is 0.45 L. A thick cylindrical wo-
ven carrier in the three dimensions of 12 cm (length) 
by 7 cm (height) by 0.2 cm (thickness) was used as 
the supports for micro-organism growth. Water fill-
ing ratio is 1. All of the connections were sealed with 
silicone, and water hoses were sealed with clip. The 
reactor was covered with shielding cloth. After fill-
ing, pure nitrogen was stripped into reactor for 30 min 
in order to displace the oxygen. The reaction was then 
proceeded in an oscillator under the temperature of 
(32 ± 2)°C.

Inoculums and Synthetic Water

Activated sludge used in this study was obtained 
from ANAMMOX sludge [21]. The initial biomass 
concentration in the reactor was about 0.518 g·L–1 and 
MLVSS/MLSS was 0.465. 

NH4Cl and (NH4)2SO4 were used for providing 
ammonium and sulfate during sulfate reduction–am-
monia oxidation reaction. The amounts of these 
chemical components varied depending on the ratio of  
n(N)/n(S). Na2S was used to provide S2–/HS– and 
NaNO2 or NaNO3 was used to provide NO2

– or NO3
–

during autotrophic denitrification. 
The mineral medium composition used throughout 

this study was (g·L–1): KHCO3, 0.9; NaHCO3, 0.9; 
KH2PO4, 0.027; CaCl2·2H2O, 0.136; MgCl2, 0.2. The 
composition of trace element I and II were based on 
van de Graff et al. [22]. 1 mL of trace element I and 
1.25 mL of trace element II were added to a liter of 
raw water.

Experimental Procedure

For sulfate reduction–ammonia oxidation reaction, 
the pH was about 7.6–7.8 in the influent and the du-
ration for reaction was 3d. The SO4

2–-S concentration 
in influent was controlled at 68.6mg·L–1. The NH4

+-N
concentration in influent was 120 mg·L–1 and the ratio 
of n(N)/n(S) was 4 during the period 1 ~ 126d. The 
NH4

+-N concentration in influent was 60 mg·L–1 and 
the ratio of n(N)/n(S) ratio was 2 during the period 
128d ~185d.

For autotrophic denitrification batch experiments af-
ter 185d, the NO3

–-N concentration in influent was 30 
mg·L–1 and S2– was 28 mg·L–1 in experiment 1. And 
the NO2

–-N concentration in influent was 30 mg·L–1 
and S2– was 28 mg·L–1 in experiment 2. Each experi-
ment was implemented 7 times and reaction duration 
was 1 day. 

(2)
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Analytical Methods

The concentrations of nitrogen compounds and 
sulfate were measured using standard methods ac-
cording to American Publish Health Association [23]. 
The sample was filtered by a fiber paper with the hole 
diameter of 0.45 μm. NH4

+-N, NO2
–-N, SO4

2–-S and 
S2– were measured colorimetrically, while NO3

–-N was 
measured spectro-photometrically. The pH value was 
recorded using a digital, portable pH meter.

RESULTS AND DISCUSSION

Transformation of Sulfate during Sulfate 
Reduction–Ammonia Oxidation Reaction

The conversion ratio of SO4
2–-S was about 20% 

when n(N)/n(S) ratio was 4. The ratio reached to 60% 
when the ratio of n(N)/n(S) was 2, as shown in Figure 1. 
S2–/HS– was not detected in the whole experiment. The 
color of ANAMMOX sludge became brown with pale 
yellow solid gradually attached, as shown in Figure 2. 
After 90d, the sludge turned yellow and some pale yel-
low solids were washed out of the reactor. The solids 
filtered through fiber paper with the hole diameter of 
0.45 μm hole were placed in water and alcohol, respec-
tively. It was found that the solid could be dissolved in 
alcohol. Janssen et al. [24] found that elemental sulfur 
generated through the biological process was covered 
with a layer of similar protein polymers, which could 
be unsinkable colloidal solids. Some of the elemental 
sulfur was generated in this experiment attached to 
the wall of reactor [seen in Figure 2(c)], others were 
washed out. Further study should be examined wheth-

er HS–/S2– degraded quickly as an intermediate which 
was shown in Results from Autotrophic Denitrification 
of S2– section.

Transformation of Nitrogen during Sulfate 
Reduction—Ammonia Oxidation Reaction

As shown in Figure 3, ammonia conversion effi-
ciency increased from 60% to 100% gradually when 
n(N)/n(S) ratio was 4. The conversion efficiency of 
ammonia was also 100 % when n(N)/n(S) ratio was 2. 

Figure 1. Variety of sulfate in the process of sulfate reduction–am-
monia oxidation. 

Figure 2. Change of sludge color for sulfate reduction- ammonia 
oxidation: (a) Before incubate; (b) Incubate for 90d; and (c) Elemen-
tal sulfur attached to the wall of reactor.

Figure 3. Variety of nitrogen in the process of sulfate reduction- am-
monia oxidation.
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NO2
–-N was not detected in the whole experiment. By 

contrast, a larger amount of NO3
–-N was detected and 

the maximum concentration was 82 mg·L–1. It showed 
that the lower n(N)/n(S) ratio was, the more NO3

–-N 
would be produced. That whether NO3

–-N could be 
produced during the process of sulfate reduction - am-
monia oxidation has received little attention. NO3

–-N 
was even not mentioned as a product in the paper of 
Zhang et al. [25]. However, NO3

–-N was found as a 
product in this study. NO3

–-N could be produced in the 
ANAMMOX process according to Equation (1). The 
amount of NO3

–-N detected in this study was larger 
than that produced, as shown in Table 2.

pH Change in Sulfate Reduction–Ammonia 
Oxidation Reaction

The pH value could be increased in conventional 
ANAMMOX process due to the consumption of H+ 

[26,27]. Sulfate reduction–ammonia oxidation is 
found to be a new type of biological process similar to 
ANAMMOX. It, however, can be seen from Figure 4 
that pH in effluent was lower than that in the influent 
which was similar to the findings from Samubon [20] 
and Rikmann et al. [19].

The Effect of n(N)/n(S) on Sulfate Reduction–
Ammonia Oxidation

As shown in Figure 5, when n(N)/n(S) ratio was 4, 
the average conversion rate of NH4

+-N and SO4
2–-S

was 3.8 mmol·L–1·d–1 and 0.24 mmol·L–1·d–1, respec-
tively. The average generation rate of NO3

–-N was 
1.47 mmol·L–1·d–1.When n(N)/n(S) ratio was 2, the 
average conversion rate of NH4

+-N and SO4
2–-S was 

1.41 mmol·L–1·d–1 and 0.42 mmol·L–1·d–1, respec-
tively. Average generation rate of NO3

–-N was at 1.37 
mmol·L–1·d–1. It could be concluded that SO4

2–-S con-
version rate increased with n(N)/n(S) ratio decreasing 

while SO4
2–-S concentration in influent was constant. 

However, little change of NO3
–-N generation rate was 

observed. NO2
–-N was not detected in effluent and 

nitrogen loss was observed under different n(N)/n(S) 
ratios.

As shown in Figure 6, it can be seen that NH4
+-N/

SO4
2–-S conversion ratio and n(TN)/n(TS) removal 

ratio were positively correlated with n(N)/n(S) of 
raw water. When n(N)/n(S) was 2, NH4

+-N/SO4
2–-S 

conversion ratio was 3.45±0.5 which was close to 
2. n(TN)/n(TS) removal ratio was only 0.11±0.05. 
The 97.2% of the converted NH4

+-N was oxidized to 

Figure 4. pH change in the process of sulfate reduction–ammonia 
oxidation.

Figure 5. Variety of materials conversion rates in the process of sul-
fate reduction–ammonia oxidation.

Figure 6. Effect of n(N)/n(S) ratio on substrates conversation.
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NO3
–-N with 2.8% of nitrogen loss. This was not in line 

with the findings from Liu et al. [17]. Both NH4
+-N/

SO4
2–-S conversion ratio (at 15.96 ± 2.41) and 

n(TN)/n(TS) removal ratio (at 9.69±1.84) were far away 
from the theoretical value [10,17] when n(N)/n(S) was 
4. At the same time, 38.7% of the converted NH4

+-N 
was oxidized to NO3

–-N. Therefore, it is concluded that 
n(N)/n(S) had little effect on NH4

+-N conversion ef-
ficiency. However, lower n(N)/n(S) ratio could lead 
to higher SO4

2–-S conversion rate. Portion of NH4
+-N 

converted into NO3
–-N which has led to smaller nitro-

gen losses. All of these have demonstrated that sulfate 
reduction–ammonia oxidation reaction is not an el-
ementary reaction but a number of reactions.

Results from Autotrophic Denitrification of S2–

To examine whether autotrophic denitrification de-
pended on S2– occurred during the process, additional 
experiments were conducted after 185d. Results from 
this analysis are list in Table 1. The concentrations of 
NO3

–-N/NO2
–-N and S2– barely changed in the influent 

and effluent. This denotes that micro-organisms in the 
reactor cannot degrade S2–. It also demonstrates that 
S2– is not an intermediate product during the process of 
sulfate reduction–ammonia oxidation reaction.

The Material Balance during Sulfate Reduction–
Ammonia Oxidation

The above-listed results show that sulfate reduction 
-ammonia oxidation might be composed of a series of 
reactions. According to the detected HS–/S2–, Fdz-Po-
lanco et al. [10] speculated the equations might be that 
as follows:

3SO 4NH 3S 4NO 4H O 8H4 4
+ 2

2 2
+2− − −+ → + + +

3S 2NO 8H N 3S 4H O 2
+

2 2
2− −+ + → + +

2NO 2NH 2N 4H O 2 4
+

2 2
− + → +

Some researchers tend to support this assumption 
because HS–/S2– was detected in their heterotrophic ex-
periments [18,19]. It could be analyzed that sulfate- re-
ducing bacteria (SRB) might reduce sulfate into HS–/S2–

 using organic or hydrogen as electron donor under or-
ganic anaerobic conditions. At the same time, HS–/S2–

 could further facilitate autotrophic denitrification. 
In this experiment, ANAMMOX sludge was inocu-

lated and cultured in inorganic nutrient environment. 
Therefore, no organic substrates were available for 
SRB to produce HS–/S2–. This can partially explain the 
fact that HS–/S2– was not detected in this study. Accord-
ing to autotrophic denitrification experiments, the re-
duction product of SO4

2–-S is S0 instead of S2–. HS–/S2–

 also were not detected in the experiment of Liu et al. 
[17], which was implemented in an inorganic environ-
ment too. Liu et al. [17] speculated the reactions of 
sulfate reduction–ammonia oxidation in Equations (5) 
and (6):

NH SO NO S 2H O 4
+

4 2
0

2+ → + +− −2

2NH 2NO 2N 4H O  4
+

2 2 2+ → +−

Although this speculation can explain that elemental 
sulfur is produced directly from SO4

2–-S with NH4
+-N 

oxidation in this experiment, it cannot explain the phe-
nomena of the production of large quantity of NO3

–-N 
and the drop of pH value. NO3

–-N can only be pro-
duced via ANAMMOX [seen Equations (1) and (5)] in 
both sub-step reactions supposed by Fdz-Polanco et al. 
[10] or Liu et al. [17]. In ANAMMOX reaction, NH4

+-(3)

(4)

(5)

(6)

(5)

Table 1. The Transformation Rule of Substrates in Autotrophic Denitrification Experiments.

Time

Experiment 1 Experiment 2

NO3
–-N in 

Influent, 
(mg/L)

NO3
–-N in 

Effluent, 
(mg/L)

S2– in
Influent, 
(mg/L)

S2– in
Effluent, 
(mg/L)

NO2
–-N in

Influent, 
(mg/L)

NO2
–-N in

Effluent, 
(mg/L)

S2– in
Influent, 
(mg/L)

S2– in
Effluent, 
(mg/L)

1 30.0 30.0 28 28 30.1 30.0 28 28
2 29.9 29.8 28 28 30.1 29.9 28 28
3 29.9 29.9 28 28 30.0 29.9 28 28
4 30.0 30.0 28 28 30.0 30.0 28 28
5 30.0 30.0 28 28 29.8 29.7 28 28
6 30.0 30.0 28 28 29.8 29.8 28 28
7 30.0 30.0 28 28 30.0 30.0 28 28
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N/NO2
–-N conversion ratio is 1.00:1.32, with portion 

of NO2
–-N converted to NO3

–-N to provide electron for 
the reduction of CO2 [28]. It is, commonly, considered 
that the production of NO3

–-N is due to ANAMMOX in 
sulfate reduction–ammonia oxidation [10,15–18,29].

According to the speculation by Liu et al. [17], 0.26 
mmol NO3

–-N could be generated due to 2.32 mmol 
consumption of NH4

+-N can generate during sulfate 
reduction–ammonia oxidation. The amount of NO3

–-N 
generated according to the amount of NH4

+-N conver-
sion can be calculated at different reaction stages in 
this experiment, which are far less than the actual pro-
duction (listed in Table 2). In addition, the pH value of 
the reaction system should increase due to acid con-
sumption in the ANAMMOX reaction. However, the 
pH of this reaction system was actually decreased. 
This is partly due to the fact that the majority of  
NO3

–-N was not produced via ANAMMOX pathways 
but via other pathways. The only electron acceptor in 
the reaction system was SO4

2–-S. Therefore, it can be in-
ferred that SO4

2–-S could oxide portion of NH4
+-N into 

NO3
–-N according to Equation (7):

4SO 3NH 2HCO

4S 3NO 2H O 2CO
4 4

+
3

0
3 2 3

2

2

− −

− −

+ + →

+ + +

The total alkalinity of the reaction is consumed in 
the process and leads to the drop of pH value, which 
is consistent with the experimental phenomena. Thus 
sulfate reduction–ammonia oxidation system could be 
presumed as follows:

NH SO NO S 2H O 4
+

4 2
0

2+ → + +− −2

2NO 2NH 2N 4H O 2 4
+

2 2
− + → +

The n(N)/n(S) ratio is a key parameter for the oxida-
tion of NH4

+-N into NO2
–-N or NO3

–-N by SO4
2–-S. 

When n(N)/n(S) is low, NH4
+-N should be excessively 

oxidized into NO3
–-N to provide enough electrons to 

reduce SO4
2–-S. Therefore, when SO4

2–-S concentra-
tion was constant, NO3

–-N generation efficiency at 
n(N)/n(S) ratio of 2 was much higher than that when 
n(N)/n(S) ratio was 4 (see Figure 6).

CONCLUSION

The products of sulfate reduction–ammonia oxida-
tion with ANAMMOX bacteria are elemental sulfur 
and dinitrogen. Such a process leads to the decrease 
of pH. It is not a simple continual reaction but a se-
ries of complex reactions resulting in the instability of  
NH4

+-N and SO4
2–-S molar conversion ratio. Ammo-

nia may be oxidized to NO2
–-N or NO3

–-N by sulfate. 
Generated NO2

–-N and the residual ammonia can then 
be removed via ANAMMOX.
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ABSTRACT: The exploitation of coal resources has resulted in a series of ecological 
and environmental problems. The aim of this study was to determine the pollution char-
acteristics of the river-soil-vegetation system in the Kaili coal mining region. By analysing 
the heavy metal content of samples from water, soil, and plants along a section of the 
Chongan River channel downstream from the coal mining region, this research shows 
that a number of wastewater quality indices have already exceeded the Secondary Chi-
nese Discharge Standards. The soil in the mining region has been slightly polluted by 
Zn and seriously polluted by Hg. Moreover, it is shown that all plant samples such as 
Pteris vittata L., rice seedlings, and vegetables, such as capsicum, cucumber, kidney 
bean, tomato, and eggplant, have been affected by coal mine wastewater. These results 
demonstrated that the upper reaches of the Chongan River have been seriously polluted 
by coal mine wastewater, and as such need imminent environmental management.

INTRODUCTION

ALTHOUGH coal is an important energy resource, 
the exploitation and utilisation thereof has gone on 

for thousands of years, resulting in a series of ecologi-
cal and environmental problems, locally and globally 
[1,2]. In the process of coal production, acid drainage 
from mines, coal washing, tailings dumps, and aban-
doned mine pits have endangered the peripheral eco-
systems of mining areas [3,4]. For example, due to the 
influence of acid coal mine wastewater, heavy metal 
and chloride contents exceeded limits [5]; the heavy 
metal content of soil in Donezk Coal Field in the for-
mer Soviet Union exceeded all limits, and 90% of 
soil in the city was polluted by mercury with a maxi-
mum mercury content of 19 mg/kg [6]; acid coal mine 
wastewater changed over the seasons, and the river 
ecosystem was also influenced in Hocking River Ba-
sin, Ohio, USA [7]. In Wangaloa Coal Mine, Otago, 
New Zealand, the acid coal mine wastewater pro-
duced through the open-air storage of mass gangues 
resulted in increasing the heavy metal contents in the 
nearby rivers, and a decrease in pH in some rivers to 

as low as 2 to 4 [8]. Some research has been aimed at 
problems caused by coal mining such as geological 
hazards, water resource destruction, environmental 
pollution, and land resource destruction, as well as 
their corresponding consequences [9–11]. However, 
less attention was paid to the changes to overground 
vegetation features and soil quality in mining areas 
[12,13]. Long-term pollution has resulted in localised 
ecological crises.

Coal reserves are abundant in Guizhou Province 
with many coal mines distributed across the province. 
Kaili lies in the southeast of the province. There are 
three major rivers in this area: the Qingshui, the Chon-
gan, and the Bala, in addition to 35 tributary streams. 
Collectively, the river system acts as an important eco-
logical screen for the upper reaches of the Changjiang 
River. The district from Yudong to Jiangkou is one 
of the coal mining centres of Kaili, where there are 
seven villages and 30 to 40 active coal mines. Much 
acid mine drainage and leachate from tailing piles is 
directly discharged into the upper reaches of the Chon-
gan River, without treatment: this causes the river to be 
polluted by coal mine wastewater as far as its mouth. 
This study aimed to determine the pollution character-
istics of the river-soil-vegetation system in the Kaili 
coal mining region.
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Introduction of Sampling Sites

Water samples were collected from Yudong to Ji-
angkou at Kaili, Guizhou Province. The total length of 
the river under study was 15 km. Along the river chan-
nel, water samples were collected at six different loca-
tions in the upper, middle, and lower reaches, marked 
by A to F in Figure 1.

The water samples and sampling spots were: A. from 
the upper reaches of the river near Yudong; B. from the 
river near the abandoned Qiaotou coal mine; C. from 
the pithead of the Qiaotou coal mine; D. from the river 
near the tailings pile of the Laoshan coal mine; E. from 
the source of black coal washing waste water, and F. 
from the river under the Jiangkou Bridge.

MATERIALS AND METHODS

The pH, suspended solids (SS), and chromaticity 
were measured according to Chinese National Stan-
dards [14–16].

Both regular and banded-layout methods [17] were 
adopted for sampling agriculturally cultivated soils 
along the course of the polluted river, throughout the 
entire investigation region, by collection of samples 

at five points a, b, d, e, and f (corresponding respec-
tively to water sampling points A, B, D, E, and F). 
Water sampling point C was at the pithead, so no soil 
sample could be collected there. The soil sample points 
are located, in turn, at: a, on the bank near Yudong; 
b, on the bank near the abandoned Qiaotou coal mine; 
d, on the bank near the tailing dump of the Laoshan 
coal mine; e, on the bank from soil near the coal wash-
ing drainage water; f, on the bank under the Jiangkou 
Bridge. Two sampling locations (1) (0–20 m) and (2)  
(20–40 m) from the water were investigated separately 
at each soil sampling point. By using quartering [17], 
one kilogramme of soil sample was recovered.

The soil samples were spread onto a sheet of clean 
plastic, impurities were removed, the soil was air-dried 
at 30°C, and then the soil samples were ground, initially 
to pass through a 2 mm sieve, and then to pass through 
a 0.15 mm sieve. Finally, they were sub-packed for fur-
ther use at 4°C [17].

The soil samples (sieved to 2 mm) were used to 
determine the pH according to the method given in 
GB15618-1995 [18].

The soil sample solution was prepared in ac-
cordance with the HCl-HNO3 treatment method in 
HJ/T166-2004[17], for determining the contents of to-
tal iron, total zinc and total lead. The soil sample solu-
tion was prepared for determining total mercury con-
tent following the leaching method [19].

Pteris vittata L was chosen as a typical indicator 
plant collected from a range of plants near the edge of 
the polluted river; samples were collected according to 
both regular and banded-layout methods and the plum 
blossom-layout method [17]. The position of sampling 
sites and the number of samples were the same as the 
soil sampling sites. Finally, the samples were cleaned 
with distilled water immediately after collection, la-
belled, and stored in sample bags [17].

Rice seedlings (the complete stem was collected) 
and various vegetables (edible parts only) were collect-
ed from the soil lying up to 20 m away from the pollut-
ed river. Then, the samples were cleaned with distilled 
water immediately after collection, labelled, and put 
into sample bags. Plant samples were washed repeat-
edly with deionised water, and water in the plant sam-
ples was removed. Then, the samples were oven-dried 
at 105°C for 30 min, and baked for 24h at 338.15°C to 
70°C. Finally, the samples were powdered, and sieved 
through a 100-mesh sieve. The screen underflow was 
prepared for subsequent use. The sample solution for 
the analysis of total iron, total zinc, and total lead was 
prepared following the dry cinefaction method [20]. 

Figure 1. Map of the sampling sites.
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Table 1. Water Quality Analysis: All Sampling Points.

Water Sample pH
SS 

(mg L–1)
Chromaticity 

(description/extension rate)
Total Iron 
(mg L–1)

Total Mercury 
(μg L–1)

Total Zinc 
(mg L–1)

Total Lead 
(mg L–1)

A 6.73 39 Light yellow, transparent / 8 — 0.06 0.06 —
B 2.78 91 Light yellow, transparent / 3200 337.7 0.09 2.5 —
C 2.67 319 Deep yellow, transparent / 16000 1651.2 0.27 6.1 0.2
D 2.85 281 Light yellow, transparent / 32 75.2 0.02 1.3 0.09
E 2.69 761 Deep yellow, transparent / 12600 1532.5 0.10 6.1 0.3
F 5.98 68 Light yellow, transparent / 16 4.4 — 0.1 —
Discharge Standard II* 
[23]

6–9 300 80 — 0.05 5.0 1.0

Note: the data of Table 1 are the average of three samples in the same sampling points.
*The Secondary Chinese Wastewater Discharge Standard is the wastewater discharge standard stated in GB8978-1996 Integrated wastewater discharge standard.

The sample solution for total mercury determination 
was prepared following the mixed-acid leaching meth-
od [19]. The methods of measuring the contents of total 
iron, total zinc, and total lead are given by David [21] 
and Jarvis and Kym [22], while Li et al. [19] and Jarvis 
and Kym [22] describe the methods of measuring the 
total mercury content and the total aluminium content, 
respectively. The ICP-OES (Varian, Vista MPX) was 
used to measure the contents of total iron, total zinc, 
total mercury and total lead.

RESULTS AND DISCUSSION

Water quality and major metal contents of the pol-
luted river samples at the six sampling points are given 
in Table 1.

The results presented in Table 1 indicate that the pH 
at B, C, D, and E was between 2.6 and 3.0, which was 
far below the discharge standard (6-9), and the pH of 
A and F was within the scope of the relevant discharge 
standard. The SS at C and E was 16000 and 12600, 
respectively, which was far over the discharge standard 
(80), and the concentrations of Fe, Hg, Pb, and Zn far 
exceeded the discharge standard. Moreover, except 
for total lead content, water quality indices at C and E 
(only 10m away from the pollution source) were over 
the Secondary Chinese Wastewater Discharge Stan-
dard. Therefore, it represented Grade V (according to 
water area environment of surface water and protecting 
objects in surface water environmental quality stan-
dards, surface water can be classified as Grade I, II, III, 
IV, or V successively, where Grade V water is seriously 
polluted). Sampling points A, B, and D were about 100 
to 300m away from the nearest pollution sources, and 
at these locations the concentrations of various pollut-
ants were lower because of the diluting effect of the 
river water and precipitation. Furthermore, there were 
local flora and crops such as rice and corn near the river 

bank, which may absorb contaminants from the river. 
As a result, water quality will be partially improved 
as it flows downstream. For Point F downstream, the 
nearest pollution source was about 2 km away. As a 
consequence, the river water was diluted because of 
abouchement of new rivers, and many heavy metals 
in the water were deposited and absorbed by soils and 
plants along the bank as the pH increased; this let the 
water quality indices at sampling point F conform to 
the Secondary Chinese Wastewater Discharge Stan-
dard.

A river polluted by coal mines will result in nega-
tive effects on the soil and vegetation along the river 
bank. For instance, some heavy metals entered the soil 
with accumulation thereof in the river, which resulted 
in their enrichment in soils and absorption by soil and 
vegetation. This has led to deterioration of the soil eco-
logical environment and agricultural product quality. 
Long-term consumption of these polluted agricultural 
products harms human health [24,25].

The heavy metals present in various chemical states 
in acid coal mine wastewater would be gradually en-
riched in the soil by accumulation and migration. The 
enrichment factor (EF) was adopted [26–29] to analyse 
the degree of enrichment of total iron, mercury, zinc, 
and lead in the soils. During the analytical process, 
a soil reference element (such as Si, Al, etc.) was se-
lected, whose content was less affected by wastewa-
ter from coal mines. During the analytical process, Al 
was selected as a soil reference element, whose content 
was less affected by wastewater in soil because of its 
big buffer capacity, even though some other reports 
showed Al is sensitive to pH changes [30,31]. Al was 
chosen for this purpose and its EF calculated as fol-
lows:

EF Me Al
Me Al

a a

b b
=

[ ] [ ]
[ ] [ ]
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Where, [Me]a is the mass fraction of Fe, Hg, Zn, or 
Pb in the sample, [Al]a is the mass fraction of Al in the 
sample, [Me]b is the mass fraction of Fe, Hg, Zn, or 
Pb with respect to their background values, and [Al]b is 
the mass fraction of Al with respect to its background 
value (background values for soil in China, 1990). The 
results are shown in Table 2.

From the EF values, one can deduce whether the en-
richment of heavy metals elements in soil is normal. If 
EF > 1, it is shown that the relative enrichment of ele-
ments have been affected by human activities.

It can be seen from Table 2 that Fe, Hg, Zn, and 
Pb were enriched in soils due to human activities. In 
particular, the EF of total soil iron was greater than 40, 
and all soils from the sampled region were extremely 
enriched in Fe. The EF of mercury was generally in 
the range 20–40, and the mercury contents reached an 
ultra-enriched status. The main reason for this enrich-
ment was change in pH of the sampled river water, 
which caused corresponding changes in the total iron 
content of the river water. Fe3+ can stably present in 
aqueous solutions at pH < 3.0: as the pH increased, 
however, Fe3+ will be hydrolysed to produce Fe(OH)3 
in the river [32], and the precipitates will settle out as 
the river flows. Meanwhile, Fe(OH)3 in the precipitates 
is able to adsorb and retain Hg, Zn, and Pb. Therefore, 
the total mercury, total zinc, and total lead contents 
will also increase in the soils sampled in the township. 
This indicated that the exploitation of coal mines and 
the discharge of coal mine wastewater may potentially 

cause both local river pollution and heavy metal en-
richment of soils in the mining area.

It is also shown from Table 2 that the enrichment in 
heavy metals caused by coal mine waste water occurs 
not only in the vicinity of abandoned coal mine B and 
the tailings pile D, but also in operational coal mines. 
Moreover, it demonstrated that the influence of coal 
mines on the surrounding environment is on-going.

To further determine whether heavy metal enrich-
ment can cause the problems associated with heavy 
metal pollution, the soil samples were analysed by us-
ing the individual pollution index [33] and Nemerow 
integrated pollution index [34].

The individual pollution index is calculated as fol-
lows: 

I C
Si
i

i
=

Where Ci is the measured heavy metals concentra-
tion; Si is the permissible value of the heavy metal un-
der evaluation. The results are given in Table 3.

To evaluate overall environmental quality, we have 
used the Nemerow index [34], which reflects both 
maximum and average values of pollutant concentra-
tions relative to their objective levels:

P MaxI AvgI
N

i i=
+2 2

2

Table 2. Metal Element Contents in the Soils.

Sampling Point

Number 
of Soil 

Samples

Total 
Aluminiuma 

(mg kg–1)

Total Iron Total Mercury Total Zinc Total Lead

Content 
(mg kg–1) EFc

Content 
(mg kg–1) EF

Content 
(mg kg–1) EF

Content 
(mg kg–1) EF

A
(1) 49.34 47389.20 2162.67 1.790 36.95 143.02 2.59 48.12 2.48
(2) 37.21 12831.31 776.47 1.312 35.91 18.34 0.44 26.89 1.84

B
(1) 36.53 20059.23 1236.45 1.658 46.23 90.82 2.22 34.57 2.41
(2) 32.76 13864.24 952.93 0.786 24.44 48.04 1.31 25.62 1.99

D
(1) 50.62 54317.12 2416.16 1.155 23.24 150.01 2.64 46.25 2.33
(2) 42.35 27258.43 1449.30 0.622 14.96 120.83 2.55 43.61 2.62

E
(1) 28.47 21312.95 1685.65 0.792 28.33 41.53 1.30 36.54 3.27
(2) 22.84 7854.18 774.31 1.398 62.34 22.01 0.86 26.93 3.00

F
(1) 53.51 85843.41 3612.29 1.696 32.28 253.72 4.23 46.84 2.23
(2) 29.48 8665.37 661.87 0.514 17.76 29.36 0.89 26.31 2.27

Background value for China’s 
soilsb

66.20 29.40 0.065 74.20 26.00

Note: The data of Table 2 are the average of three-time repeated analysis.
aAs the reference element for the analysis of EF, total aluminium EF need not be considered.
bAll the background values of soil in China are from “Background values of soils in China” (1990).
cEF < 2, deficiency to minimal enrichment; EF = 2–5, moderate enrichment; EF = 5–20, significant enrichment; EF = 20–40, very high enrichment; EF > 40, extremely high enrich-
ment [27].
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Where PN is an integrated pollution index, Max Ii 
is the maximum value of all the individual indices, 
and Avg Ii  is the average of all individual indices. The 
evaluated performance indices of heavy metal pollu-
tion combined with Ii  and PN are given in Table 4.

In comparison to soil pollution standards [17], it was 
shown that the level of total mercury in soils reached 
the status of serious pollution, and the maximum indi-
vidual pollution index was 7.16 at point A. Over the 
whole sampling area, the degree of mercury pollution 
decreased in order: A, B, F, D, and E. The maximum 
individual pollution index for total zinc was 1.27 at 
point F, indicating that the soil from sampling point F 
was also slightly polluted. The extent of zinc pollution 
over the whole area, in decreasing order was sampling 
point F, D, A, B, and E. The degree of zinc pollution in 
the area 20 to 40 m from the bank was lower than that 
in the area up to 20 m away. The maximum individual 
pollution index for total lead was 0.96 at point A, and 
the enrichment of lead approached the upper danger 
limit at point A. Moreover, across the whole area, the 
degree of lead pollution was, in descending order, sam-
pling point A, D, F, E, and B.

According to the Nemerow integrated pollution in-
dex, PN ≥ 3.0 for different sampling points indicated 
serious pollution by heavy metals. The extent of this 
pollution, in decreasing order was: sampling point A, 
B, F, E, and D, which indicated that the heavy metal 
pollutants in coal mine wastewater had already mi-
grated to points F, A and B by transportation and depo-
sition of river water and migration and conversion of 
soil. This could have potentially negative effects on the 
health of local residents.

As a result, soils over the whole area showed various 
levels of heavy metal enrichment, and the soil at some 
individual sampling sites was significantly polluted by 
heavy metals. To determine whether the heavy metal 
pollutants can be transferred and transformed in plant 
tissues, thus affecting their growth, Pteris vittata L. was 
used as an indicator species, as shown in Figure 2.

It was shown in Figure 2 that the four heavy metal 
elements Fe, Hg, Zn, and Pb moved from the soil into 
the tissues of Pteris vittata L. with varying degrees of 
enrichment. Pteris vittata L. can still continue growing 
under these difficult conditions. The closer the pollut-
ed river was, the more luxuriant its growth, indicating 
that soil polluted by heavy metals could not impair the 
growth of Pteris vittata L.

The roots, stems, and leaves of Pteris vittata L were 
assayed to better understand its ability to accumulate 
heavy metals and reveal whether it can be regarded as 
the indicator plant with potential for phytoremediation 
of soils seriously polluted by heavy metals. The results 
are shown in Figure 3.

Figure 3 showed that the heavy metal concentrations 
in Pteris vittata L. decreased in the following order: 
roots, stems, and then leaves. This indicated that the 
heavy metals came mainly from the soil. The extent 
of the enrichment in underground parts was far greater 
than that above ground. That was to say, the heavy me-
tallic elements tended to decrease with ascending tis-
sues in Pteris vittata L. When they arrived at the leaves, 

Table 3. Permissible Values for Soil Environment 
Quality Assessment.

Mass Term

Soil pH

< 6.5 6.5 to 7.5 > 7.5

Total Mercury*
Aquatic plant, dry  

farming, fruit tree, etc.
0.30 0.50 1.0

 Vegetable 0.25 0.30 0.35

Total Zinc 200 250 300

Total Lead*
Aquatic plant, dry  

farming, fruit tree, etc.
80 80 80

 Vegetable 50 50 50
*Note: Soil in the sampling area was usually used to grow vegetables and paddy rice. 
In Table 3, mercury and lead have two kinds of permissible values in soil: one for 
vegetables and one for dry farming, fruit trees, and aquatic plants. When assessing 
soil pollution, vegetable soil permissible values are widely utilised as the evaluation 
criterion.

Table 4. Evaluation Indices of Heavy Metal Pollution in the Surface Soil Layer of the Sampling Region.

Soil Sample A B D E F

Item (1) (2) (1) (2) (1) (2) (1) (2) (1) (2)

Individual Pollution Indexa

Total Mercury 7.16 5.25 47389.20 2.62 4.62 2.07 3.17 4.66 5.65 1.71
Total Zinc 0.72 0.09 12831.31 0.19 0.75 0.48 0.21 0.09 1.27 0.12
Total Lead 0. 96 0.54 13864.24 0.51 0.93 0.87 0.73 0.54 0.94 0.53

Nemerow Integrated Pollution Indexb 5.35 4.87 3.46 3.48 4.17
Note: The data of Table 4 are the average of three-time repeated analysis.
aThe individual pollution index is graded: Ii ≤ 0.7, clean (safe); 0.7 < Ii ≤ 1.0, still clean (limit); 1.0 < Ii ≤ 2.0, slight pollution; 2.0 < Ii ≤ 3.0, moderate pollution; Ii ≥ 3.0, serious 
pollution [17].
bThe grading standards of the Nemerow integrated pollution index PN are the same as those of the individual pollution index.
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the contents of total lead and total mercury were only 
0.020 and 0.033 mg kg–1, respectively.

Usually the extent of the transformation of heavy 
metals in plant tissues is expressed by S/R [35], the ra-
tio of heavy metal contents in the above ground parts 
to those in the roots. The higher the ratio is, the stron-
ger the ability of the plant to transport heavy metals 
will be. When S/R exceeds 0.5, the plant is deemed to 
possess the ability to phytoremediate soils polluted by 
heavy metals. In the sampled township the S/R ratios 
in Pteris vittata L. for the heavy metals Fe, Zn, Pb, and 
Hg were 0.05, 0.62, 0.39, and 0.12, respectively. This 
showed that Pteris vittata L. was suitable for the reme-
diation of soils polluted by zinc.

It can be seen from the assessments above that the 
water body, soil, and vegetation over the whole sam-
pling area were affected by heavy metal pollution 
caused by coal mine wastewaters. It was noted that 
paddy rice in the mining area was seriously polluted, 

Figure 2. Heavy metal contents of Pteris vittata L.

which was because the crops grew near the river and 
they were directly irrigated with polluted river water.

Thus, it is necessary to further study agricultural 
products from the mining area and analyse how toxic 
the heavy metals elements could be to agriculture and 
humans. Heavy metal pollution of soil in the planting 
area is likely to affect the normal growth of rice [36]. 
For example, rice has a strong capacity to absorb Pb 
in the soil and store it in each part of the plant. By 
determining the contents of heavy metals in rice seed-
lings, the ability of agricultural goods to enrich lead 
was analysed in terms of the enrichment factor [37]. 
The formula is presented as follows: 

f C
C

= 1

2

Where, f is the enrichment factor of agricultural 
products to a soil element, C1 is the concentration of 
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this element in agricultural products, and C2 is its con-
centration in the soil. The larger the enrichment factor, 
the stronger the enrichment capacity for heavy metals 
in soil. The results are given in Table 5.

Table 5 showed that rice roots had a greater capac-
ity to enrich heavy metals than the above-ground tis-
sues at both sampling sites. High heavy metal contents 
would have a negative effect on rice growth. The toxic 
elements, Pb and Hg, which were not essential for the 
growth of rice, displayed varying degrees of enrich-
ment.

The study mainly analysed samples of capsicum, 
cucumber, kidney bean, tomato, and eggplant grown 
within the mining area and made further evaluations of 
heavy metal pollution in vegetables and described the 
potential effects on humans according to the single pol-
lution index method [33] and hazard quotient to human 
health (HQ) [29]. The hazard quotient to human health 
is calculated as follows:

HQ
W M

R D B
plant plant

f
=

×

×

[ ] [ ]

Where HQ is the evaluated performance index of 
potential hazard; [Wplant] is the consumptive amount of 
a certain polluted vegetable required in a day, kg d–1, 
calculated in accordance with 0.301 kg d–1 per capita, 
[Mplant] is the heavy metal content in the vegetable, 
Rf D mg kg–1, is the reference quantity of heavy metals 
in the food material, mg (kg d)–1, Rf D for Zn is 0.30 
mg (kg d)–1, for Pb it is 0.0035 mg (kg d)–1, and for Hg 
it is 0.0003 mg (kg d)–1 [38], and is the average mass 
of an adult (60 kg). More detailed data are reported in 
Table 6.

It was found from Table 6 that capsicum, cucumber, 
kidney bean, tomato, and eggplant had all been pollut-
ed by heavy metals to various degrees. Specifically, ac-
cording to the grading standards of individual pollution 
index, capsicum, cucumber, tomato, and eggplant were 
slightly polluted by zinc, and kidney bean was moder-
ately polluted by zinc. Capsicum and cucumber were 
slightly polluted by lead. However, tomato, eggplant, 
and kidney bean were all seriously polluted by lead. 
In addition, capsicum, cucumber, kidney bean, tomato, 
and eggplant were all seriously polluted by mercury. 
Of these five vegetables, kidney bean was most seri-
ously polluted overall. Meanwhile, the higher the HQ, 
the greater the potential harm to human health. From 
Table 6, the potential damaging effect from lead and 
mercury was the most serious to local residents.

CONCLUSIONS

Coal mining can cause serious degradation of eco-
systems. It is shown that wastewater from coal mines 
caused heavy metal pollution and associated potential 
environmental hazards through research on the region-
al river-soil-vegetation system of Kaili, Guizhou Prov-
ince. The following conclusions can be drawn:

 • Firstly, the river under study is very acidic with high 
contents of solid suspended substances, high chro-
maticity, and high contents of heavy metals.

Table 5. Heavy Metal Concentrations and EF of Paddy Rice Crops at the Sampling Points.

Sampling Point Vegetation Types

Total Zinc Total Lead Total Iron Total Mercury

mg kg–1 f mg kg–1 f mg kg–1 f mg kg–1 f

Yudong Vicinity
Paddy Rice (above-ground part) 76.29 0.53 3.00 0.06 994.17 0.02 0.239 0.13

Paddy Rice (root) 168.24 1.18 1.50 0.03 38971.41 0.82 1.043 0.58

Laoshan Coal Mine Vicinity 
Paddy Rice (above-ground part) 31.27 0.21 7.54 0.16 974.14 0.02 0.272 0.24

Paddy Rice (root) 101.53 0.68 13.64 0.29 40533.87 0.75 0.337 0.29

Note: The data of Table 5 are the average of three three-time repeated of each analysis.

Figure 3. Accumulation characteristics of heavy metals in different 
parts of Pteris vittata L.
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 • Secondly, total mercury and iron in the soil reached 
ultra-enriched status. It is shown that the soil was 
slightly polluted by Zn and seriously polluted by 
Hg. The integrated pollution level of several pol-
lutants continues ecosystem deterioration across the 
whole mining area.

 • Finally, plant samples (Pteris vittata L., rice seed-
lings, and vegetables) were polluted by heavy met-
als from coal mine wastewater, and the plant pollu-
tion was more serious than soil pollution, especially 
in vegetable crops. Lead contents of kidney beans, 
tomato, and eggplant were above the permissible 
contents by 53.00, 30.35, and 15.20 times (Chinese 
Food Hygiene Standards), respectively. Mercury 
contents of capsicum, cucumber, kidney beans, to-
mato, and eggplant exceeded the recommended lev-
els by 49.00, 33.50, 61.70, 88.30, and 60.70 times 
(Chinese Food Hygiene Standards), respectively.
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ABSTRACT: A risk assessment model, including risk evaluation indexes, for river water 
pollution was established using the fuzzy theory and the variation coefficient was used to 
weight the indexes and the five levels of water pollution risk was defined. The proposed 
approach is demonstrated for risk evaluation of water pollution in the Weihe River, lo-
cated in northern China. The risk of water quality parameters and interval of water pol-
lution were analyzed. The results showed that 79% of the river is in high risk and mainly 
located in lower reaches. The BOD5, COD and permanganate index are the greatest 
source of risk. Moreover, compared with different methods of the river water quality and 
risk assessment, the proposed method has its own advantage in risk evaluation of river 
water pollution.

INTRODUCTION

THE purpose of risk assessment of water pollution 
is to evaluate the possibility of adverse events and 

their influences on water environment, aiming to pro-
vide basis for decision-making of government agen-
cies. Water resource shortage and water pollution have 
become two major problems for the sustainable utili-
zation of water resources and have been focused on 
in numerous studies [1–2]. At present, there are many 
approaches for water risk studies, including statistical 
analysis method, the comprehensive index method, BP 
neural network and fuzzy recognition model used for 
groundwater pollution, environmental health of city 
and water supply risk assessment [3–7]. These meth-
ods have different advantages depending on study ob-
jectives. This paper combines fuzzy mathematics and 
coefficient of variation to quantitatively assess water 
pollution risk, aiming to provide basis for river water 
quality control.

DATA AND METHODS 

Data

Water samplings were obtained from six monitored 

sections in middle basin of the Weihe River main-
stream. These six monitoring sections were selected 
based on hydrological characteristics of the Weihe 
River and current pollution situation. The monitored 
sections scattered from upper reaches to downstream 
in middle basin of Weihe River mainstream were Sq1, 
Sq2, Sq3, Sq4, Sq5 and Sq6 in Figure 1. The layout of 
monitoring sections represents spatial distribution of 
water pollution in the river. The six parameters, includ-
ing BOD5, COD, Potassium permanganate index, am-
monia nitrogen, petroleum, and nitrite nitrogen, were 
used as risk evaluation indexes. 

Assessment model

Risk assessment of water pollution could be chal-
lenging as it often involves many water quality param-
eters. In this study, since water quality parameters are 
of different dimensions and their magnitudes vary a lot, 
all water quality data have been standardized. Based on 
fuzzy mathematics and coefficient of variation, a fuzzy 
evaluation model (FEM) for river water quality risk as-
sessment has been established. The following 5 steps 
are involved in model building.

1. Identify water quality parameters. In this study, 
we have identified five water quality parameters 
including potassium permanganate index, BOD5, 
COD, ammonia nitrogen, petroleum and nitrite 
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nitrogen, which represent the overall situation of 
water pollution of the Weihe River. The risk evalu-
ation index set M is established [Equation (1)].

X x i li={ } =, , ,...,1 2

where l is the number of selected assessment pa-
rameters, xi is the ith water risk evaluation param-
eter, and in this study, l = 6.

2. A risk evaluation criteria set is determined [Equa-
tion (2)].

D d j mi={ } =, , ,...,1 2

where m is the number of risk class, dj is the ith 
water risk class, and m = 5.

Risk is a fuzzy concept and currently there is 
no uniform standard risk classification. Consider-
ing water quality criterion of the Chinese standard 
(GB3838, 2002) and actual conditions of the 
Weihe River, water pollution risk level is divided 
into five classes and the five levels are listed as the 
following: no risk, smaller risk, small risk, high 
risk and particularly high risk (Table 1).

3. The membership matrix Z between M and D is 
established [Equation (3)].
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Where Zij is the risk assessment degree of the ith 
parameter in the jth water risk criteria. 

4. The coefficient of variation is used to determine 
the indexes weight Vi [Equation (4)].
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where 0 ≤ Vi ≤1
5. A risk evaluation matrix F is established [Equation 

(5)]. At the same time, risk assessment index RI is 
calculated [Equation (6).
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Table 1. Water Pollution Risk Assessment Grade 
Standard.

Risk Class 1 2 3 4 5

Risk Degree No risk Smaller 
risk

Small 
risk

High risk Particularly 
high risk

Risk Standard < 0.25 0.25–0.5 0.25–0.4 0.45–0.5 > 0.5

Figure 1. Distribution of monitored stations in the middle catchment of Weihe River.

(1)

(2)

(3)

(4)

(5)

(6)
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RESULTS AND DISCUSSION

In the study, selection of water quality parameters 
is important, which represents typical contaminant of 
Weihe River. In accordance with the requirements of 
the national standard GB17378-1998, water quality 
samples were collected while all pollutants were moni-
tored six times a year, ensuring reliability of water 
quality control. Spatial distribution of water pollutant 
concentration in the middle basin of the Weihe River is 
presented in Figure 2. The river reach with most serious 
pollution is the downstream region, where concentra-
tions of COD and Potassium Permanganate are greater. 
The index weights are calculated and listed in Table 2. 
Note that the weight of COD and Potassium Perman-
ganate weight is relatively large, which indicates that 
these two kinds of pollutants have a greater impact on 
water quality. The second is BOD5 and ammonia nitro-
gen pollution parameters and the other is the smallest. 
The risk index of each section of pollutants can be seen 
from Figure 3. Most water pollution risk index is rela-
tively high, and mainly located in lower reaches of the 
river basin. The largest risk is in the Sq6 (Tianjingren-
du). According to the risk grading standards in Table 
1, comprehensive risk classes are shown in Figure 4. It 
was found that risk of water pollution at reach level 3 
accounts for 79% of the entire river. Such water qual-
ity pollution is highly related to regional river carrying 
capacity and industrial emission sources [8–9].

To verify the model, we checked evaluation results 
with other methods, including the comprehensive in-
dex method (CIM) [10], the traditional fuzzy model 
(FM) [11] and Environment report data (ERD). Com-
parison results are shown in Figure 5. Note that in the 
risk assessment for upstream, our method denotes low-
er risk compared to other methods, while for the down-
stream section, risk evaluation from our method and 
other methods are consistent, especially in high risk 
areas. This clearly shows that the FEM model is practi-
cal and can be applied to a wide range of river water 
quality risk assessment. However, when the sampling 
size is unusually large, water quality risk assessment 
by FEM model may be less than the actual risk. This 
is due to the fact that unusually small sampling risk 
assessment value from FEM may be larger than actual 
risk. Hence, the output from FEM should be corrected 
in water quality risk assessment.

CONCLUSIONS 

Through the above analyses, examples show that 
fuzzy evaluation model is a good method for water 
quality risk assessment; simultaneously, the river wa-
ter quality risk assessment model has obvious advan-
tages so that the river water quality can be accurately 
judged, while it is a better tool for evaluation of water 
pollution management. Moreover, water pollution risk 

Figure 2. The water pollutant concentration in each monitored sec-
tion.

Figure 3. Risk index of each pollutant in each monitored section.

Table 2. The Weight of Water Pollution Parameters in Each Section.

Index BOD5 COD Potassium Permanganate Ammonia Nitrogen Petroleum Nitrite Nitrogen

Weight 0.167 0.181 0.158 0.125 0.196 0.172
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assessment results show that the risk of river water pol-
lution is relatively high in Weihe River, while most of 
the river water quality is in high risk, especially in the 
downstream. In addition, risk assessment shows that 
the BOD5 and COD are greater sources of river pol-
lution, and degree of water pollution risk is related to 
water discharge and environmental vulnerability of the 
city. Therefore, in high-risk areas, wastewater treat-
ment and management should strengthen.
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ABSTRACT: Since inoculated sludge with ANAMMOX could efficiently reduce the start-
up time of the ANAMMOX reactor, it is important to develop a cost-effective technology 
for preservation. In the present study, the flocculent ANAMMOX sludge was preserved 
under either –20°C, 5°C, natural environment or 30°C for 15d, 30d, 45d, 150d and 365d, 
respectively. The preserved ANAMMOX sludge under all these conditions displayed 
different levels of nitrification. Specifically, freezing conditions (–20°C) led to a loss of 
ANAMMOX activity, whereas ANAMMOX activity was the highest in natural environ-
ment, which showed a positive linear relationship with the relative amount of substrates. 
Moreover, a short-term anoxic (≤ 45d) preservation in a dark yet natural environment 
(0 ~ 15°C) is a highly economical and effective approach.

INTRODUCTION

ANAEROBIC ammonia oxidation (ANAMMOX, 
Equation 1) is the pathway of biological oxidation 

of ammonium (NH4
+) under anoxic conditions when 

nitrite (NO2
–) is used as an electron acceptor, with dini-

trogen gas (N2) as a reaction product. This pathway has 
some obvious advantages. For example, extra carbon 
resources is not needed, nitrogen removal efficiency 
could be up to 61.4 kgN·m–3·d–1 [1], less sludge is pro-
duced, and the operation cost is relatively cheap (0.75 
€ (kgN)–1) compared to the cost when traditional nitro-
gen removal technique is undertaken (2~5 €·(kgN)–1) 
[2]. Therefore, the technology based on ANAMMOX 
pathway has been recognized as one of the most sus-
tainable approaches to removing nitrogen from waste-
water with high concentration of NH4

+-N.

1 1 32 0 066 0 13

1 02

NH NO HCO H

N 0.26NO 0.066CH O

4
+

2 3
+

2 3 2

+ + + →

+ +

− −

−

. . .

. 00.5 0.15 2N 2.03H O+

However, ANAMMOX has been proved difficult to 
be integrated into common wastewater treatment prac-
tices, primarily due to the growth rate of ANAMMOX 

bacteria, with the doubling time ranging between 1.8 
and 11 days [3]. This often slows down the start-up 
time of the treatment processes [4,5]. However, inocu-
lated sludge with ANAMMOX sludge could help de-
creasing the start-up time of the reactor [6]. Usually, 
sludge is stored in a starved state of wastewater treat-
ment. Vlaeminck et al. preserved starved ANAMMOX 
sludge with or without nitrate when three different tem-
peratures were used (i.e., 20°C, 4°C and –20°C) [6]. 
They found that ANAMMOX activity was the high-
est when sludge was preserved at 4°C without nitrate 
added, whereas the frozen culture did not show any 
ANAMMOX activities [6]. Nevertheless, Rothrock et 
al. found that frozen ANAMMOX sludge preserved 
with skim milk could still display some ANAMMOX 
activities [7]. Although the refrigerated ANAMMOX 
sludge could maintain some high levels of activities, 
the downside is that it needs a high level of energy. 
Therefore, the goal of this study is to develop a simple 
and cost-effective method for the storage of ANAM-
MOX sludge.

MATERIALS AND METHODS

Synthetic medium

A synthetic medium was used with concentrations 
of different components shown as following (per liter): 
NH4Cl, 382 mg; NaNO2, 641 mg; KHCO3, 1000 mg; 
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KH2PO4, 27 mg; MgCl2, 200 mg; CaCl2·2H2O, 136 
mg. The trace element solution I (including 5 g·L–1 
EDTA and 5 g·L–1 FeSO4) was 1mL per liter, and trace 
element solution II was 1.25 mL per liter [8]. The pH 
was adjusted to 7.2 ± 0.2 with HCl.

Inoculums Sludge

The activated culture used in this study was obtained 
from ANAMMOX reactors. The ANAMMOX granu-
lar sludge was ground and washed with deionized wa-
ter for three times. Flocculent sludge (5.1 mL~5.3 mL) 
was then drawn into a conical flask with an effective 
volume of 50 mL. The ratio of MLVSS/MLSS was 
0.465.

Preservative Test

50 mL synthetic medium was drawn into each flask 
filled with sludge. The flasks were sparged with dini-
trogen gas for 0.5 h, sealed up with aluminum foil, and 
then preserved under five different temperature condi-
tions with varying time as shown in Table 1. All experi-
ments were set parallel samples.

Determination the Nitrogen Removal Rate 

To determine nitrogen removal rate, 100 mL of 
synthetic medium was added to ANAMMOX sludge. 
It was sparged with dinitrogen gas for 5 min, then 
sealed in a bottle, and then oscillated at the speed of 
110 r·min–1 in an incubator covered with black cloth 
(the inner temperature was (32±1)°C). The nitrogen re-
moval rate of ANAMMOX sludge was measured after 
24 hours, and the total nitrogen removal rate of sludge 
before storage was 0.107 kgN·m–3·d–1. 

Chemical Analysis

The concentrations of nitrogen compounds were 
measured according to standard methods, as set out by 
American Public Health Association [9]. NH4

+-N or 
NO2

–-N concentration was measured calorimetrically, 
whereas NO3

–-N concentration was measured spectro-
photometrically. The measurement of pH was done us-
ing a portable digital pH meter.

Calculation Formula 

Metabolic types of stored sludge could be ANAM-
MOX, partial nitrification, nitrification, endogenous 
denitrification and/or endogenous digestion. The half 
equations of endogenous denitrification and endog-
enous digestion are shown in Equations (2)–(4) [10]:

1
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In these equations, ΔGθ is the free energy released at 
the standard state when pH = 7.

Equation (5) is established according to the coeffi-
cient of the mass balance described in Table 2. 
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It can be seen from Equations (2) and (3), that ni-

Table 1. Preservation Temperature and Time for 
ANAMMOX Sludge.

Time, d

Mesophilic 
Temperature, 

30°C

Natural 
Environment, 

0~30°C
Refrigeration, 

5°C
Freezing, 

–20°C

15 A1 B1a C1 D1
30 A2 B2a C2 D2
45 A3 B3b C3 D3
150 A4 B4c C4 D4
365 A5 B5d C5 D5
aAmbient temperature from 15°C down to 5°C. 
bAmbient temperature from 15°C down to 0°C.
cAmbient temperature from 15°C down to 0°C, and gradually heated to 33°C.
dAmbient temperature from 15°C down to 0°C, and gradually heated to 33°C, but then 
decreased to 5°C.

(2)

(3)

(4)

(5)
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trate reduction releases more free energy than that of 
nitrite reduction for each 1 mol electron. Under the 
same conditions, a nitrate reduction pathway is easier 
to accomplish. Moreover, similar studies suggested 
that Paracocus denitrificans and Psuedomonas fluo-
rescens gave priority to use nitrate as the electron ac-
ceptor when the electron donor was limited [11,12]. 
Since there were limited organic carbon sources in the 
reaction system, nitrate reduction [Equation (2)] was 
the preferential endogenous denitrification pathway. 
Nitrogen loss in such system might only be caused by 
ANAMMOX pathway or endogenous denitrification 
pathway of nitrite. 

If ammonia and nitrite are degraded synchronously 
when nitrate is produced as a product, nitrogen loss 
could be caused by ANAMMOX pathway without the 
occurrence of nitrite-denitrification (i.e. f = 0) or en-
dogenous digestion pathway(i.e. e = 0). 

If ammonia and nitrite are degraded synchronously 
without nitrate produced, nitrogen loss could be caused 
by ANAMMOX pathway and endogenous denitrifica-
tion pathway, without the occurrence of partial nitri-
fication (i.e. b = 0), nitrification (i.e. c = 0) or endog-
enous digestion (i.e. f = 0).

If nitrogen loss occurs in the system, but ammonia 
and nitrite nitrogen are not degraded synchronously, 
and the concentration of the effluent ammonia nitrogen 
is higher than that of raw water, no ANAMMOX reac-

tion, partial nitrification or nitrate reduction pathway 
(i.e. a = 0, b = 0, d = 0) would happen. 

If nitrogen loss does not occur in the system, then 
there is no ANAMMOX reaction or no endogenous de-
nitrification pathway (i.e. a = 0, d = 0, f = 0).

The amount of substrate could be calculated based 
on Equation (6).

the relative amount of substrate =
×C V

M
preserve preserve

sludgee

preserve preserve

s
activity

s

NRRs PT

C V

M
C
HRT M

PT

× × ×
=

×

×
×

× ×

1000

10000

1000

=

×

× ×

C V
NRRv PT
preserve preserve

In this equation, Cpreserve is the concentration of nitro-
gen in preservative fluid, (C C )NH -N NO -N4 2

+ −+  mg·L–1. 
Vpreserve is the volume of preservative fluid, L. Ms is 
the quantity of sludge stored, g. NRRs is the nitrogen 
removal rate of sludge, kg·kg–1·d–1. PT is the preser-
vation time of sludge, d. Cactivity is the concentration 
of nitrogen in the activity determination solution, 
(C C ),NH -N NO -N4 2

+ −+  mg·L–1. NRRv is the nitrogen re-
moval rate of sludge, kg·m–3·d–1.

Table 2. Coefficients by the Material Balance (Unit: mg·L–1).

Conversed via 
ANAMMOX

Conversed 
via Partial 

Nitrification
Conversed via 

Nitrification

Conversed via  
Endogenous  

Denitrification for 
NO3

–-N

Conversed via  
Endogenous  

Denitrification for 
NO2

–-N

Conversed via 
Endogenous 

Digestion

NH4
+-N a b 0 –0.1d –0.15f –0.05e

NO2
–-N 1.32a –b c –d f 0

NO3
–-N –0.26a 0 –c d 0 0

ΔN 2.04a* 0 0 –0.1d 0.85f –0.05e
The amount reduced is +, the amount increased is –. 
*It is considered the cell production according to Equation (1).

Table 3. The Results of Nitrogen Conversion of ANAMMOX Sludge After Preserved  
under Different Duration and Temperature.

Preservation 
Time, d

Mesophilic Temperature Natural Environment Refrigeration Freezing

NH4
+-N NO2

–-N NO3
–-N NH4

+-N NO2
–-N NO3

–-N NH4
+-N NO2

–-N NO3
–-N NH4

+-N NO2
–-N NO3

–-N

mg·L–1

15 95.4 113 0 58.9 84.5 0 83.8 99.5 0 105.8 111 0
30 95 120.5 1 53.1 106 7.1 85.9 109 0 91.8 119 0
45 98 122.5 1.4 78.6 104.5 0 92.7 122 3.6 106.3 98 0
150 95 120 15 84 118 0 97 121 15 107.8 105 8
365 123 129 0 120.8 125 0.5 108.5 119 0 134.8 73.75 0

(6)
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RESULT AND DISCUSSIONS

Results of Activities of ANAMMOX Sludge under 
Different Temperature and Storage Duration

The nitrogen conversion results of preserved 
ANAMMOX sludge are shown in Table 3.

A small amount of ammonia nitrogen could be con-
verted if sludge was stored at 30°C. With an increase of 
storage duration, the color of the sludge turned black, 
accompanied with a pungent odor. During the preser-
vation process, supplied nutritional substrates could 
not enable bacteria to sustain on themselves, and thus 
they gradually disintegrated, decayed and began to 
release H2S, resulting in black appearance and smelly 
odor.

Sludge preserved under natural environment for 150 
days or stored in refrigeration for 45 days could con-
vert ammonia and nitrite in a similar way. By contrast, 
frozen sludge could not convert ammonia, even when 
the color remained bright red with the red effluent. One 
possible explanation is that the cells of ANAMMOX 
bacteria might have been broken, with hemachrome C 
released into the water [13].

Table 4 shows that the substrate conversion stoi-
chiometric ratios of all preserved ANAMMOX sludge 
mixture were out of the range of a typical ANAMMOX 
stoichiometry (degradation of NH4

+-N: degradation of 
NO2

–-N: production of NO3
–-N= 1:1.32:0.26). Obvi-

ously, there were other reactions.

Nitrogen transition characteristics of sludge after 
preservation

Figure 1 is based on nitrogen balance. The ANAM-
MOX sludge stored under different temperature or du-
ration conditions all exhibited nitrification capability. 
Because some aerobic ammonia oxidizing bacteria of-
ten co-exist with ANAMMOX sludge [13], their abun-
dance declined during the preservation period. Aerobic 

ammonia oxidizing bacteria, however, could survive 
in a starvation state or fluctuating environment with 
low mortality or energy requirements [14,15] when 
the concentrations of substrate are low. Therefore, the 
preserved ANAMMOX sludge could still display nitri-
fication capability.

The proportion of the ANAMMOX pathway as 
ANR (ANAMMOX ratio); the proportion of aerobic 
ammonia oxidation pathway as AOR (ammonia oxida-
tion ratio); the proportion of nitrite oxidation as NOR 
(nitrite oxidation ratio); the proportion of endogenous 
denitrification for nitrate as NaDR (nitrate- denitrifica-
tion ratio); the proportion of endogenous denitrifica-
tion for nitrite as NiDR (nitrite-denitrification ratio); 
the endogenous digestive pathway as DR (digesting 
ratio).

It was found that nitrogen loss was completed by 
ANAMMOX and endogenous denitrification pathway 
when sludge was preserved in refrigeration, meso-
philic temperature or natural environment preservation 
for less than 45d. However, the frozen ANAMMOX 
sludge showed no ANAMMOX conversion capacity, 
and the nitrogen loss was caused by endogenous deni-
trification pathway.

Nitrogen Removal Capacities of ANAMMOX 
Sludge with Different Preservation Strategies

Table 5 shows that ANAMMOX sludge could 
maintain 20.2% of nitrogen removal capacity after 15 
days of mesophilic preservation, and retain 43.6% of 
nitrogen removal capacity after 15 days of refriger-
ated preservation. This indicates that sludge stored in 
refrigeration was better than that kept at mesophilic 
temperature, at least for the short term. However, the 
removal activity declined rapidly for both cases when 
the storage time increased until it became 0 after 150 
days of storage. 

After 15d, 30d, 45d and 150d of preservation un-
der natural environment, the nitrogen removal capac-

Table 4. The Characteristics of Nitrogen Conversion of ANAMMOX Sludge  
after Preserved under Different Conditions.

Preservation Time, d

Mesophilic Temperature Natural Environment Refrigeration Freezing

NH4
+-N degradation:NO2

–-N degradation:NO3
–-N production

15 1:17: 0 1:1.11:0 1:1.88:0 –1:3.28:0
30 1:1.9:0.2 1:0.51:0.15 1:1.49:0 1:1.34:0
45 1: 3.75:0 1:1.19:0 1:1.1:0.49 –1:5.08:0
150 1:2:3 1:0.75: 0 1:3:5 –1:3.21:1.03
365 –1:0.04:0 –1:0.24: 0.02 –1:1.29:0 –1:1.62:0
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ity of ANAMMOX sludge remained as 80.9%, 59.6%, 
43.8% and 26.2%, respectively. Dosta et al. showed 
that ANAMMOX sludge still retained strong ANAM-
MOX activity at 15°C, because the reduction of related 
enzymes activities at low temperature could disable 
the metabolism of bacteria [17]. By contrast, 365 days 
of preservation under natural environment (0~33°C) 
caused the nitrogen removal capacity of ANAM-
MOX sludge to reduce to zero. Since high tempera-

tures during the summer season might help accelerate 
the endogenous digestion of ANAMMOX sludge, the 
storage of ANAMMOX sludge is considered suitable 
under natural environment (0~15°C) for a short time 
(≤ 45d) instead of a long term preservation.

As for frozen preservation, ANAMMOX sludge still 
displayed nitrogen removal capacity, although it was 
caused by endogenous denitrification. Vlaeminck et al. 
suggested that the preserved ANAMMOX sludge mix-

Figure 1. Percentages of different pathways in ANAMMOX sludge after preservation under different conditions.

Table 5. The Nitrogen Removal Capacities of ANAMMOX Sludge after Preservation.

Preservation 
Time, d

Mesophilic Temperature Natural Environment Refrigeration Freezing

Nitrogen 
Removal Rate, 

kg·m–3·d–1

Nitrogen 
Removal 
Capacity 

Reserved, %

Nitrogen 
Removal Rate, 

kg·m–3·d–1

Nitrogen 
Removal 
Capacity 

Reserved, %

Nitrogen 
Removal Rate, 

kg·m–3·d–1

Nitrogen 
Removal 
Capacity 

Reserved, %

Nitrogen 
Removal Rate, 

kg·m–3·d–1

Nitrogen 
Removal 
Capacity 

Reserved, %

15 0.0216 20.2 0.0866 80.9 0.0467 43.6 0.0132 12.3
30 0.0135 12.6 0.0638 59.6 0.0351 32.8 0.0192 17.9
45 0.0095 8.9 0.0469 43.8 0.0117 10.9 0.0257 24.0
150 0 0 0.028 26.2 – – 0.0092 8.6
365 – – – – 0.0025 2.3 0.02145 20.0

“–”: value was negative.
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ture could only degrade nitrate [6]. This also indicates 
that the preserved ANAMMOX sludge might have de-
nitrification capability, and frozen preservation would 
lead to nitrogen loss with endogenous denitrification.

Effects of Relative Substrate on Nitrogen 
Removal Performance of Sludge under Natural 
Environment Preservation

Not only preservation temperature or duration has 
imposed important impacts on nitrogen removal ca-
pability of ANAMMOX sludge, but also the relative 
amount of substrate is the key for sludge preservation.

Nitrogen removal capability of ANAMMOX sludge 
increased with an increase in the relative amount of 
substrates under natural environment preservation (as 
shown in Figure 2). This indicates that the shorter the 
preservation time is, and the more preservative fluid 
substrates are, the stronger the activity of sludge is af-
ter the preservation process. 

5 g ANAMMOX sludge was stored at either 0~15°C 
or 30°C for 25 days. For both cases, nitrogen removal 
capacity was around 40% (see Table 6), which was 
close to the predicted value (the maximum deviation 
was only 11.27%). This suggested that nitrogen re-
moval capacity of sludge under natural environment 
preservation could be predicted by the relative amount 

of substrates. Also, the activity of sludge after the pres-
ervation process could remain at around 80% if the 
relative amount of substrates is above seven as shown 
in Figure 2.

CONCLUSION

The stored ANAMMOX sludge had displayed nitri-
fication capacity. Freezing (–20°C) not only contrib-
uted to high operating costs, but also led to the rupture 
of microbial cells and the reduction of ANAMMOX 
activity. 

Sludge stored under natural environment (0~15°C) 
could remain the highest ANAMMOX activity. Mean-
while, there was a positive linear relationship between 
the remaining nitrogen removal capability of ANAM-
MOX sludge and the relative amount of substrates. 
When the relative amount of substrates was above 
seven, approximately 80% of nitrogen removal capa-
bility remained. Therefore, under natural environment, 
it could be a cost-effective approach to preserving 
ANAMMOX sludge from light and oxygen conditions 
when ambient temperature was between 0 and 15°C, at 
least in the short term (≤ 45 d). 
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ABSTRACT: Discharged gangues are stockpiled on the surface and are characteristic 
of mining areas. The rejected materials are an environmental risk. The definition of ef-
fective methods to control and prevent pollution caused by gangue piles has become a 
relevant research topic. The present research will characterise gangue pile origins and 
their physico-chemical features. According to their physico-chemical characteristics, the 
effect of gangue piles on the environment in a mining area was analysed. Thereafter, the 
method of backfill mining was proposed as an effective method for gangue pile control 
and prevention. The backfill and control effects were investigated and results showed 
that gangue backfill mining bestowed significant economic and environmental benefits. 
Using this method, 160,000 t of gangues have been dealt resulting in a reduction of land 
occupied by 5,200 ha and land degradation covering some 29,600 ha. Gangue piles and 
their associated pollution have been effectively controlled with ensuing environmental 
benefits in mining areas.

INTRODUCTION

COAL gangue, as a solid waste generated by coal 
mining and processing, represents the industrial 

solid waste with the largest amount of annual discharge 
and accumulation in China [1–3]. In coal mining, 
gangues piles are characteristic of mining areas and as-
sociated with surface accumulation. Mining areas are 
usually affected by heavy metal contamination [4–5], 
and continuous coal mining activities increase gangue 
discharges to the environment. Stockpiled gangues in 
China have accumulated to 5.5 billion tonnes according 
to as yet incomplete statistics. There are 1,600 large-
scale gangue piles, occupying approximately 20,000 
ha of land. In addition, the pile volume is increasing 
at a rate of between 200 and 500 million tonnes p.a., 
increasing environmental risks associated with mining 
activities and also occupying a large land area [6–8]. In 
particular, the pollution produced by gangues affects 
coal production and nearby residents. It is essential 
that coal mine managers effectively control the pollu-
tion from gangue piles. Many scholars have conducted 
research into pollution control around gangue piles, 
and proposed land reclamation or gangue-based power 

generation as solutions [9–11]. However, these meth-
ods have limited applicability and effects.

The main subjects of this research are the physico-
chemical characterisation of gangues in a gangue pile, 
to be analysed with regard to its influence on the en-
vironment and to propose gangue backfill mining as a 
method of controlling pollution in mining areas. Using 
this method could prevent the pollution, and its asso-
ciated effects, from accumulated gangues and protect 
the environment. The research provided guidance on 
the disposal of gangue piles and other solid wastes in 
mining areas.

ORIGIN OF GANGUES IN GANGUE PILES

Gangue is a kind of rock with a low carbon content 
which is harder than coal. It is produced by the asso-
ciation with coal seam excavation during coal mining 
and washing operations. Gangue piles are mainly com-
posed of excavation gangue and washed gangue. Ex-
cavation gangue is a rock generated in the process of 
developing coal seams or preparing tunnel excavation 
while washed gangue refers to the parting or a small 
amount of rock on the roof and floor generated during 
mining activities, such as rock materials discharged by 
wash-separation of coal in above-ground preparation 
plants [12]. These two types of gangues are accumu-*Author to whom correspondence should be addressed.  
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lated in gangue piles by piling up on the surface (Fig-
ure 1).

PHYSICO-CHEMICAL FEATURES OF 
GANGUE

Mineral Compounds

Ten representative gangue samples were selected 
from Pingdingshan gangue piles to analyse their min-
eral composition by D/Max-3B X-ray diffractometer. 
Excavation gangue was mainly lifted from under-
ground to accumulate in the Pingdingshan gangue 
piles. Qualitative analysis was conducted on the basis 
of the standard powder diffraction files (PDF) for vari-

ous minerals, provided by the International Centre for 
Diffraction Data of The Joint Committee on Powder 
Diffraction Standards (JCPDS-ICDD). Afterwards, 
standard methods were used to conduct comparative 
analyses. The X-ray diffraction spectra of the gangue 
samples are basically the same. One example of typical 
test results is shown in Figure 2.

Quantitative analysis was performed using the K-
value method of Chinese Standard GB5225–86. The 
mineral compositions of those gangue samples tested 
are listed in Table 1.

Quantitative analysis was performed using the K-
value method of Chinese Standard GB5225-86. The 
mineral compositions of the gangue samples are listed 
in Table 1.

Figure 2 and Table 1 show that the gangue consisted 
of more quartz and kaolinite, as well as a small amount 
of illite, andreattite, chlorite, siderite, pyrite, etc. 
Among which, quartz and kaolinite accounted for more 
than 50% by mass, and were the main components used 
in gangue backfill mining to confer adequate stiffness 
upon placement and compaction.

Chemical Composition

The chemical composition of collected gangue sam-
ples (Table 2) suggested that the gangue samples con-
tained more SiO2 and Al2O3, a small amount of Na2O, 
MgO, K2O, CaO, Fe2O3, P, S, Mn, etc., as well as trace 

Figure 1. Gangue pile.

Figure 2.  X-ray diffraction spectrum of gangue samples.
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Table 1. Mineral Composition of Gangue Samples (%).

Quartz Kaolinite Illite Andreattite Smectite Chlorite Feldspar Dolomite Calcite Siderite Pyrite Coal

20 33 10 11 2 2 0.5 0.5 0.5 1.3 2.6 15

amounts of Ba, Cu, Pb, F, Cl, etc. Owing to the miner-
als containing carbon, aluminium, and CaO, gangues 
were likely to be hydrolysed and weathered.

Compactness and Pore Structure

The compactness of gangues was assessed by scan-
ning electron microscope (SEM) with different resolu-
tions (Figure 3). The gangue samples contain coarse 
cavities, poorly-developed fractures and a compact 
structure. Besides, the characteristic distribution of 
clay minerals was not apparent; micro-voids and frac-
tures between coarse grained minerals and fine grained 
clays were widely developed; moreover the cementa-
tion was found between coarse grained minerals and 
the clay fraction. Moderate fractures in partially coarse 
grained minerals were widely developed with good in-
terconnectivity, while the partial fine grained clay was 
layered and compact.

Mercury intrusion porosimetry was employed to 
measure the pore structure of the gangue samples. The 
pore volume was obtained by measuring the amount 
of mercury forced into the pore spaces under different 
external pressures. Meanwhile, the proportion of dif-
ferent sized pores in the gangue was determined. The 
relationship between the total mercury influx and the 
pore size distribution of the gangue samples is shown 
in Figure 4. If the pore size was greater than 100,000 
nm, the amount of mercury influx was less than 0.001 
mL/g; for pore sizes between 1,000 and 100,000 nm, 
the mercury influx increased to 0.005 mL/g at a pore 
size of 1,000 nm; the mercury influx increased to 0.013 
mg/Lat a pore size of 200 nm; when pore size was less 
than 200 nm, the mercury influx increased until reach-
ing its maximum value of 0.016 mL/g.

Tables 3 and 4 show pore characteristics and their 
size distribution in gangues tested with mercury in-
trusion porosimetry. The porosity of the gangue was 
5.64% and pore size ranged from 100 to 1,000 nm 
(48.6% of the total pore size distribution). Since the 
average pore size was 46.13 nm, they were classi-

fied as meso-microporous materials, and the pore 
edges were well cemented to the surrounding rock 
particles lending the material a high permeability 
which favoured oxidation of, and leaching from, the 
gangues.

INFLUENCE OF GANGUE PILES ON THE  
ENVIRONMENT

Land Occupation

In coal mining areas, a large amount of solid waste, 
such as gangues, is discharged. In China, production 
of piled gangues has reached some 5.5 billion tonnes, 
occupying a land area of about 20,000 ha. In addition, 
the pile volume is increasing at a rate of 200 to 500 
million tonnes p.a. Gangue is mainly dealt with surface 
deposition. The number of gangue piles has also been 
increasing; lots of arable land and natural vegetation 
have been lost, causing a waste of land resources [13]. 
The environment around mining areas is therefore de-
graded [14]. The annual output and rate of increase 
of gangue generation are shown in Figure 5. In addi-
tion, long-term gangue accumulation leads to its being 
weathered. Then the powdery residual soil thus formed 
floats off such stockpiles and modifies the pH of the na-
tive, underlying, and surrounding soils. Subsequently, 
the previous natural and biogeochemical balance in 
these soils is destroyed.

Water Pollution

The weathering and leaching of precipitates from 
gangue piles induces physico-chemical changes and 
the precipitation of toxic heavy metals. The gangue 
releases pollutants such as: SO4

–2, F–, Mn, Zn, etc., un-
der rainfall-induced leaching and its effects. Material 
weathering increases pollutant concentrations. Those 
pollutants infiltrate and percolate to underground water 
sources, representing a hazard to human health. More-
over, higher sulphur contents in the gangue promotes 

Table 2. Chemical Composition of Gangue Samples (%).

Na2O MgO Al2O3 SiO2 K2O CaO Fe2O3 P S Ba Mn Cu Pb Zn Ti F Cl

0.41 1.4 207 53.7 2.0 1.3 6.7 0.05 1.53 ≤ 0/002 0.043 0.0005 < 0.0002 0.005 0.42 < 0.045 0.009
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sulphuric acid formation during weathering and rain-
fall-induced leaching and causes water acidification 
with consequent surface and groundwater pollution. 
Consequently, fish and other freshwater organisms 
could die and the environment is further degraded as 
a result [15].

Atmospheric Pollution

The long-term accumulated gangues are likely to 
form fine grained particles by weathering and erosion. 

Toxic heavy metals such as Pb, Zn, etc. contained in 
the particles are taken-up by the surrounding atmo-
sphere under wind action. The increase in suspended 
particle load promotes a decrease in air quality, further 
harming the health of workers in the area. Due to the 
high permeability of gangues, spontaneous combustion 
occurs and temperature increases in gangue piles after 
the oxidation of their reactive chemical components. 
As the internal temperature of gangue piles increases to 
800 to 1200°C after spontaneous combustion, a large 
amount of harmful gases including CO, CO2, SO2, 

Figure 3.  SEM pictures of gangue samples: (a) Magnification; 150×; (b) Magnification: 400×; (c) Magnification: 600×; and (d) Magnification: 
800×.

Table 3. Gangue Pore Characteristics.

Mass, g Density, g·cm–3 PermeAbility, mdarcy Porosity, % Average Pore Size, nm Total Area of Hole, m2/g

70.87 2.38 4.41 5.64 46.13 2.17
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H2S, and NOx are released [16]. These gases reduce lo-
cal air quality and also affect human health of residents 
in mining areas. Besides, the vegetation around mining 
areas tends to die-back. These spontaneous combus-
tion events can last as long as 10 years or more, caus-
ing acute deterioration of the environment in mining 
areas [17].

Geological Hazards

Gangue piles are composed of particles with dif-
ferent sizes and shapes [11]. The larger internal pores 
and loose internal structure lead to poor stability in the 
piles. The tested angles of repose ranged from 33° to 
37° in the selected gangue samples (Figure 6). Rainfall 
or manual excavation produced hazards such as land-
slides and debris flows associated with slope changes. 
Meanwhile, the higher gangue porosity was likely to 
react with oxygen, resulting in an increase in the inter-
nal temperature of the stockpile. Consequently, a series 
of related hazards such as explosions and collapse are 
more likely.

GANGUE BACKFILL MINING METHOD

Basic Principles

The gangue backfill mining method refers to the appli-
cation of solid waste in mining areas, such as gangue, to 
backfill mined-out areas. In addition, to solve problems 
related to land subsidence and collapse, this method in-
creases solid wastes recycling, protects land resources, 
and stabilises existing construction works. Backfilling 
has been an effective method for the treatment of envi-
ronmental problems caused by coal mining [18].

In gangue backfill mining, crushed gangues were 
transported underground using a backfill material ver-
tical feed system [19]. The material transported to the 
backfill conveyor, which was hung on the back of the 
top beam of the backfill mining hydraulic support and 
used as backfill for mined-out areas, was deposited 
through the dumping hole in the backfill conveyor. 
Furthermore, a tamping device fixed to the back of the 
backfill mining hydraulic support was used to compact 
the backfill (Figure 7).

Figure 4. Relationship between total amount of mercury and pore size.

Table 4. Gangue Pore Characteristics.

Mass, g Density, g·cm–3 PermeAbility, mdarcy Porosity, % Average Pore Size, nm Total Area of Hole, m2/g

70.87 2.38 4.41 5.64 46.13 2.17
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Figure 5. Production and growth rate of gangue from 2003 to 2013.

Figure 6. Test results: angle of repose.
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Backfill Technique

The gangue backfill technique is developed from 
the basic concepts of mechanical coal mining [20]. It 
is able to mine and backfill simultaneously with a hy-
draulic support and may be compared with traditional 
coal mining techniques and, as such, is both a mining, 
and a backfilling, technology. The mining technology 
used is a traditional one and the layout of a typical 
gangue backfill mining panel is shown in Figure 8.

The gangues are transported to the backfill conveyor 
which was hung on the back of the top beam of the 
backfill mining hydraulic support from the panel entry 
using the gangue belt conveyor by passing through a 
self-advancing transfer conveyor. Then, they are un-
loaded to the backfill area through its dumping hole. 
Afterwards, backfilled gangues which were unloaded 
as backfill are compacted using a tamping device fixed 
on the back of the support. In this way, the initially 
loose, piled, backfill materials are vibro-compacted. 
The bearing strength of the backfilled gangues in-
creased, controlling future movement/settlement of the 
overburden. Simultaneous backfill and mining opera-
tions in any given panel were possible.

Equipment Used

The main devices for gangue backfill mining con-

sisted mainly of a backfill mining hydraulic support, 
a backfill conveyor, and a self-advancing transfer con-
veyor.

Backfill Mining Hydraulic Support

The function of the backfill mining hydraulic sup-
port was to prop the roof as it was exposed by coal 
mining and to allow space for later placement and 
compaction of backfill. The dumping structure on the 
back was used to compact the loose materials in the 
backfill space. Generally, the support comprises a top 
beam, column, base, four-bar mechanism, the back of 
the top beam, and additional dumping devices. The 
back of the top beam was supported by two inclined 
columns to increase its strength and stability.

Backfill Conveyor

The backfill conveyor was hung off the lower part of 
the back of the top beam of the backfill mining hydrau-
lic support. Its function was to unload material into the 
backfill space.

Self-advancing Transfer Conveyor

In gangue backfill mining, the self-advancing trans-
fer conveyor and gangue belt conveyor were combined 

Figure 7. Basic principle of gangue backfill mining.
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to satisfy the gradual advance in the gangue backfill 
mining panel. Backfilled gangues are transported to 
the backfill conveyor which was hung from the lower 
part of the back of the top beam of the backfill mining 
hydraulic support using a belt conveyor. This arrange-
ment could self-advance the working panel.

PROJECT CASE STUDY

Project Overview

The case study analysed Panel 13080 in the Ping-
dingshan coal mine. The panel was 100 m long and 

had been advanced about 350 m at a mined height of 
3.3 m, at an average inclination angle of 8° and an av-
erage burial depth of 360 m. The immediate roof was 
composed of a 5.3 m thick shale layer, whereas the ba-
sic roof consisted of a 31.5 m thickness of sandstone 
and the floor was composed of a 15.9 m thickness of 
sandy mudstone. There were various brick-concrete 
constructions such as buildings in a nearby village. To 
deal with gangue piles on the surface and protect the 
local environment, the operators of the Pingdingshan 
coal mine selected gangues from the locally available 
gangue piles as backfill material for mined-out areas. 
The layout of Panel 13080 is shown in Figure 9.

Figure 8. Panel layout of gangue backfill mining.

Table 5. Comprehensive Analysis of Governance Effect.

Panel

Economic Benefits Environmental Benefits

Others

Newly Added 
Output Value, 

Million ¥

Newly 
Added Tax, 

Million ¥

Reducing Land 
Compensation, 

Million ¥

Prolonging 
Service Time, 

Years

Disposal 
of Gangue, 

Tonnes

Reducing 
Land 

Occupation, 
Hectares

Reducing 
Land 

Destruction, 
Hectares

13080 87 23.7 2.52 10 160,000 5,200 29,600 1. Reducing hazards of 
gangue piles

2. Lessening air pollution
3. Reducing water pollution
4. Eliminating radiation
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Pollution Controlling Effect

Gangue backfill mining has yielded economic bene-
fits for the Pingdingshan coal mine. It dealt with a large 
amount of gangues which was environmentally favour-
able towards the local mining area (Table 5).

Table 5 indicates that this technique reaped a greater 
economic benefit for Panel 13080: output increased by 
¥87 million, while the tax on such an increased output 
rose by ¥23.7 million, and the land compensation bill 
fell by ¥2.52 million. In addition, effectively, the tech-
nique controlled pollution from the local gangue piles 
by removing and reburying 160,000 t of gangue ma-
terial, which decreased the demand for land by 5,200 
ha and prevented the destruction of a further 29,600 
ha. The gangue backfill mining could prevent pollution 
resulting from solid mine waste and protect the local 
environment.

CONCLUSIONS

The physico-chemical features of gangues from lo-
cal stockpiles were obtained experimentally. The in-
fluence of gangue piles on the local environment was 
analysed. In addition, a method of controlling pollution 
from gangue piles was proposed, by combining the 

tests with a project case study and ensuring pollution-
control effects were investigated. The main conclu-
sions could be summarised as:

1. The authors analysed the origin of the gangue 
materials from gangue piles. The physico-chemical 
features measured included: mineral composition, 
chemical constituents, and pore structure. This 
work laid a foundation for analysing the influence 
of gangue piles on the local environment.

2. The impact of gangue piles on the environment in 
the local mining area was studied in terms of land 
occupation, water pollution, atmospheric pollution, 
and geo-hazards.

3. A method of controlling the pollution from gangue 
piles based on basic mining principles and backfill 
technology was proposed to mitigate the aforemen-
tioned influences.

4. The integration of experimental data with a project 
case study indicates that backfill effects, and the 
quality of this method, introduce economic and 
environmental benefits. The results showed that the 
method could prevent the pollution, and its associ-
ated effects, from accumulated gangues and protect 
the environment.

Figure 9. Layout of Panel 13080.
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ABSTRACT: Food waste residue is an intractable problem worldwide. The current study 
discussed the potential of adsorbents prepared from food waste residue (AFWR) for 
heavy metal removal from wastewater. The microstructure of AFWR was characterized, 
and kinetic studies on the simultaneous adsorption of Pb2+, Cu2+, Zn2+ and Cd2+ ions 
from aqueous solutions by AFWR were carried out. It was found that the adsorption of 
all heavy metals followed a pseudo-second-order kinetics, so that there was a competi-
tive adsorption for Pb2+, Cu2+, Zn2+ and Cd2+. According to the experimental results, the 
adsorption in competition beads with the heavy metals presented an order of Cu2+ > 
Pb2+ > Zn2+ > Cd2+.

INTRODUCTION

RECENTLY, numerous approaches have been stud-
ied for developing more effective technologies, 

not only to reduce the amount of heavy metal waste-
water but also to improve the quality of the treated ef-
fluent [1,2]. Among these approaches, adsorption is the 
most versatile and the most widely used method by far, 
in which activated carbon is the most commonly used 
adsorbent. However, the cost of activated carbon is too 
high [3,4], which limits its wide applications in practi-
cal industries. In view of this, inexpensive adsorbents 
have attracted extensive attention around the world in 
the past decades [5,6]. 

Sewage sludge is carbonaceous in nature and has 
volatile components in its matrix, so that it can be used 
as an adsorbent for metal ions [7,8]. As a matter of 
fact, the use of activated carbon from sewage sludge 
has presented a strong potential as an adsorbent mate-
rial due to its functional groups [9,10]. In our prelimi-
nary investigation, we also reported the preparation of 
activated carbon from sewage sludge, and further ex-
amined its adsorption property for dye removal from 
aqueous solutions [11]. 

Household and municipal food waste is a tough is-
sue worldwide, especially in the rapidly growing cities 
and super-cities [12,13]. An important mitigation op-

tion is the diversion of reusable materials through sort-
ing out food waste. Accordingly, different approaches 
have been proposed to support the sorting and reduc-
tion of food waste, such as legislation, top-down poli-
cy, community involvement and recycling [14,15]. In 
recent years, the recycling of food waste gradually has 
become a mainstream method, and more and more at-
tention has been paid to the reuse of food waste for 
environmental protection, such as fermentation of food 
waste mixture for cell protein, prevention of volatile 
fatty acids and H2 production [16,17]. Similar to sew-
age sludge, food waste is also carbonaceous in nature 
and has volatile components in its matrix [18,19]. As a 
result, it is probably suitable for preparing adsorbents. 

The aim of this study is to investigate the feasibil-
ity of using unique adsorbents from food waste resi-
due to achieve simultaneous removal of heavy metals 
produced by industrial activities. It is believed that the 
study is useful for low-cost industrial wastewater treat-
ment, in which the simultaneous removal of several 
heavy metals is required.

EXPERIMENTAL PROCEDURE

Preparation of Adsorbents from Food Waste 
Residue

The food waste residue collected from Tianjin food 
waste Treatment Works of China was anaerobically di-
gested and dewatered. The sample of food waste resi-*Author to whom correspondence should be addressed.  
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due was first dried at 105°C for 2h, and then crushed 
and sieved through a sieve with a uniform size of 0.05–
0.1 mm. 20 g of the dried sample was heated at 500°C 
for 0.5 h with a heating rate of 15°C/min in the nitro-
gen atmosphere. Thus, the adsorbents prepared by food 
waste residue (AFWR) were obtained.

Chemicals

All chemicals used in this work were of analyti-
cal purity. The stock solution of Cu2+, Pb2+, Cd2+ 
and Zn2+ with a concentration of 1.0g·L–1 were pre-
pared using CuSO4, Pb(NO3)2, 3CdSO4·8H2O and 
(CH3COO)2Zn·2H2O, respectively.

Adsorption Experiments

Adsorption experiments were conducted at 25°C. 
0.50 g of AFWR and 25 mL heavy metal ion solution 
with desired concentration were added into a conical 
flask of 100 mL, and then the mixture was stirred by a 
shaking thermostat machine at a speed of 120 rpm for 
2h (the contact time excluded). In kinetic experiments, 
Pb2+, Cd2+ and Ni2+ ion solutions of 10 mg·L–1 were 
used, and the adsorption time varied between 0 and 400 
min. The filter liquor was analyzed for the concentra-
tion of residual heavy metal ion by using Agilent 3510 
atomic absorption spectrophotometer. The amount of 
adsorption (q) was calculated according to the follow-
ing equation:

q C C V
m

e=
−( )0

Where C0 and Ce are the initial and equilibrium 
heavy metal ion concentrations (mg·L–1), respectively; 
V is the volume of the solution (L); and m is the amount 
of adsorbent used (g). All the adsorption experiments 
were conducted in duplicate, and the mean values were 
adopted. 

Scanning Electron Microscope (SEM)

SEM images were recorded to visualize the sample 
morphology. Pore structure and structural changes 
could be observed by SEM.

RESULTS AND DISCUSSION

A field emission scanning electron microscope was 
used to observe the surface morphology of AFWR (Fig-

ure 1). As can be seen, there are some fibrous structures 
and sheet structures, and those fibrous structures cover on 
or intersperse in the sheet structures. Since fiber bundles 
can form a larger number of macropores or micropores, 
the fibrous structures are relatively loose compared with 
the sheet structures, thus improving the adsorption per-
formance of AFWR. Notably, the sheet structures also 
play an important role in the adsorption; namely, they 
can provide the support for the fiber structures. 

Competitive Adsorption 

In general, the competitive ability of heavy metals 
can be represented by competitive adsorption coef-
ficients. For example, the coefficient of Cu2+ can be 
expressed as follows together with Pb2+, Zn2+ and Cd2+ 

[20]:

a
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Where qe is the adsorbed amount (mg·g–1) at equilib-
rium state, and C0 is the initial concentration. Accord-
ing to the above expression, the bigger the competitive 
adsorption coefficient, the higher the competitive abil-
ity of heavy metals. 

a a a a( ) ( ) ( ) ( )Cu Pb Zn Cd2 2 2 2 1+ + + ++ + + =

(1)

Figure 1. SEM images of AFWR.

(2)

(3)
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Table 1. The Competitive Adsorption Coefficients of 
Different Heavy Metal Ions.

Ion

Competitive Adsorption Coefficient

Pb2+ Cu2+ Zn2+ Cd2+

Cu2+-Zn2+ 0.50 0.50
Cu2+-Pb2+ 0.49 0.51
Cu2+-Cd2+ 0.52 0.48
Pb2+-Zn2+ 0.54 0.46
Pb2+-Cd2+ 0.53 0.47
Zn2+-Cd2+ 0.50 0.50
Cu2+-Pb2+-Zn2+ 0.33 0.37 0.31
Cu2+-Pb2+-Cd2+ 0.33 0.35 0.32
Cu2+-Zn2+-Cd2+ 0.34 0.33 0.33
Pb2+-Zn2+-Cd2+ 0.35 0.33 0.32
Cu2+- Zn2+-Cd2+-Pb2+ 0.26 0.28 0.24 0.22

Table 1 showed that the competitive adsorption co-
efficients with an individual heavy metal are larger than 
those with multi-metals. For example, the coefficients 
with two metals are about 0.50, whereas those with 
four kinds of heavy metals are below 0.30. Although 
the adsorption of Cd2+ is the lowest in this study, its 
competitive adsorption coefficient still exceeds 0.23, 
indicating the feasibility of simultaneous adsorption of 
heavy metals from aqueous solutions by AFWR. 

The competitive adsorption characteristics of Pb2+, 
Cu2+, Zn2+ and Cd2+ are studied. Table 2 shows the 
metal removal from multi-metal solution (10 and 20 
mg·L–1) and individual heavy metal solutions (10 
mg·L–1), respectively. As can be seen, the heavy metal 
adsorption performance in individual heavy metal so-
lutions is better than that in multi-metal solution. For 
individual heavy metal solutions, Cu2+ and Cd2+ can be 
removed by AFWR more efficiently, of which the re-
moval of Cu2+ is the highest in competitive adsorption. 
In contrast, the removal of Zn2+ is remarkably reduced 
since most active sites are occupied by other heavy 
metal ions. That is to say, the adsorption in competition 
beads with the following heavy metals presents an or-
der of Cu2+ > Pb2+ > Zn2+ > Cd2+. This result suggests 
that the presence of Cd2+ and Zn2+ has little impact on 

the adsorption of other heavy metal ions. It is noticed 
that although the adsorption of Cd2+ is the minimum in 
this study, its removal still exceeds 5.0 mg/L–1, which 
further confirms the feasibility of simultaneous adsorp-
tion of heavy metals from aqueous solutions by AFWR. 

Adsorption kinetics

Adsorption kinetics of Pb2+, Cu2+, Zn2+ and Cd2+ 

are analyzed using the Elovich pseudo-first-order rate 
equation [21]:

a q q q K
te t elog( ) log

.
− = − 1

2 303

Where qe is the adsorbed amount (mg·g–1) at equi-
librium state, qt is the adsorbed amount (mg.g–1) at 
time t and K1 is the rate constant of pseudo-first-order 
adsorption (min–1). qe and K1 can be calculated from 
the slope and intercept of the plot of log (qe – qt), re-
spectively (Figure not shown here). In fact, the calcu-
lated equilibrium adsorption capacity, qe (Cal.), should 
be in accordance with the experimental value qe (exp.) 
[22]. However, in this study, although the correlation 
coefficient values (R2) are high, the experimental qe 
values do not agree with the calculated ones (Table 3).

The adsorption kinetics can also be described by 
pseudo-second-order equation [21]:

t
q K q

t
qt e e

= +
1

2
2

Where K2 is the rate constant of pseudo-second-or-
der adsorption (g·mg–1·min–1). K2 and qe can be cal-
culated from the slope and intercept of the plot of t/qt, 
respectively. It is found that the calculated qe agrees 
well with the experimental qe (Table 3). The large cor-
relation coefficient of the pseudo-second-order model 
and the consistency between the calculated qe and the 
experimental data both demonstrate that the adsorption 
of heavy metal ions (Pb2+, Cu2+, Zn2+ and Cd2+) onto 
AFWR can be approximated by the pseudo-second-
order model more favorably than by the pseudo-first-
order model. This result suggests that the adsorption 
mechanism for heavy metal ions is the pseudo-sec-
ond-order kinetic model based on the adsorption rath-
er than the mass transfer from the solution to the 
adsorbent surface [22]. Hence, the rate-limiting step 
may be the chemical adsorption involving valance 
forces by sharing or exchanging electrons between 
heavy metal ions and the adsorbent.

Table 2. The Concentrations of Pb2+, Cu2+, Zn2+ and 
Cd2+ Ions Removed from Water.

Multi-metal 
10 mg·L–1

Multi-metal 
20 mg·L–1

Individual Metal 
10 mg·L–1

Cu2+ 6.12 5.81 6.26
Zn2+ 6.04 4.64 8.17
Pb2+ 6.53 4.44 7.37
Cd2+ 5.13 4.61 5.89

(4)

(5)
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CONCLUSIONS

AFWR can be used as an effective adsorbent with a 
high removal percentage for the simultaneous adsorp-
tion of all heavy metals (Pb2+, Cu2+, Zn2+ and Cd2+) 
from aqueous solutions, and the adsorption kinetics 
follow the pseudo-second-order equation. The com-
petitive adsorption results show that the presence of 
competitive ions can reduce the removal percentage of 
each heavy metal ion. During competitive adsorption, 
the adsorption beads with the heavy metals presents an 
order of Cu2+ > Pb2+ > Zn2+ > Cd2+.
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ABSTRACT: Six uranium tailings samples from the shallow depth of two large-scale 
uranium tailings ponds in South China, which were affected by pedogenesis, were ana-
lyzed to determine the occurrence modes of uranium. The results demonstrated that an 
average of nearly 80% of the uranium in the samples was mobile and potentially mobile, 
indicating that this type of uranium tailings could significantly threaten their ambient envi-
ronment when their contents of uranium were relatively high. In this sense, the possibility 
of the in-situ immobilization of active uranium in the uranium tailings was discussed. 
The experimental data indicated that the active uranium could be immobilized through 
its reaction with phosphate, which was theoretically feasible and promising in curbing 
uranium pollution.

INTRODUCTION

URANIUM tailings and waste rocks are solid waste 
materials generated by uranium mining and hy-

drometallurgy, except in-situ leaching uranium. Being 
generally open-air stacked, they cause potential radio-
active risk to their ambient environment [1–2], which 
is often pronounced for tailings that are remnants of 
uranium ores after being crushed, milled and leached 
out by acidic solution, and contain a fine texture and 
residual acid. This feature can facilitate the decom-
position of residual uranium-bearing components in 
the tailings, thereby resulting in the mobilization of 
uranium in aerated environment. In China, uranium 
tailings are mainly produced from hydrothermal-type 
uranium mines in the southern provinces [3]. De-
spite the percolation-proof treatment for most tailings 
ponds, the absolute environmental security cannot 
be ensured. For example, the surrounding soils could 
become polluted by mobile uranium leached from the 
tailings ponds by surface runoff originated from rain-
fall [4–5].

Due to the current passive percolation-proof pre-
caution against the environmental uranium pollution 
produced by uranium migration, and the substan-

tial consumption of material and financial resources 
caused by the traditional remediation technologies of 
uranium-contaminated soils [2], it is essential to seek 
an economical and effective method to curb uranium 
pollution. Some researchers [6–7] have found that 
phosphate can in-situ immobilize soluble uranium in 
supergene geo-media. In this regard, we propose a con-
cept that active uranium could be immobilized in-situ 
by chemical process (e.g., phosphate added to the tail-
ings). Such an additive would need to be stable over 
long durations under local environmental conditions, 
thereby prohibiting the activation of uranium. The 
main prerequisite for conducting a study on uranium 
immobilization is to clarify the occurrence modes of 
uranium in the pollution sources, which determine the 
adopted uranium immobilization techniques. However, 
such characterization of the uranium occurrence mode 
in the tailings is still lacking.

In this study the uranium occurrence modes by se-
quential chemical extraction procedures were deter-
mined for six samples from the shallow depth of two 
large-scale uranium tailings ponds in South China, and 
the mobility and release potentials of the uranium were 
quantitatively estimated. On this basis, the possibility 
of the in-situ immobilization of active uranium was 
preliminarily discussed. This study provided a scien-
tific reference for studies on curbing uranium pollution 
that should be considered in the future work.
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SAMPLING AND EXPERIMENTAL  
METHODOLOGY 

Sampling

The samples were collected from two large-scale 
uranium tailings ponds (labeled as A and B ponds in 
this study) in South China, which store waste materi-
als after acidic heap leaching and agitated tank leach-
ing of granite-type uranium ores. This work only re-
ferred to the shallow part of the uranium tailings piles 
affected by pedogenesis. The tailings located in the 
depths and those not influenced by pedogenesis will 
be discussed in another paper. The tailings, from which 
the samples were collected, were located at a sub-sur-
face horizon with a depth of 10 cm from the surface of 
a beach face where weeds have grown, and the distance 
between the sampling spots was more than 10 m. Six 
samples were selected, which were labeled as a1, a2 
and a3 from pond A, and b1, b2 and b3 from pond B, 
respectively.

Experiments

Based on the previous occurrence mode analysis 
schemes of the radionuclides in soils and sediments 
[8–10], an improved sequential chemical extraction 
procedure was adopted in this study (Table 1). Samples 
were analyzed for pH, which ranged from 3.84 to 4.92. 

In the uranium immobilization experiments, the active 
uranium extracted from the sample b3 was used as the 
test solution (following the Fraction II method shown 
in Table 1), and then reacted with the ammonium phos-
phate and calcium chloride at room temperature under 
pH conditions of 3.5, 4.0, 4.5 and 5.0, respectively. 
Then the immobilization rates of the active uranium 
were calculated through measuring the contents of re-
sidual uranium in test solution.

The concentrations of uranium in bulk samples were 
analyzed using ELAN DRC-e quadrupole inductively 
coupled plasma mass spectrometer (Q-ICP-MS) (Perki-
nElmer Ltd., Canada) at the Institute of Geochemistry, 
Chinese Academy of Sciences. The analytical accuracy 
controlled by two soil standards (GSS-4 and GSS-6) 
showed that the relative deviation of uranium was be-
low 10%. Uranium in solutions by sequential chemi-
cal extraction was measured using a WGJ-III type 
trace uranium analyzer (Hangzhou Daji Photoelectric 
Instrument Ltd., China), with detection limit of 0.02 
ppb, and relative deviation < 5% controlled by uranium 
standard solution. All the reagents used in this study 
were analytical grade.

RESULTS AND DISCUSSION

Chemical Forms of Uranium

The occurrence modes of uranium were shown in 

Table 1. The Sequential Chemical Extraction Procedure of Uranium.

Fraction Phase Extraction Method

I Exchangeable  
(including water-soluble)

2 g of sample was extracted with 20 mL of 1 M magnesium chloride solution (pH = 7.0). After 2 
h of shaking at room temperature, it was centrifuged for 10 min at 8000 rpm. The supernate was 

reserved for analysis.

II Associated with carbonates To the residue of Fraction I, 50 mL of 1 M sodium acetate was added, and the pH was adjusted to 
5.0 with acetic acid. After 7 h of shaking at room temperature, it was centrifuged for 10 min at 8000 

rpm. The supernate was reserved for analysis.

III Co-precipitated with amorphous  
ferromanganese oxyhydroxides

The residue from Fraction II was extracted with 20 mL Tamm’s solution (10.9 g/L oxalic acid + 16.1 
g/L ammonium oxalate, pH = 3.0). After 5 h of shaking at room temperature, it was centrifuged for 

10 min at 8000 rpm. The supernate was reserved for analysis.

IV Associated with crystalline  
ferromanganese oxyhydroxides

To the residue of Fraction III, 20 mL of CDB solution (sodium dithionite–trisodium citrate–sodium 
bicarbonate, pH = 7.0) was added. After 5 h of shaking at room temperature, it was centrifuged for 

10 min at 8000 rpm. The supernate was reserved for analysis.

V Organic matter-bound To the residue of Fraction IV, 20 mL of 30% H2O2 was added. After 1 h of digestion at room tem-
perature, it was transferred into a water bath to continue digestion for 1 h at 85 °C and allowed to 
evaporate down to near dryness. This step was repeated. Then 50 mL of 1 M ammonium acetate 

was added and adjusted to pH = 2.0 by nitric acid. After 2 h of shaking at room temperature, it was 
centrifuged for 10 min at 8000 rpm. The supernate was reserved for analysis.

VI Associated with residue phases The residue from Fraction V was totally dissolved with 15 mL aqua regia and 8 mL HF using mi-
crowave digestion after preheating. The sample solution was diluted to 50 mL with ultra pure water 

and reserved for analysis.
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Table 2. The deviations between total uranium con-
centrations of various chemical forms and bulk sample 
were less than 10%, indicating the results were reliable. 
The concentrations of uranium were 13.2~91.3 ppm in 
the samples a1~a3 and b1~b2, and with a maximum of 
1800 ppm in the sample b3, which was much higher 
than that of the typical crustal granitoids (3.5 ppm) [11] 
and the background value of Chinese soil (3.03 ppm) 
[12]. Therefore, the risk of uranium tailings as a major 
source of uranium pollution was not exaggerated.

The uranium of various occurrence modes in each 
sample demonstrated similar distribution features (Fig-
ure 1). As a whole, uranium preferentially occurred in 
carbonate (Fraction II) and organic matter-bound phas-
es (Fraction V), and in the residual phase (Fraction VI), 
while its concentrations in amorphous ferromanganese 
oxyhydroxide (Fraction IV) and exchangeable phases 
(Fraction I) were relatively lower, and even cannot be 
detected in the Fraction I of a2 and the Fraction IV of 
a3. As there are no organic substances in the tailings 
produced during the hydrometallurgy of granite-type 
uranium ores, the preferential occurrence in the Frac-
tion V (Note: the organic matter contents of the six 
samples ranged from 0.55% to 1.95%, shown in our un-
published data) must be the result of pedogenetic trans-
formation. The occurrence modes of uranium might be 
different in uranium tailings that were not affected by 
pedogenesis. These results demonstrated that uranium 
in tailings might have experienced redistribution.

Mobility and Release Potential of Uranium

Previous works [9–10,13], which have conducted 
substantial ecological availability evaluation for radio-
nuclides in supergene solid media, generally consid-
ered the following points: (1) Fractions I and II have 
relatively strong mobility, and therefore belong to the 

part that is easily released into the environment, where-
as Fractions III and V commonly exhibit certain degree 
of mobility during the change of redox condition of the 
media, and thus are the part that is potentially released 
into the environment; (2) Fractions IV and VI are inert 
as their minerals are stable in structures and cannot be 
decomposed on short time scales. The percentages of 
uranium in Fractions I+II and Fractions III+V of the 
six samples were 27%~59% (with the average value 
of 42%), and 33%~46% (with 38% on average), re-
spectively. In addition, the percentages of uranium in 
Fractions I+II+III+V were 62%–96%, with 79% on 
average. In this sense, over 40% of uranium was ac-
tive, about 38% was potentially active, and the sum of 
these two types of uranium was close to 80% (Figure 
2). Therefore, the tailings would produce a significant 
threat to the ecological environment when they contain 
high contents of residual uranium.

Implications for in-situ Immobilization of  
Mobile Uranium

Uranium in nature usually occurs as U4+ oxidation 
state (insoluble) under reducing conditions, but in the 
U6+ oxidation state (soluble) under oxidizing condi-
tions [14]. As uranium mainly exists as U6+ oxida-
tion state in the supergene environment, the effective 
immobilization of active uranium would be achieved 
through the precipitation of U6+ by a chemical reaction 
that can maintain long-term stability under the local 
environmental conditions. As free uranyl ion (UO2

2+) 
is the main occurrence mode of soluble U6+ in aqueous 
media of pH < 5 [15], it may be the dominant form of 
active uranium in the above six samples. 

Figure 1. Distribution patterns of various uranium chemical forms 
in the six samples. Note: a1~a3 and b1~b3 stand for sample No., 
shown in Table 2.

Figure 2. Different occurrence mode percentages of the total ura-
nium in the six samples. I, exchangeable; II, associated with carbon-
ates; III, co-precipitated with amorphous ferromanganese oxyhydrox-
ides; IV, associated with crystalline ferromanganese oxyhydroxides; 
V, organic matter-bound; VI, associated with residue phases.
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The experimental results of uranium immobilization 
showed that the immobilization rates of soluble ura-
nium were 86.5%, 93.6%, 96.0% and 99.3% under pH 
conditions of 3.5, 4.0, 4.5 and 5.0, respectively, and in-
creased along with the solution pH. In this reaction, the 
uranium immobilization was actually generated by the 
precipitation of a calcium uranyl phosphate compound. 
This indicated that the in-situ immobilization of active 
uranium using phosphate under an appropriate pH con-
dition was theoretically feasible. However, there are 
numerous factors that affect uranium mobility in solid 
media including temperature, medium texture, organic/
inorganic complexes, humidity and microbial activities 
besides the redox potential and pH [2], and further stud-
ies are still needed on the process of in-situ immobiliza-
tion. Therefore, although several challenges in-situ im-
mobilization remain unsolved, the concept of using this 
method to curb uranium pollution is promising.

CONCLUSIONS

1. Generally, uranium preferentially occurs in carbon-
ate and organic matter-bound phases, regardless of 
the uranium contents of the tailings, whereas the 
proportions of uranium in exchangeable (includ-
ing water-soluble) and amorphous ferromanganese 
oxyhydroxide phases are much lower.

2. In the samples studied, the proportions of active 
and potentially active uranium are close to 80%. 
Therefore, uranium tailings would produce a sig-
nificant threat to the ecological environment when 
they contain high contents of residual uranium.

3. The immobilization of active uranium in the 
uranium tailings using phosphate is theoretically 
feasible, and the concept of in-situ uranium im-
mobilization to curb uranium pollutions is thus 
promising. 
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ABSTRACT: Bagasse cellulose was grafted with diethylenetriamine to prepare a co-
polymer. Ammonium ceric nitrate was chosen as the initiator. Considering the optimum 
zeta potential, conditions including initiator concentration, the mass ratio of monomer to 
cellulose, preparation temperature and time are discussed. In addition, the graft copo-
lymers were characterized by scanning electron microscopy (SEM), Fourier transform 
infrared spectra (FT-IR), and X-ray diffraction analysis (XRD). The grafting bagasse cel-
lulose has the advantage of being biodegradable and has low cost of raw materials. Its 
absorbent properties are an attractive alternative for wastewater treatment and avoids 
environmental pollution.

INTRODUCTION

AS a cheap and abundant resource, cellulose is a re-
newable and biodegradable natural polymer [1]. In 

recent years, oil resources have been decreasing while 
the price of oil and its products are rising. The interest 
in the production of polymer materials from cellulose, 
a highly important polymer, is growing steadily [2].

Cellulose is a polysaccharide polymer, and there 
are three reactive hydroxyl groups at the C-2, C-3 and 
C-6 atoms of the anhydroglucose unit (AGU), which 
grants cellulose with the possibility to carry out vari-
ous chemical reactions [1], such as esterification [3], 
etherification [4], oxidation [5], and polymer grafting 
[6,7]. With these methods, the grafted polymer not only 
retains the cellulose’s valuable features, such as low 
electrifiability, high hydrophilicity, and considerable 
thermal stability, and also possessing new properties. 
From this standpoint, cellulose modification via graft-
ing is exceptionally promising [8]. Recently, grafting 
has become a popular method of modifying cellulose 
to adsorption materials, such as moisture adsorption, 
heavy metal ion adsorption, organic solvent adsorp-
tion, and poison gas adsorption materials [9].

The parameter Zeta potential was adopted here to 
illustrate the electric potential in the solid/liquid inter-
facial layer of a material, and it is also a crucial and 

helpful feedback of surface charges [10]. Because of 
the existing carboxyl and hydroxyl groups in cellu-
lose, the original cellulose had a negative potential of 
–17.5 ± 0.8 mV [11]. The amino group bears a posi-
tive charge, and the zeta potential would be reversed by 
grafting diethylenetriamine onto celluloses. The zeta 
potential is related to the content of nitrogen in cellu-
lose. Determination of the zeta potential is a good way 
to value chemical reactions at surface through surface 
charge changes [12]. However, there is little informa-
tion about the zeta potential value as a factor for cel-
lulose modification. The main objective of this paper is 
to graft diethylenetriamine onto bagasse celluloses di-
rectly to get the surface-modified celluloses. Grafting’s 
effect on modified celluloses is determined by the zeta 
potential. The chemical structure of the grafted cellu-
lose was characterized by FT-IR and XRD. The sur-
face morphology of the grafted cellulose was studied 
by SEM. The results showed that bagasse celluloses 
could be grafted with diethylenetriamine in aqueous 
medium.

MATERIALS AND METHODS

Materials 

Natural cellulose (bleached bagasse pulp), is a com-
mercial product, that was supplied by Nanning Sugar 
Industry, P.R. China. The other chemicals in the experi-
ments were diethylenetriamine (reagent grade, Cheng-*Author to whom correspondence should be addressed.  
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du Kelon, P.R. China), ammonium ceric nitrate, abso-
lute ethyl alcohol (reagent grade, Shanghai Miura, P.R. 
China), and acetone (reagent grade, Chengdu Kelon, 
P.R. China).

Instruments 

The zeta potentials of the grafted cellulose were 
determined using a Zetasizer Nano with a Malvern 
PSS0012-17 Instrument. The natural cellulose and 
grafted cellulose were analyzed via scanning electron 
microscopy (SEM) with a Hitachi S-3400N Instru-
ment, Fourier transform infrared spectroscopy (FT-IR) 
with a Pekin Elmer Spectrum BX Instrument, and X-ray 
diffraction (XRD) with a Rioch 4153B172 Instrument.

Graft Copolymerization

To obtain the product necessary to the experiment, 
we take 10g of the bleached bagasse pulp board which 
was pretreated as the following: first defibered with 
a fluffer for 5 min, washed thoroughly with distilled 
water and absolute ethyl alcohol to remove impurities, 
and then dried. 2 g of pretreated bagasse cellulose and 
100 mL distilled water were added into a three-necked 
round bottom flask. With an electrical stirrer, the flask 
was continuously purged with gaseous N2 in a water 
bath at stable set temperature. After defibering for 20 
minutes, a certain amount of initiator with the concen-
tration of 40mmol/L was added to the flask and initi-
ated cellulose surface to produce free radicals within 

a given period. The initiator is known to give rise to a 
significant amount of free radicals at the cellulose sur-
face. The graft copolymerization was initiated when  
2 g of diethylenetriamine was added. The reaction last 
for 2.5 h at 60°C.

Finally, when the grafting reaction was terminated, 
the reaction mixture was dried under vacuum at 50°C 
for 12 h after it was cooled to room temperature. In 
order to remove the diethylenetriamine homopoly-
mer, the dried product was extracted with acetone in 
a soxhlet apparatus for 24 h, and the extracted product 
was dried and weighed.

Zeta Potential Measurement 

Zeta Potential charges on the surface of grafted cel-
lulose in pure water were measured with a Malvern 
PSS0012-17 Zetasizer. The modified celluloses were 
dispersed in water to form 3% consistency cellulose 
suspension, and the grafted cellulose suspensions were 
analyzed to determine the zeta potential [13].

RESULTS AND DISCUSSION

The Structure of Cellulose: Changes Before and 
After Modification

A mechanism to explain graft copolymerization of 
diethylenetriamine onto bagasse celluloses with am-
monium ceric nitrate as an initiator in an aqueous me-
dium is shown in Scheme 1:

Scheme 1. The mechanism of graft polymerization of diethylenetriamine on bagasse celluloses by ceric (IV) ion is shown. 
Ceric (IV) ion initiates ring opening of C2 and C3 hydroxyl groups of anhydro-D-glucose of cellulose, resulting in free radicals 
that promote the grafting of diethylenetriamine monomer on cellulose support.
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As a redox initiator for grafting of a variety of vi-
nyl monomers onto biopolymers, ceric ammonium 
nitrate (CAN) has been used extensively [14]. The 
main mechanism is that a Ce(IV) ion initially forms 
a Ce(IV)–cellulose complex. As shown in Scheme 1 
[15], the complex is reduced to a Ce(III) ion with the 
formation of a free radical at either C2 or C3 on the cel-
lulose backbone. The free radical then reacts with the 
diethylenetriamine monomer, which is used to initiate 
graft copolymerization [16].

Effect of Initiator Concentration 

With other parameters unchanged, different initiator 
concentrations were adopted as in Figure 1. As can be 
seen, the zeta potential increased with the concentra-
tion of initiator from 10 to 40 mmol/L, but decreased 
at 40 mmol/L and higher. While the initiator concen-
tration was in the range of 10 to 30 mmol/L, the zeta 
potential rose from –15 to –7 mV, below zero, which 
indicated that more sites were activated by ceric ions 
and the diethylenetriamine was grafted onto the cel-
lulose. Though the amino groups would make the zeta 
potential rise, a large amount of hydroxyl groups was 
dominant. When the initiator concentrations was be-
tween 40 to 50 mmol/L, the zeta potential reached a 
high point above zero. It was implied that more amino 
groups were grafted onto the cellulose. However, with 
the increasing initiator concentration, the zeta potential 
of modified cellulose did not increase; conversely, it 
decreased below zero. This may be due to the active 
sites on the cellulose being cross-linked or reacted with 
other groups at the initiating stage [17].

Effect of the Mass Ratio of Monomer: Cellulose 

With other parameters unchanged, different mass ra-
tio of monomer to cellulose were adopted as Figure 2. 
The zeta potential increases with the mass ratio of mono-
mer: cellulose from 0.5:1 to 1:1, but decreases at 1:1 
and higher. While the mass ratio of monomer:cellulose 
was in the range of 0.5:1 to 1:1, the zeta potential rose 
from –10.7 to –9.9 mV. This behavior would be attrib-
uted to accumulation of monomer molecules in close 
proximity to the cellulose backbones. However, upon 
further increasing the mass ratio of monomer:cellulose 
from 1:1 to 3:1, the grafted cellulose zeta potential de-
creased. This could be due to viscosity increase of the 
medium hindering the movement of free radicals [18]. 
Therefore, the grafted cellulosic zeta potential reduced 
with the decline in efficiency of the cellulosic grafting 
reaction. The optimal ratio of the monomer to cellulose 
was 1:1.

Effect of Reaction Temperature 

With other parameters unchanged, different reac-
tion temperatures were adopted as in Figure 3. The 
zeta potential increases with the reaction temperature 
from 40°C to 70°C, but decreases at 70°C and high-
er. While the temperature was in the range of 40°C to 
70°C, the zeta potential rose from –17.5 to –8.5 mV, 
which indicated that although diethylenetriamine was 
grafted onto the cellulose, a large amount of hydroxyl 
groups was dominant. The increase of zeta potential 
up to 70°C would be attributed to the formation of 
active sites on cellulose, which was improved by the 
generation of more free radicals with rising tempera-

Figure 1. Effect of initiator concentration. Figure 2. Effect of the mass ratio of monomer/cellulose (g/g).
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tures. However, with the temperature increase from 70 
to 90°C, the free radicals reacted and led to an increase 
of homopolymerization, which may decrease the effi-
ciency of grafting. So, the optimum temperature for the 
grafting reaction was 70°C.

Effect of Reaction Time 

With other parameters unchanged, different reac-
tion time were adopted as Figure 4, the zeta potential 
increases with the reaction time from 1 to 3 h, but de-
creases at 3 h and higher. Initially, from 1 h to 2 h, there 
were relatively few free radicals produced at the cel-
lulose surface, so there was relatively little grafting of 
amino groups. The zeta potential was below –15 mV, 
which was mainly caused by hydroxyl and carboxyl 
groups on the surface of the cellulose. At 3 h, the zeta 

potential reached a top point of –10 mV. This would be 
attributed to propagation of grafting chains that took 
the place caused by availability of more active species. 
On further increasing the reaction time beyond 3 h, all 
the active sites were exhausted as the mutual annihi-
lation of growing grafted chains occurred, so the zeta 
potential decreased.

Scanning Electron Microscopy (SEM) Analysis

The study of surface topology of polymers using 
SEM gained much interest due to a wide range of mor-
phological information provided by this technique. 
Figure 5 and Figure 6 show the micro-morphology 
changes of the smooth surface for natural cellulose and 
rough surface with branches for grafted cellulose, re-
spectively.

Because of the existence of hydrogen bonds be-
tween the celluloses and the structures of cellulose, the 

Figure 3. Effect of reaction temperature.

Figure 5. SEM photographs of natural cellulose. 

Figure 4. Effect of reaction time. Figure 6. SEM photographs of grafted cellulose.
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surface was seldom destroyed in the pulping process. 
However, the surface of graft copolymer presented 
fines with some floccules. This possibly occurred be-
cause cells on the surface of the cellulose reacted with 
ceric ions led to the cleave of chemical structure and 
the change of morphology. The floccules of grafted 
cellulose was cross-linked when the products were 
dried.

Fourier Transform Infrared Spectrum Analysis 

FT-IR spectra of natural cellulose and grafted cel-
lulose are shown in Figure 7. Assignment of the main 
bonds in all samples are shown in Table. 1.

Between the spectra of natural cellulose and grafted 
cellulose, the significant changes are the peaks at 2928 
cm–1, 1648 cm–1, 1558 cm–1, and 1473 cm–1. Absorp-
tion peaks at 2928 cm–1, 1648 cm–1, 1558 cm–1, and 
1473 cm–1 are due to the diethylenetriamine monomer 
molecule, and they are not present in the spectrum of 
natural cellulose. After grafting, broadening bond at 
3337 cm–1 corresponding to –OH adsorption was shift-
ed to 3301 cm–1, which would be influenced by N-H 
stretching vibration. Additionally, after modification, 

the –CO adsorption bond at 1198 cm–1 in natural cel-
lulose shifted to 1169 cm–1, which could be considered 
to be the result of the C-N stretching vibration leading 
to stretching vibration of the –CO– bond.

X-ray Diffraction Analysis 

The X-ray diffraction patterns of natural cellulose 
and grafted cellulose at room temperature from 2θ = 
10° to 70° are shown in Figure 8. The XRD pattern of 
natural cellulose [Figure 8(c)] shows that it, as well as 
all other native polymeric substances [20], has a par-
tial crystalline structure. There were two obvious sharp 
peaks at 16.03° and 22.36°, and two minor sharp peaks 
at 29.36° and 34.94°. These XRD results indicated 
the crystalline and amorphous structure of native cel-
lulose, respectively. The XRD pattern of grafted cel-
lulose [Figure 8(d)], compared with natural cellulose, 
underwent enormous changes. The sharp peaks were 
weakened at 16.03° and 22.36°, strengthened at 29.36°, 
and disappeared at 34.94°. However, two smaller sharp 
peaks appeared at 22.5° and 28.5°. This proved that the 
crystalline structure of the natural cellulose extensively 
changed, and the grafting reaction process would not 
only occur in the amorphous regions, but also in crys-
talline regions.

CONCLUSIONS

1. Based on the zeta potential value, optimum condi-
tions were an initiator concentration of 40 mmol/L, 
mass ratio of monomer to bagasse celluloses 1:1, 
reaction temperature of 70°C, and a reaction time 
of 3 h. 

Figure 7. FT-IR spectra of natural cellulose (a) and grafted cellulose 
(b).

Table 1. Assignment of the Main Bonds in All 
Samples [19].

Peak Shift/cm–1 Assignment

3700–3200 V(–OH)

3500–3300 V(–NH2–, –NH–)

2936–2916 V(-CH-)

1650–1550 δ(–NH–)

1485–1445 δ(–CH)

1410–1260 δ(–OH)

1250–1000 V(–CO–)

1220–1020 V(–CN–)
Figure 8. X-ray diffraction pattern of natural cellulose (c) and grafted 
cellulose (d).
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2. The structure and properties of the grafted product 
were characterized by SEM, FT-IR, and XRD. 
The experiment showed that structure of grafted 
cellulose greatly changed, compared with natural 
cellulose.
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